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Chapter 1
GENERAL INTRODUCTION
1.1 Background
Pollution of groundwater resources is a significant environmental problem
throughout the world and recognized since the 1970s. Water scarcity and pollu-
tion rank equal to climate change as most urgent environmental issues for the 21st
century (UNEP, 1999). Groundwater serves as a principle source for drinking wa-
ter, and is also used for irrigation and industrial purposes, while deterioration of
its quality may also affect ecological systems. Groundwater resources become in-
creasingly polluted by a wide variety of contaminants: e.g. mono- and polycyclic
aromatic hydrocarbons, chlorinated solvents, heavy metals, nitrate, pesticides, ra-
dionuclides, and cyanide (Fetter, 1993). Principal sources are industrial activities,
leaking underground petroleum tanks, dry-cleaning, use of pesticides in agricul-
ture, exploration of oil and gas fields, military exercises, traffic, and landfill sites.
Landfill sites contribute to pollution of groundwater to a large extent. A small
country like the Netherlands harbors about 3800 old municipal household-refuse
landfill sites (total area of 91 km2), while over 100,000 landfill sites are spread across
the USA (Suflita et al., 1992). Landfills were constructed without taking too much
care of the surrounding environment before the 1980s. Landfills were generally
not capped after closure to prevent the formation of leachate by infiltration of rain-
water, nor were precautions taken to prohibit spreading of leachate to underlying
aquifers. Therefore, release of hazardous chemicals to the environment continues,
although many landfills are closed now. As a result, leachate plumes have been
formed downstream from many landfill sites with a length up to a few kilometers
(Christensen et al., 2001). Old landfills are suspect, in particular in the Nether-
lands, as many of them could contain illegally dumped chemical waste before the
1980s. Consequently, leachate may contain a wide variety of chemicals. However,
observations show that concentrations of specific contaminants in landfill leach-
ate plumes are generally modest when compared to plumes from petroleum hy-
drocarbon or chlorinated solvent spills, where contamination with a select group
of chemicals happens. Nevertheless, drinking water standards for several organic
pollutants (e.g., benzene, toluene, ethylbenzene, xylene (BTEX), naphthalene) and
ammonium are generally exceeded in landfill leachate plumes (see Table 7.1). A
random check on 80 landfill sites in the Netherlands showed that also chloroben-
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zene, trimethylbenzene and phenol are generally present in landfill leachate, while
pesticides and chlorinated aliphatic hydrocarbons are usually absent (IPO, 2002).
Polycyclic aromatic hydrocarbons (PAHs) adsorb strongly onto organic matter and
were therefore barely observed in high concentrations outside the landfill body.
Heavy metals (in particular barium, arsenic, zinc and nickel) exceeded interven-
tion values (see Chapter 7) most often, but this was to less extent also the case for
background groundwater (IPO, 2002).
Remedial measures to clean contaminated sites and to protect groundwater re-
sources, like excavation of soil in combination with purification or controlled stor-
age, pump-and-treat, or techniques to physically retain pollution, are either expen-
sive or have usually limited effect (Swett and Rapaport, 1998). Fortunately, research
performed primarily during the 1990s, showed that there is potential for biodegra-
dation of many organic contaminants. Furthermore, contaminants decrease in con-
centration or retard with respect to groundwater flow by physico-chemical pro-
cesses as pore water mixing and sorption. The combined effect of naturally occur-
ring processes resulting in a reduced spreading of pollution or a decrease in concen-
tration away from the source is called natural attenuation (NA). Intrinsic- or passive
bioremediation refer to the microbiological component of NA, while artificial stimu-
lation of biodegradation is called active or enhanced bioremediation. When NA is suf-
ficiently strong it will counteract further migration of pollution and a steady-state
plume develops after some time. Exhaustion of the pollution source and diminu-
tion of the flux in time may eventually lead to shrinking plumes. Section 1.2 deals
in more detail with the current scientific insight in NA processes.
Protocols on NA exist (NRC, 2000), and point out that sites must be monitored
in time to verify the continuity of NA processes. Consequently, implementation of
NA is called monitored NA (MNA). Advantages of MNA compared to other reme-
diation techniques include lower volumes of remediation wastes, reduced human
exposure, lower remediation costs (EPA, 1999; Heath, 1999), and better allocation
of remediation resources (Swett and Rapaport, 1998). Disadvantages of MNA is
that time frames for remediation are long and not easy to predict; hence long-term
monitoring is required (Swett and Rapaport, 1998; EPA, 1999; Heath, 1999). More-
over, the robustness of continuation of biodegradation is of serious concern (e.g.
EPA, 1999; Smets et al., 2002). A strong rise in application of MNA at the Super-
fund program and in particular the Underground Storage Tank (UST) program oc-
curred in the USA at the end of the 1990s (MacDonald, 2000). However, mistakes
in data interpretation are often made in practice (Matson and Schuhmann, 1999;
Odermatt, 1999), or the level of documentation that is being accepted is not suffi-
cient, resulting in application of MNA at sites where its effectiveness has not been
adequately demonstrated (Renner, 2000). Furthermore, opinions on whether NA is
an appropriate strategy for managing groundwater contamination are highly po-
larized (MacDonald, 2000). Critics think that regulatory acceptance of MNA hap-
pened too quickly (Renner, 2000). A total of 14 guidelines for application of MNA
from a range of organizations were recently reviewed by the USA’s National Re-
search Council’s (NRC’s) Committee on Intrinsic Remediation (NRC, 2000). The
principle findings of this report were that 1) MNA is an established remedy for
only a few types of contaminants, 2) rigorous protocols are needed to ensure that
2
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NA potential is analyzed properly, and 3) MNA should be accepted as a formal
remedy for contamination only when the processes are documented to be working
and are sustainable. Furthermore, the report concluded that the key to demonstrat-
ing the effectiveness of NA at a site is establishing the cause-and-effect relation-
ship between loss of contaminant and the natural processes responsible for the loss
(Bekins et al., 2001). However, the processes controlling the subsurface fate of many
contaminants are only partially understood and are still topics of active research.
The attitude and policy in the Netherlands towards soil and groundwater pol-
lution changed during the 1990s from fear and ideology towards opportunities and
pragmatism, in line with international developments. The old policy strove for the
clean-up of all polluted sites or at least the isolation of pollution sources (IBC: Isol-
eren, Beheersen, Controleren) to prevent further spreading of contaminants. How-
ever, this goal turned out to be too expensive and technically not practicable. For
example, controlling the chemical release of the 3800 old landfills in the Nether-
lands using conventional methods would cost about 5-7 billion
 
but this sum is
expected to halve at least, if MNA can be selected as remediation option for many
sites (Van Kasteren, 1999). The Dutch government decided in 1997 that the pol-
icy on soil and groundwater remediation needed to change profoundly because
of stagnation in the remediation operation (Tweede Kamer, 1997). The new policy
(BEVER: BEleidsVERnieuwing bodemsanering) will be function-oriented (a level of
pollution will be allowed depending on intended land-use function), cost-effective,
Monitored NA is accepted as an option to remediate contaminated sites including
landfills, but the aim is still to remove most of the pollution (BEVER/UPR, 2000).
A key issue in this new policy (Doorstart-A5, 2001) is that mobile contaminants
are allowed to spread if a stationary plume will be reached within a time frame of
30 years (and if the resulting situation is socially acceptable). Currently, a project is
being conducted (ROSA: RObuste SAneringsvarianten) to evaluate how this new
policy on mobile contaminants will work out in practice. It will be a guide on
dealing with typical remediation situations, and bottlenecks, possible gaps in pol-
icy, and the information-need for authorities will be identified. Modeling of NA
in order to predict the extent and stability of plumes, takes a central position in a
decision-support-system used in the Netherlands on evaluation of NA as a reme-
diation option (Sinke et al., 2001). In conclusion, the tendency to implement MNA
as a solution to many cases of groundwater pollution in Western countries calls for
a further investment in scientific research in order to understand NA of pollutants
at contaminated sites in a proper way.
1.2 The act of natural attenuation: degradation and re-
dox reactions
Occurrence of natural attenuation (NA) makes aquifers suitable as natural sub-
surface treatment systems. Degradation, sorption, dilution, volatilization, precipi-
tation and ion-exchange are processes which attenuate pollution (Christensen et al.,
2001), but only (microbial) degradation really removes the mass of organic contam-
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Figure 1.1: Spatial distribution of redox processes coupled to degradation of dissolved or-
ganic carbon (DOC) in a typical landfill leachate plume. Methane, Fe(II), and ammonium
compete with DOC for electron-acceptors at the plume fringe.
inants, and is essential for reaching stationary plumes. Natural attenuation of land-
fill leachate plumes has recently been reviewed by Christensen et al. (2001). Degra-
dation of spreading organic pollution often leads to a sequence of redox zones from
the source zone to the outskirts of a plume as available electron-acceptors are used
in preferential order (e.g. Christensen et al., 2000a; Christensen et al., 2001). Pre-
diction of the development of redox zones is of utmost importance for evaluation
of NA, as the potential and rate of degradation of specific organic compounds de-
pends on the redox conditions of the subsurface, i.e., the availability of oxygen,
nitrate, iron oxide, and sulfate (Krumholz et al., 1996; Christensen et al., 2000a;
NRC, 2000; Christensen et al., 2001). For example, benzene is well degraded with
oxygen, but rates are much slower or even zero under anaerobic conditions, and
changes per location depending on the available electron-acceptor (Lovley, 2000).
Microorganisms transform organic compounds by means of electron-transfer
reactions in order to extract free energy by synthesizing ATP. Usually, organic com-
pounds act as reductor (e.g. BTEX), while inorganic compounds (e.g. O2, SO2−4 )
are used as oxidant. However, some organic compounds (e.g. halogenated hydro-
carbons: trichloroethylene, etc) act as oxidant via reductive dehalogenation, and
require (natural) reductants in aquifers such as organic matter or pyrite (Haas and
Shock, 1999). Also fermentation transforms organic compounds, but external oxi-
dants are essential for full oxidation to CO2. Degradation of organic contaminants
determines the development of redox conditions in hydrocarbon plumes. In con-
trast, dissolved organic carbon (DOC) in landfill leachate consists mainly of humic-,
fulvic-, and fatty acids, while specific organic contaminants contribute usually less
than 1‰–1%. Therefore, degradation of DOC drives the development of redox
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conditions in a leachate plume, and hence determines the spatial-temporal degra-
dation potential of specific organic chemicals. Thermodynamics mainly determines
the order in which microorganisms use electron-acceptors, as microorganisms tend
to perform redox reactions close to thermodynamic equilibrium, which leads to the
sequence of redox conditions observed (Fig. 1.1). The Gibbs free energy for oxi-
dation of organic carbon decreases at neutral pH in the order: O2, NO−3 , Mn(IV)-
oxide, Fe(III)-oxide, SO2−4 and CO2 (Fig. 1.2). Therefore, aerobic degradation fol-
lowed by nitrate reduction oxidizes organic carbon at the fringes of plumes. In-
side plumes, where oxygen and nitrate are absent, anaerobic degradation occurs,
and reduction of metal oxides (manganese followed by iron) prevails. The large
content of metal oxide in the aquifer sediments compared to the concentration of
DOC, makes reductive dissolution of metal oxide an important anaerobic degrada-
tion process (Christensen et al., 2000a; Lovley and Anderson, 2000; Christensen et
al., 2001). When metal oxides become depleted from the source, sulfate reduction
follows and finally methanogenesis. Sulfate reduction may occur near the landfill
body, as leachate is a source of sulfate, and at the fringes, where sulfate from the
pristine groundwater mixes and metal oxides are depleted (Fig. 1.1).
Zones of iron reduction, sulfate reduction and methanogenesis are often ob-
served to overlap (Christensen et al., 2000a; Christensen et al., 2001) depending on
pH, redox species concentrations, and solubility of iron-oxide minerals. Postma
and Jakobsen (1996) explained the simultaneous occurrence of these redox pro-
cesses by a partial equilibrium approach, where fermentation of organic compounds
is overall rate limiting, while microbial oxidation is considered to be close to equi-
librium. Primary redox processes involve the oxidation of organic carbon and re-
lease of reduced redox species (CH4, H2S, Fe(II), Mn(II)). These reductants become
oxidized in secondary redox processes. At the fringe of a leachate plume in partic-
ular, secondary redox processes happen and compete with organic carbon degra-
dation processes for available electron-acceptors (Figs. 1.1, 1.2).
In conclusion, the degradation rate for organic chemicals depends largely on the
availability of oxidants/reductants in the aquifer, providing that the necessary mi-
croorganisms are present. Rates will decrease in time when electron-acceptors are
consumed, which leads to enlargement of the steady-state plume. Consequently, a
steady-state plume can be expected to expand before shrinking if the redox buffer-
ing capacity of the aquifer depletes before the source exhausts and the flux dimin-
ishes.
1.3 Monitoring and evaluating MNA
The United States Environmental Protection Agency (U.S. EPA) proposed a three-
tiered approach to evaluate the potential for MNA at a contaminated site (EPA,
1999). These three-tiers or ”lines of evidence” are: 1) documentation of contami-
nant mass reduction, 2) data indirectly indicating the occurrence (and rate) of spe-
cific NA processes (e.g. redox processes), 3) field/lab studies directly demonstrat-
ing microbial degradation. Tier one is in principle sufficient for authorities to grant
the use of MNA as remediation technique, but in most cases data requiring the
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nature and rates of NA processes are required (Tier 2). Tier three is only neces-
sary if data from tiers one or two are inconclusive. Relying solely on a positive tier
one is risky, because the rate of degradation is not an intrinsic property of the con-
cerned organic contaminant (e.g. radioactive decay), but instead the corollary of
environmental conditions and microbial activity. Therefore, tier two is essential for
assessing the sustainability of degradation, i.e., to be able to predict reactive trans-
port of contaminants, and to consider the possibility that the degradation rate may
deteriorate, as a result of oxidant/reductant consumption.
The distribution of redox-sensitive compounds in aquifers is used to deduce
the occurrence of redox processes (Christensen et al., 2000a). However, concentra-
tions of redox-sensitive compounds are also controlled by geochemical processes,
such as cation-exchange and mineral precipitation/dissolution, which may be sec-
ondary (i.e., induced by degradation reactions) or not (Fig. 1.2). Therefore, all ma-
jor geochemical processes must be considered for proper evaluation of the redox
chemistry, as other reactions may mask the act of microbial processes. Hydrogeo-
chemical data sets contain the information on governing NA processes. Modeling
is essential to deduce and quantify these processes in order to demonstrate and
understand NA mechanisms, to identify the factors that control kinetics, and to
evaluate of the sustainability of NA. The present (low) status of quantitative mod-
els is a principle reason that US-EPA requires long-term monitoring of NA at sites
where MNA is implemented as remediation technique (O’Steen, 1999). Moreover,
quantitative modeling can be used to guide new data needs (Bekins et al., 2001).
More quantitative information and models are needed - in particular, on the po-
tential for NA to occur and on rate-limiting factors (Williams, 1999). Both inverse
and forward geochemical transport models have been made to model the processes
at landfill leachate plumes, in order to deduce and quantify the operative biogeo-
chemical processes (see Chapter 5).
Although environmental conditions for degradation of certain organic chemi-
cals may be suitable, presence of specific microorganisms for occurrence of degra-
dation is a prerequisite. For example, the capacity to degrade benzene coupled
to iron reduction varied among petroleum-contaminated aquifers. Here, the pres-
ence of species from the Geobacter genus determined the occurrence of this pro-
cess, while geochemical variables were not predictive (Rooney-Varga et al., 1999).
Therefore, molecular community analysis could be a powerful tool for predict-
ing a site’s potential for anaerobic benzene degradation. Culturing-independent
molecular techniques rapidly advance our understanding of microbial ecology (e.g.
Ro¨ling and Van Verseveld, 2002). These methods have the advantage over cultur-
ing methods that they are fast, but most importantly, they are not selective (see Von
Wintzingerode et al., 1997), whereas culturing methods select culturable microor-
ganisms, which represent in general only a small fraction of the total microbial
community (Amann et al., 1995). On the other hand, the molecular genetic meth-
ods only give information on presence, which is not synonymous with activity.
In order to explain and predict changes in groundwater composition away from
contaminant sources, the combined control of microbiological and physico-chemical
processes should be addressed. Physico-chemical conditions confine microbial de-
gradation processes, while microbial activity changes physico-chemical conditions
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Figure 1.2: Biogeochemical reaction network in landfill leachate plumes. Primary DOC de-
grading redox processes change pH, dissolved inorganic carbon (DIC) and release reduced
redox species (RRS). The stoichiometry per mol DOC degraded is shown for consumed oxi-
dants, produced/consumed protons/H2O, and produced bicarbonate and RRS. Geochemi-
cal processes buffer concentrations of RRS, pH and DIC. Secondary redox processes involve
oxidation of RRS, and compete with DOC for O2 and NO−3 at the plume fringe.
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by for example consumption of specific electron-acceptors. The combination of
physico-chemical conditions and microbial community structure determine the ex-
tent of degradation, but the latter could be decisive for degradation of specific or-
ganic chemicals, and for degradation under less favorable conditions. This means
that microbiology and geochemistry cannot be considered as two separate disci-
plines within NA research, but that they are complementary (i.e., biogeochemistry).
Evaluation of natural attenuation of organic chemicals at landfill leachate plum-
es is likely to be more difficult than at sites contaminated with a single type of or-
ganic contaminant such as petroleum or chlorinated hydrocarbons plumes. The
reasons are: the large size of landfills, heterogeneity of waste material, and large
amount of potential contaminants involved (Christensen et al., 2000b). Conse-
quently, a dense sampling network seems essential to evaluate NA at landfill sites
with sufficient confidence. Still, MNA is an attractive option at landfill sites in view
of the fact that few feasible alternatives exist. Concentrations of organic contami-
nants are also about two to three orders of magnitude lower than in hydrocarbon
spills reducing the environmental health risks of landfill sites.
1.4 Specific objectives
The objective of this study is to improve the understanding of the biogeochem-
ical processes, the interactions among them and the changes in microbial ecology,
as induced by inflow of landfill leachate into a pristine aquifer. Proper scientific
knowledge about the operative processes, associated kinetics, and microbiology is
needed to be able to determine whether MNA is a feasible remediation technique
for landfills and other contaminated sites or not.
A field study of the biogeochemistry and microbial ecology of a landfill leachate
plume is presented in this thesis. This study distinguishes itself from previous stud-
ies on NA of landfill leachate plumes with regard to the completeness of the data
gathered (geochemistry, hydrochemistry, isotope geochemistry, microbiology), ap-
plication of molecular microbial techniques, and insightful reactive transport mod-
eling. The studied aquifer was anaerobic under pristine conditions, while other pre-
viously studied aquifers polluted with landfill leachate were aerobic (Christensen
et al., 2001), with the exception of one (Cozzarelli et al., 2000). Processes were stud-
ied both in the flow direction and for the first time in detail across the fringe of the
plume.
The site used for the research presented in this thesis is the Banisveld landfill,
5 km southwest of Boxtel, the Netherlands. This site was selected as it ranked
high on a priority list of landfill sites in the Province of Noord-Brabant, potentially
impairing the surrounding environment. Furthermore, spreading of leachate at
this location is a potential threat for a nature reserve nearby (”de Smalbroeken”).
The site is suitable as a research site, since 1) the leachate plume could be easily
detected using geophysical techniques, 2) was present close to the surface, and 3)
accessibility of the landfill and the surrounding area was high.
Various techniques were applied to determine which redox processes were cou-
pled to degradation of DOC inside the plume. Both inverse geochemical modelling
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and forward reactive transport modelling were performed to deduce and quan-
tify the network of biogeochemical processes changing the leachate composition
downstream of the source zone. Furthermore, factors controlling the rate of kinetic
reactions (e.g., degradation of organic carbon and carbonate mineral precipitation)
were identified in a comparison with other studies.
Little research has been performed on biogeochemical processes at the fringes of
pollution plumes. However, for modelling/prediction of NA it is essential to know
if available oxidants in pristine groundwater are consumed also by reductants other
than DOC or organic chemicals. Therefore, the biogeochemistry and mixing pro-
cesses at the top fringe of the plume were investigated to gain insight into which
secondary redox processes (i.e., oxidation of ammonium, methane, Fe(II), etc) com-
pete with organic carbon oxidation for available electron-acceptors.
Little is known about the role of microbial communities in biogeochemical pro-
cesses. Whether or not microbial communities differ between pristine and polluted
aquifers is also barely known. Microbial communities were investigated by profil-
ing physiological (CLPP using Biolog microtiter plates) and genetic characteristics
(16S rDNA-DGGE); the presence of specific species was determined via cloning and
sequencing (see Section 1.5). Relations were sought between microbial communi-
ties and hydrogeochemical parameters, redox conditions, and degradation poten-
tial.
1.5 Outline and general methodology
Chapter 2 discusses the biogeochemistry and isotope geochemistry of the Ban-
isveld landfill leachate plume (Boxtel, the Netherlands). Various geophysical meth-
ods were applied in advance to determine the spatial distribution of the pollution
plume in order to limit the necessary amount of groundwater and sediment sam-
ples. Redox processes coupled to degradation of organic carbon in the plume were
investigated by a combination of techniques, such as thermodynamic calculations
using hydrogen gas concentrations. An inverse geochemical model of the landfill
leachate plume was constructed to quantify the processes changing leachate com-
position in downstream direction.
The subsequent two chapters present research to the microbiology of the pol-
luted aquifer. Chapter 3 deals with the physiological properties of the microbial
communities in relation to state of pollution. Physiological information (substrate
utilization) was obtained by community-level physiological profiling (CLPP) using
Biolog microtiter plates (Ro¨ling et al., 2000a). Microbial community structure in re-
lation to pollution, degradation extent, redox condition and aquifer geochemistry
was investigated using denaturing gradient gel electrophoresis (DGGE) of 16S-
rDNA isolated from groundwater and sediment samples, and discussed in Chapter
4. Cloned 16S rDNA was sequenced to find out which microbial species are present
in the aquifer, and if their presence is related to environmental conditions.
Chapter 5 presents a reactive transport model of the leachate plume. The model
was constructed using PHREEQC-2 (Parkhurst and Appelo, 1999) in order to quan-
tify the most important biogeochemical processes changing the downstream leach-
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ate composition. In addition, the carbon isotope geochemistry of the plume was
simulated. The impact of individual biogeochemical reactions on the change in
downstream leachate composition is shown. Rate constants for oxidation of electron-
donor (dissolved organic carbon), and kinetic precipitation of carbonate minerals
were obtained using the non-linear optimization program PEST by matching hy-
drochemical observations with the kinetic model. Factors controlling the rate of
degradation via reductive dissolution of Fe-oxides are discussed for landfill leach-
ate plumes in general.
Chapter 6 studies biogeochemical reactions at the top fringe of the Banisveld
plume, where leachate mixes with pristine groundwater. A high-resolution data set
on the hydrochemistry and isotope chemistry was obtained by installing densely
spaced multi-level-samplers across the fringe. Reactive transport modelling was
performed to identify the ongoing hydrochemical reactions, and the potential for
oxidation of various reductants present (DOC, CH4, NH+4 , Fe(II), and Mn(II)) at the
fringe was evaluated.
Finally, Chapter 7 (the synthesis) presents the summary and the conclusions of
the research performed. Directions for future research to NA of landfill leachate
plumes are given. Furthermore, the following aspects are discussed: the devel-
opment of redox conditions in landfill leachate plumes, the availability of Fe(III)-
oxides for iron reduction, current developments in molecular microbial ecology
research and its use for MNA, and technical and policy issues in MNA of landfill
leachate pollution.
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BIOGEOCHEMISTRY AND ISOTOPE
GEOCHEMISTRY OF THE BANISVELD
LANDFILL LEACHATE PLUME
Abstract
The biogeochemical processes were identified which improved the leachate com-
position in the flow direction of a landfill leachate plume (Banisveld, the Nether-
lands). Groundwater observation wells were placed at specific locations after
delineating the leachate plume using geophysical tests to map subsurface con-
ductivity. Redox processes were determined using the distribution of solid and
soluble redox species, hydrogen concentrations, concentrations of dissolved gas-
es (N2, Ar, CH4), and stable isotopes (δ15N-NO−3 , δ
34S-SO2−4 , δ
13C-CH4, δ2H-
CH4 and δ13C of dissolved organic and inorganic carbon (DOC, DIC)). The com-
bined application of these techniques improved the redox interpretation con-
siderably. Dissolved organic carbon (DOC) decreased downstream in associa-
tion with increasing δ13C-DOC values confirming occurrence of degradation.
Degradation of DOC was coupled to iron reduction inside the plume, while
denitrification could be an important redox process at the top fringe of the
plume. Stable carbon and hydrogen isotope signatures of methane indicated
that methane was formed inside the landfill and not in the plume. Total gas
pressure exceeded hydrostatic pressure in the plume, and methane seems sub-
ject to degassing. Quantitative proof for DOC degradation under iron-reducing
conditions could only be obtained if the geochemical processes cation-exchange
and precipitation of carbonate minerals (siderite and calcite) were considered
and incorporated in an inverse geochemical model of the plume. Simulation of
δ13C-DIC confirmed that precipitation of carbonate minerals happened.
Published as: Van Breukelen, B.M., Ro¨ling, W.F.M., Groen, J., Griffioen, J., Van Verseveld, H.W. Biogeo-
chemistry and isotope geochemistry of a landfill leachate plume. Journal of Contaminant Hydrology (in
press).
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2.1 Introduction
Landfills are an important group of groundwater contaminating sites. Leach-
ate from most household refuse landfills contains various organic contaminants,
but individual concentrations are generally modest when compared to polluted
sites like petroleum hydrocarbon or chlorinated solvent spills. Nevertheless, drink-
ing water standards for several organic pollutants and ammonium in groundwater
are often exceeded. Monitored natural attenuation (MNA) has received consider-
able attention as a remediation technique, partly because it seems a cheap alterna-
tive to techniques which actively decontaminate polluted groundwater. Aquifers
have properties to act as natural subsurface treatment systems, which attenuate
spreading landfill leachate (Christensen et al., 2001). Degradation, sorption, dilu-
tion, volatilization, precipitation and ion-exchange are processes which attenuate
pollution. But only degradation, microbially mediated or not, really removes the
mass of organic contaminants. Evaluation of natural attenuation (NA) at landfill
leachate plumes is likely to be more difficult than at other contaminated sites as a
consequence of the large size of landfills, heterogeneity of waste material, and the
large number of potential contaminants involved (Christensen et al., 2000b).
Inflow of organic carbon to an aquifer leads to sequential use of electron-accep-
tors upon degradation, resulting in the development of redox zones (Christensen
et al., 2000a; Christensen et al., 2001). Aerobic degradation followed by nitrate re-
duction oxidizes organic carbon at the fringe of a plume. Inside a plume reduction
of metal oxides (manganese followed by iron) prevails and is observed to be an
important anaerobic degradation process (Christensen et al., 2000a; Christensen et
al., 2001; Lovley and Anderson, 2000). Where iron oxide has been depleted, sulfate
reduction occurs, and finally methanogenesis serves to remove redox equivalents.
Characterization of the redox chemistry should be a main objective in natural
attenuation studies, since redox conditions are a crucial factor determining the po-
tential and rate of degradation of specific organic contaminants (Christensen et al.,
2001). Recently, Christensen et al. (2000a) reviewed available methods to charac-
terize redox conditions in groundwater. The goal of the present study was twofold:
to determine which redox processes were coupled to the oxidation of dissolved
organic carbon (DOC) in a landfill leachate plume (Banisveld landfill, the Nether-
lands), and to evaluate the various methodologies. Methods recommended in the
review (distribution of solid and aqueous redox species, and hydrogen concentra-
tions) were applied. In addition, stable isotopes (δ13C of dissolved inorganic car-
bon, DOC, and methane, δ2H of methane, δ34S of sulfate, and δ15N of nitrate) and
dissolved gases (N2, Ar) were measured in order to qualify the redox processes in
the aquifer better. Finally, inverse geochemical modelling was performed to quan-
tify the biogeochemical processes causing the observed improvement in leachate
composition downstream.
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2.2 Field site description
The Banisveld landfill site (6 ha), located 5 km southwest of Boxtel, the Nether-
lands, contains about 400,000 m3 of primarily household refuse, and is not sealed
by an artificial or natural liner. Landfilling occurred in a former 6-m-deep sand
pit between 1965 and 1977, while chemical waste may have been dumped illegally.
The lithology of the phreatic aquifer consists of a 7-9 m thick layer of fine to coarse-
grained unconsolidated clayey sands. Below these relatively permeable sediments,
alternations of clay, peat and sand layers are present. The fluvio-eolian sediments
of Pleistocene age were deposited under periglacial conditions.
The largest part of the landfill body resides below the groundwater table, which
is less than 2 m below surface. The 10-m-wide and 1.5-m-deep ”Heiloop” stream to
the northwest and downstream of the landfill (Fig. 2.1) drains groundwater from
the area. Groundwater flow is directed NE to N towards a nature reserve beyond
the Heiloop stream. The hydraulic gradient (i) downstream of the landfill (between
wells W2b and W9b) varied between 0.0003 m/m and 0.007 m/m (average 0.003
m/m) in the period June 1998 to October 2001. The hydraulic permeability has not
been determined, but empirical relations based on grain size distributions (Vukovic
and Soro, 1992) suggest permeability to range between 0.1-5 m/day depending on
clay content. Groundwater flow velocity is expected to be around 4 m per year.
2.3 Methods
2.3.1 Geophysical methods
An electromagnetic survey was performed using a Geonics EM-34 with an inter
coil spacing of 10 m both in vertical (VL) and horizontal loop (HL) mode to measure
the apparent conductivity of the subsurface (McNeill, 1980). Cone penetration tests
(CPTs) were subsequently executed whereby the cone resistance, the sleeve friction
and the electrical formation conductivity were simultaneously registered. The ratio
between the cone resistance and the sleeve friction is named the friction ratio, which
is indicative for the lithology according to an empirical relation (sands, 0.6–1.2;
silts/loam, 1.2–4; clay, 3–5; peat, >5).
2.3.2 Groundwater sampling and analysis
Groundwater observation wells were installed in June 1998 in a series along
the main direction of groundwater flow: upstream of the landfill (WUP), down-
stream above, inside and below the plume (W1–W9), and in front of the plume
(WF) across the Heiloop stream (Figs. 2.1, 2.2). Observation wells were installed
in bailer drillings with a diameter of 22 cm, and the lithology of the soil was de-
scribed. Two or three PVC wells with 52 mm inner diameter were installed in each
hole. Totally 29 wells were placed in 11 boreholes. The groundwater monitoring
wells are indicated by the following notation: Wxy, where x is the code of the well
site (UP, 1-9, F) and y refers to the screen depth of an individual well at well site x
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Figure 2.1: Map of the apparent conductivity (mS/m) measured by EM-34 (10-m intercoil
spacing, horizontal loop) from the enlarged area between the NW border of the landfill and
the Heiloop stream. The S-N transect is shown with well sites W1-W9 and WF placed in the
direction of groundwater flow.
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Figure 2.2: Cross section of the S-N research transect. Results of the cone penetration tests
(C1–C8), the position of the observation well sites (WUP, W1–W9, WF), the locations where
sediments samples have been taken (SUP, S2, S3, S6, S9), and the min and max observed hy-
draulic heads are shown. Screens of individual observation wells are indicated by black dots
(20-cm screen length) or black vertical lines for longer screens. The formation conductivity
(dark grey) is plotted from left to right (max C2 = 102 mS/m). The friction number (light
grey) is plotted from right to left (max C3 = 8).
(a–upper screen (generally above plume); b–middle screen (inside plume); c–lower
screen (below plume)). The length of the screens is 20 cm, but wells WUPc, WFa,
and WFb have screen lengths of 1 or 2 m.
The observation wells were sampled three times using a peristaltic pump: one
week after placement in June 1998, three months later in September 1998 and 16
months later in October 1999. A limited amount of samples and parameters were
taken and analyzed in April 2001. pH, temperature, dissolved oxygen and elec-
trical conductivity were determined on site using electrodes placed in flow cells.
Alkalinity was determined by Gran titration in the laboratory within a few days.
Samples for dissolved methane analysis were taken by putting the sampling tube
on a 10 mlpolyethylene (PE) syringe and injecting 6.0-ml of groundwater into 13-
ml vacuum blood sample vials (Lyngkilde and Christensen, 1992b). Analysis was
performed on a gas chromatograph with flame ionization detector (GC-FID). Sam-
ples for chloride, sulfate, nitrate, nitrite and alkalinity were not filtered and kept in
50-ml PE bottles. Samples for calcium, magnesium, sodium, potassium, iron, man-
ganese, ammonium, barium and phosphate were taken by connecting the sampling
tube to a syringe while minimizing air contact. The water was filtered using 0.45-
µm filters and conserved in 50-ml PE bottles containing 0.4 ml concentrated nitric
acid. The anions and ammonium were analyzed by spectrophotometry. The cations
were analyzed by inductively coupled plasma-atomic emission spectrometry (ICP-
AES). Filtered samples for dissolved organic carbon (DOC) were conserved in 10-
ml PE tubes with screw pods containing 100 µL pre-added 18% HCl. Analysis for
DOC was done on a Dohrmann DC-190 TOC analyser, after removal of dissolved
inorganic carbon (DIC) by adding acid and using a vortex. Samples for hydrogen
sulfide were taken in 10-ml PE tubes prefilled with a 2-ml zinc acetate solution trap-
15
Chapter 2
ping the sulfide. Sulfide analysis was performed by spectrophotometry in the lab-
oratory. For analysis of BTEX, naphthalene, and chlorinated aliphatics (June 1998),
two 250-ml glass bottles were filled to the top and closed after the bottle overflowed
to some extent. Two drops of a CuSO4 solution were added in advance for conser-
vation. Analysis was performed using a GC-FID coupled to a mass spectrometer
(GC-FID/MS). Detection limit of the method was 0.2 µg/l. All samples were kept
cool after sampling till analysis.
Hydrogen was measured in the groundwater using the ”bubble strip” method
(Chapelle and McMahon, 1991) in September 1998 and in October 1999. A 3-month
rest period after installation of the wells is supposed to be sufficiently long to
reach steady-state hydrogen levels representative of the initial undisturbed situ-
ation (Bjerg et al., 1997). A bladder pump was used, and a peristaltic pump the
second time. These pumps give equal results (Chapelle et al., 1997).
Samples for Ar and N2 gas analysis were taken in October 1999 using a Grund-
fos MP1 submersible pump and kept under pressure inside stainless steel cylinders
to prohibit degassing. Gases were extracted using He, and concentrations were de-
termined using a Hewlett-Packard 6890 GC equipped with a thermal conductivity
detector (TCD) and a 1.8 m Molsieve 5-A˚ column.
A sample for δ2H-CH4 and δ13C-CH4 analysis was taken as follows: a 1-l glass
bottle was filled and allowed to overflow for some time into a bucket. The filled
bottle was put upside down into the partially filled bucket. The hose was put into
the bottle and pumping continued. Degassing created a gas-phase of about 10 to
100 ml in most sample bottles. A butyl rubber stopper and a screw pod with a
hole were put on the bottle under water. Afterwards an I2-KI solution (1.5 g I2 and
3 g KI to 100 ml aqua dest.) was added (five drops per 100 ml) using a syringe
in order to stop microbial activity. For δ34S-SO2−4 and δ
15N-NO−3 , 1-l high-density
polyethylene (HDPE) bottles were filled and allowed to overflow with tubing at
the bottom. Samples were conserved by adding in advance 50 mg zinc acetate and
15 ml 6M HCl, respectively. Isotope analysis of methane, sulfate and nitrate was
performed at the Environmental Isotope Laboratory (EIL), University of Waterloo,
Canada.
For δ13C-DIC and δ13C-DOC sampling, 100-ml glass bottles were filled and
the I2-KI solution was added. Analysis was done at the Centre for Isotope Re-
search (CIO), University of Groningen, the Netherlands. Samples for δ13C-DOC
were acidified to remove DIC and subsequently freeze dried to obtain solid organic
carbon, which was analyzed in triplicate. Samples for all isotopes were taken in
October 1999, with the exception of δ13C-DIC (September 1998).
2.3.3 Sediment sampling and analysis
Sediment samples were taken at one upstream location (SUP) and four down-
stream locations inside the plume (S2, S3, S6, and S9) in October 1998 (Fig. 2.2). A
core pushing device (Delft Geotechnics) was used (Appelo et al., 1990). Immedi-
ately after recovery the cores were capped and stored in an airtight container made
anaerobic by flushing with nitrogen gas, kept anaerobic, and transferred the same
day to an anaerobic glovebox.
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The Fe and S chemistry of the locations were investigated by performing chem-
ical extractions on triplicates of sediment samples from which the pore water was
extracted. Reactive Fe(III) and Mn oxides which are assumed to be available to mi-
croorganisms, were quantified using a reductive Ti(III)-EDTA extraction (Heron et
al., 1994a) on 0.6, 0.8 and 1.0 g of sediment. Iron and Mn in the extracts were quanti-
fied using ICP-AES. Acid volatile sulfides (AVS: e.g., FeS minerals) and chromium
reducible sulfide (CRS: e.g., pyrite) were quantified in a sequential AVS-CRS ex-
traction performing a distillation (Fossing and Jørgensen, 1989). SnCl2, 15%, was
added to the 6 M HCl solution to enhance the recovery of sulfides, since iron hy-
droxides were present in the sample (Chanton and Martens, 1985). Here, sulfides
were trapped in a 20 ml 4 % ZnAc solution with a drop of antifoam, and analyzed
using spectrophotometry. Other extractions performed were a 24-h 0.5 M HCl ex-
traction and a 3-week 5 M HCl extraction both at room temperature, to get a rapid
indication of the redox state of the aquifer iron and to determine total Fe(II) and
Fe(III), respectively (Heron et al., 1994b). Cation exchangeable Fe(II) was deter-
mined using a 1M NH4OAc extraction (Thomas, 1982).
Calcium carbonate was determined according to Scheibler by measuring the
CO2 produced after adding HCl to a sediment suspension. The grain size distribu-
tion was measured on a FRITSCH Laser Particle Sizer A22 (Fritsch, Idar Oberstein,
Germany), where the clay and silt fraction were determined according to Konert
and Vandenberghe (1997). Soil organic carbon was determined after acidification
of the sample on a Carlo Erba 1500NA elemental analyser.
2.3.4 Geochemical calculations
PHREEQC-2 (Parkhurst and Appelo, 1999) was used for all geochemical calcu-
lations, except for inverse modelling of δ13C-DIC. NETPATH (Plummer et al., 1994)
was used for this purpose. Henry’s law constants taken from Andrews (1992) were
used to calculate Ar and N2 partial pressure. The pe (−log[e−]) adopted for speci-
ation calculations was computed from the NO−2 / NO
−
3 redox couple (pe ≈ 11) for
nitrate-containing samples, while the H2/H+ redox couple (pe ≈ -3.0) was used
for other pristine and plume samples. Acetate concentration determines alkalin-
ity in acid-phase leachate (Devlin, 1990), but Albrechtsen et al. (1999) measured
acetate concentrations below 6 µmol/l in older methanogenic-phase leachate like
present at this site. Therefore, DOC likely contributes only 1–2 % to alkalinity in
the present plume: Hemond (1990) determined that each mg organic carbon per
liter lowers Gran alkalinity by 4.6 µeq/l. Consequently, DIC concentration was
computed assuming only bicarbonate to contribute to alkalinity at pH below 8.2.
2.4 Delineation of the leachate plume
An electromagnetic survey using EM-34 was performed to find the lateral ex-
tent of the leachate plume (Nobes et al., 2000; Woldt et al., 1998). Subsequently, a
series of cone penetration tests were carried out to verify the apparent conductivity
pattern, and to map the vertical extent of the plume.
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Apparent conductivity measured by EM-34 for the unpolluted upstream part
(SE and SW side of landfill) ranged between 4.5–6.5 mS/m and 6–8 mS/m for the
vertical loop (VL) and horizontal loop (HL) orientation, respectively. Results from
a 10 m spaced grid stretching from the downstream sides of the landfill, showed
relatively high values of apparent conductivity (7–22 mS/m for VL, 9–24 mS/m for
HL). A northward stretching high conductivity zone was found in the area at the
NW side of the landfill (Fig. 2.1).
Cone penetration tests (CPTs) were performed along a S–N transect and also
upstream of the landfill (Fig. 2.1, C1–C8 in Fig. 2.2). The transect was assumed to
be oriented in the flow direction of the plume. The formation conductivity recorded
by the CPTs shows anomalously high values up to 100 mS/m (Fig. 2.2: C2) in the
upper sand layer along the S–N transect downstream from the landfill. The high
conductivity zone stretching from the landfill border to the Heiloop stream must be
attributed to elevated electrical conductivity of pore water as the lithology remains
sandy as indicated by the friction ratio (Fig. 2.2) and later confirmed by bailer
drillings. The top of the leachate plume decreased from groundwater level at the
landfill to a depth of 5 m below surface further downstream, while the maximum
depth of the plume was found at about 9 m below surface. Remarkably, the conduc-
tivity of the leachate decreased in the flow direction as indicated by CPTs (Fig. 2.2),
EM-34 measurements (Fig. 2.1), and electrical conductivity (EC) measurements of
the groundwater (results not shown). Inverse modelling of the hydrochemistry
showed that the EC decrease is explained by precipitation of carbonate minerals in
the plume, and not by dilution (as shown later).
2.5 Hydrogeochemistry
2.5.1 Composition of the leachate and pristine groundwater
The pristine aquifer is anaerobic at shallow depth. Nitrate has only been ob-
served above the leachate plume, and upstream of the landfill where it decreases
with depth. The pristine aquifer does not contain CaCO3 (<0.5% w/w). Pristine
groundwater is slightly acid (pH 4.6–6.0, but up to 6.6 below plume), has a low al-
kalinity, and low concentrations of methane, sulfide and moderate concentrations
of Fe(II) (Table 2.1). The leachate contains high concentrations of dissolved organic
carbon (DOC), alkalinity, methane, ammonium, iron, and other major ions (except
SO2−4 and NO
−
3 ), and has a pH just below neutral (Table 2.1). Sulfate concentrations
are low in leachate, but somewhat higher upstream and above the plume in pristine
groundwater. The hydrochemistry changed little in time for most wells, except at
well W9b, and sulfate decreased in time.
2.5.2 Fate of organic carbon in the plume
Dissolved organic carbon (DOC) decreases from 9.2 to 5.4 mmol/l in down-
stream direction, while no dilution appears to take place as indicated by high and
constant chloride concentrations along the central flow path in the plume (Table
18
Biogeochemistry and isotope geochemistry
0 33 50 60 70 80 90 100
0
20
40
60
80
100
Distance along flow path (m)
C
on
ce
nt
ra
tio
n 
(%
 o
f m
ax
.)
DOC (10.3)
Chloride (8.4)
Benzene (28)
Naphthalene (19)
Xylene (120)
Ethylbenzene (53)
W1 W2 W9
Figure 2.3: Concentrations (scaled to maximum observed concentration) of conservative
chloride, organic micropollutants (benzene, ethylbenzene, xylene, naphthalene), and dis-
solved organic carbon (DOC) plotted along the central flow path indicated in Fig. 2.2. Max-
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2.1, Fig. 2.3). The decrease was largest in the vicinity of the landfill and more
sluggish downstream. Microbial degradation must have lowered the DOC con-
centration downstream, since sorption of DOC to aquifer sediments having a low
solid organic carbon content (Table 2.2) is not of importance (Christensen et al.,
2001). Dissolved organic carbon in methanogenic-phase leachate consists mainly
of humic- and fulvic acids (Christensen et al., 1998; Christensen et al., 2001), and its
concentration is about 3 orders of magnitude higher than the total concentration of
organic micropollutants at this site.
Concentrations of aromatic compounds (benzene, ethylbenzene, xylene and na-
phthalene) decrease in downstream direction as well (Fig. 2.3). Other organic con-
taminants measured (toluene, chlorinated aliphatics) had concentrations below 1
µg/L. However, occurrence of degradation cannot be ascertained for organic con-
taminants, since sorption and spatial and temporal source heterogeneity could pro-
duce the concentration profiles as well (computations not shown).
2.5.3 Distribution of redox species
Oxygen was not detected in any well, but nitrate is present in the shallow back-
ground groundwater upstream of the landfill (max 6.1 mmol/l) and above the
plume (max 1.2 mmol/l). Nitrate reduction, probably coupled to oxidation of iron-
sulfide minerals, causes disappearance of nitrate with depth upstream from the
landfill (e.g., Postma et al., 1991). Nitrate reduction is a likely process at the mixing
zone of landfill leachate and shallow nitrate containing groundwater.
High methane concentrations are observed inside the leachate plume, which
tend to decrease downstream (Fig. 2.4). Methane is probably produced inside the
landfill body, and subsequently transported with groundwater flow, as supported
by isotope analysis and discussed later.
Several measurements and calculations were performed to evaluate the occur-
rence of sulfate reduction in the plume. Sulfate concentration did not decrease
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downstream (Fig. 2.4), and dissolution of sulfate minerals does not occur, as ground-
water is undersaturated for both gypsum and barite. Hydrogen sulfide concentra-
tions close to the detection limit of the method, were detected throughout the plume
(H2S ≈ 3–6 µmol/l) and may indicate equilibrium with amorphous FeS (SI ≈ −0.5
to +0.2) rather than occurrence of sulfate reduction. The content of acid volatile
sulfides (AVS) and chromium reducible sulfides (CRS) was low in the polluted part
of the aquifer, and not much higher than upstream, where FeS minerals could have
been partially dissolved by inflow of nitrate (Table 2.2). Occurrence of sulfate re-
duction reflected by an elevated FeS content decreasing in downstream direction
of the plume (Heron et al., 1994b) was not observed here. In conclusion, the sulfur
chemistry indicated lack of sulfate reduction in the plume.
Considerable evidence for occurrence of iron reduction in the plume was found.
The Fe(II) concentrations are elevated in the plume, and increase in downstream
direction (Table 2.1, Fig. 2.4). Iron(III)-oxide that is considered to be bio-reducible,
is present, although in low contents (Table 2.2). Remarkably, the iron oxide content
is higher in the plume than for the background sample, while a decreasing gradient
of iron oxide content towards the source, reflecting occurrence of iron reduction
Table 2.1: Composition of leachate leaving the landfill border (W1b), leachate at the down-
stream end of the plume (W9b) and pristine groundwater
Parameter Leachate (border) Leachate (end) Pristine
Chloride (mmol/l) 6.74–7.05 (6.91) 7.22–8.38 (7.62) 0.34–2.17
DOC (mmol C/l) 9.0—8.2—10.3 (9.2) 4—5.4—6.7 (5.4) 0.25–1.92
Ammonium (mmol/l) 19.2–19.8 (19.4) 1.4–5.2 (3.0) 0.006–0.067
Alkalinity (mmol/l) 51.3–56.8 (54.8) 9.9–22.2 (15.4) 0.2–6.6
DIC calculateda (mmol/l) 73.8—90.0—87.6 (83.8) 39.3—59.6—71.8 1.3–19
pH 6.4–6.7 (6.56) 5.85–5.96 (5.90) 4.6–6.6
EC (µS/cm) 4520–5260 1790–2560 (2150) 189–754
Oxygen (mmol/l) 0 0 0
Nitrate (mmol/l) 0 0 0–1.2–6.1
Nitrite (µmol/l) 1–6.5 1.3–2.2 0–4.3
Iron (II) (mmol/l) 0.20–1.24 (0.81) 1.20–1.97 (1.52) 0.002–0.47
Manganese (II) (µmol/l) 6.4–9.1 (7.6) 18–40 (25) 0.5–13
Sulfate (mmol/l) 0.058–0.073 0.073–0.10 0.018–1.72
Sulfide (µmol/l) 3–6 6 0–9
Methane (mmol/l) 1.33–1.48 0.77–0.87 0–0.56
Sodium (mmol/l) 7.7–9.39 (8.4) 8.22–8.7 (8.4) 0.3–2.6
Potassium (mmol/l) 5.55–6.14 (5.9) 0.28–1.07 (0.61) 0.03–0.41
Calcium (mmol/l) 7.83–10.4 (9.21) 2.27–3.27 (2.87) 0.42–2.72
Magnesium (mmol/l) 3.1–4.36 (3.9) 1.3–2.1 (1.65) 0.12–0.49
Phosphate (µmol/l) <0.1 (W1a: 23) 0.2 <0.1–2
SI Siderite +1.05 to +1.58 +0.78 to +1.27 −5.7 to −0.7
SI Calcite +0.67 to +0.75 −1.17 to −0.62 −5 to −1.2
SI Dolomite +0.89 to +1.05 −2.66 to −1.51 −11 to −3.2
δ13C-DIC (‰) +13.1 +9.6 (W7b) −19.55
δ13C-CH4 (‰) −53.1 −52.7 −72.6
δ13C-DOC (‰) −27b −27b −27b
Range of concentrations in time and averages in parentheses (n = 3) are given. For DIC and DOC
concentrations for all measurement events are given (June 1998 — September 1998 — October 1999).
a Dissolved inorganic carbon (DIC) has been calculated in PHREEQC using alkalinity and pH.
b Value of δ13C-DOC is average for nine plume samples (W1b–W9b). Pristine values are about equal.
20
Biogeochemistry and isotope geochemistry
5.8
6.0
6.2
6.4
6.6
6.8
pH
  0 33 48 57 66 75 85 95 105 
0
2
4
6
8
10
C
on
ce
nt
ra
tio
n 
(m
m
ol
/l)
Distance along flow path (m)
δ1
3 C
-D
IC
 (
‰
)
14
13
12
11
10
9
S
I (
C
al
ci
te
, S
id
er
ite
)
1.5
1.0
0.5
0.0
-0.5
-1.0
SI Siderite
SI Calcite
pH
0.1 x DIC
DOC
3 x CH4
δ13C-DIC
Fe2+
10 x SO4
W1 W2 W3 W4 W5 W6 W7 W8 W9 
W1 W2 W3 W4 W5 W6 W7 W8 W9 
  0 33 48 57 66 75 85 95 105 
2-
Figure 2.4: Average concentrations (n = 3) for various parameters along central flow path in
leachate plume (W1b to W9b): (above) pH and saturation indices (SI) of calcite and siderite;
(below) redox species, DOC, DIC and δ13C-DIC. For methane and sulfate concentrations
from the last measurement event are shown. δ13C-DIC has been measured in September
1998. Concentrations of methane, sulfate and DIC are multiplied by a factor of 3, 10 and 0.1,
respectively.
Table 2.2: Geochemistry and characteristics of sediment samplesa
Sample Fe(III)-rb Fe(III)-tc FeSd FeS2d ”FeCO3”e org C Clay
(µg Fe/g) (µg Fe/g) (µg S/g) (µg S/g) (µg Fe/g) (%) (%<2µm)
SUP, Upstream 35±2 318±44 0±0 35±6 20 0.034 1.44
S2, 33m 154±5 585±53 2.2±2.2 23±2 94 0.255 2.22
S3, 48m 155±8 652±89 2.2±2.2 82±9 72 0.069 6.11
S6, 75m 203±3 806±30 0.4±0.6 73±1 24 0.075 6.99
S9, 105 m 82±1 257±15 2.7±2.4 126±16 20 0.054 2.26
a Values are the means and standard deviations of five replicates for Fe(III)-r, of three or four replicates for
Fe(III)-t, and triplicates for FeS and FeS2.
b Reactive iron-oxide: Ti(III)-EDTA extraction.
c Total Fe(III): Fe-total minus Fe(II) in 5M HCl extraction.
d Sequential AVS-CRS extraction to determine FeS and FeS2, respectively.
e Fe(II) soluble in 0.5M HCl minus FeS and ion-exchangeable Fe(II).
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(Heron et al., 1994b), is non-existing. Apparently, natural variations in iron oxide
content conceal this geochemical trace of iron reduction (Heron et al., 1998).
A strong argument in favor of iron reduction is supersaturation of siderite in the
plume (FeCO3; SI +0.8 to +1.8), while pristine groundwater was undersaturated.
Supersaturation for siderite has been observed at other landfill leachate plumes
where iron reduction occurred (Nicholson et al., 1983; Kehew and Passero, 1990;
Baedecker et al., 1993; Bjerg et al., 1995; Amirbahman et al., 1998). Siderite pre-
cipitation has been observed under laboratory conditions (Jensen et al., 2002), and
likely happens in the present plume as well, buffering the concentration of Fe(II)
released by iron reduction. Manganese reduction was negligible, as both Mn(II)
concentration (Table 2.1) and content of manganese oxide (<1.4 µg Mn/g) were
about 2 orders of magnitude lower than Fe(II) and Fe oxide, respectively.
Siderite is difficult to measure when present in low content, and no good ex-
traction method exists (Christensen et al., 2001). According to Heron et al. (1994b),
iron(II) extracted in 0.5 M HCl during 24 hours minus iron associated with acid
volatile sulfide (AVS) minus ion-exchangeable Fe(II), gives a semi-quantitative es-
timate for the content of siderite. However, the 0.5 M HCl extraction needs to be
corrected for dissolution of Fe-silicates (cf. Griffioen and Broers, 1993), which was
not performed in this study. Still, the combination of extractions used by Heron
(1994b) gave higher values in the plume than upstream, and decreased in down-
stream direction (Table 2.2: ”FeCO3”). This might reflect occurrence of siderite
precipitation in the plume.
2.5.4 Gibbs free energy of hydrogen-oxidizing redox reactions
The Gibbs free energy (∆Gr) of hydrogen-oxidizing redox reactions or terminal
electron-accepting processes (TEAPs) oxidizing H2 (e.g. CO2 reduction, sulfate re-
duction, iron reduction) can be calculated when the concentrations of redox species
involved, the pH, temperature and the H2 concentration is known (Hoehler et al.,
1998; Jakobsen et al., 1998). Microbial communities conducting a TEAP appear to
control the H2 concentration in order to keep ∆Gr of the reaction at some (nega-
tive) threshold value necessary to synthesize ATP. A threshold value of −7 kJ/mol
H2 (Schulz and Conrad, 1996) was assumed for TEAPs to be favorable (Jakobsen et
al., 1998). The general equation for H2oxidizing reactions, where the stoichiometric
coefficient for H2 is 1, is given by:
1H2 + aOx + bH
+ −→ cRed + dH2O (2.1)
The associated Gibbs free energy is calculated as:
∆Gr =
(
∆GT + RTln
(
[Red]c
[Ox]a[H+]b
))
−RTln[H2] (2.2)
where Ox and Red are the activity of the electron-acceptor and its reduced species,
respectively, ∆Gr is the Gibbs free energy of the reaction, ∆GT is the Gibbs free
energy under standard conditions at temperature T (K), R is the gas constant, and
T is the absolute temperature (K).
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Figure 2.5: Measured hydrogen gas concentrations and calculated Gibbs free energies (∆Gr)
of terminal electron-accepting processes (TEAPs): goethite reduction (1998: 7 , 1999: 8 ),
methanogenesis (1998: 9 , 1999: : ), sulfate-reduction (1998: ; , 1999: < ), stable lepi-
docrocite (I) reduction (1998: = , 1999: > ), and less-stable lepidocrocite (II) reduction (1999:
x, number of observation well site W1–W9). Calculated H2–∆Gr areas for methanogenesis,
sulfate-reduction, and possible area of fermentation are shaded, while areas for goethite-
reduction, stable and less-stable lepidocrocite reduction are bound by full lines, dashed lines
and full lines, respectively. A threshold of −7 kJ/mol H2 is shown.
Equation 2.2 plots as a straight line, when temperature, pH and activities of re-
dox species are taken constant. Therefore, for each order of magnitude of decrease
in H2 concentration, ∆Gr increases (for fermentation, which produces H2, it de-
creases) with 5.4 kJ/mol H2 at 11 ◦C. The minimum and maximum value of the
first part of eq. 2.2 (between parentheses) were calculated from the total data set
for each TEAP to determine the area wherein the measured data should fit (Fig.
2.5). A community of microorganisms is thought to lower the H2 concentration
to a minimum threshold value in order to outcompete members of the commu-
nity performing less favorable TEAPs (Lovley and Goodwin, 1988). An additional
explanation for maintaining low H2 concentrations by hydrogen consuming mi-
croorganisms could be to maximize ∆Gr for fermentation (Fig. 2.5), which might
increase H2 turnover.
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Figure 2.6: Downstream change in Gibbs free energy for lepidocrocite (II) reduction, H2
concentration, and Eh calculated using the H2/H+ redox couple.
Hydrogen concentrations measured 3 months after installation of the observa-
tion wells were much higher (0.26–30 nM) than those measured the following year
(0.04–1.15 nM, Fig. 2.5), while the concentrations of redox-species and pH did not
differ much. Apparently, H2 concentrations did not reach steady-state at this site
within a three month period, which was thought to be sufficient (Bjerg et al., 1997).
If unnoticed, a non-equilibrium situation for H2 leads to an erroneous qualification
of redox conditions: too reduced and overlapping (Fig. 2.5).
Methanogenesis appears not to happen (at least in the permeable parts of the
aquifer) and is for most samples even thermodynamically unfeasible (up to +5.7
kJ/mol H2). Reverse methanogenesis is not likely to occur as the threshold for
this process leading to removal of methane is expected to be at +10 kJ/mol H2
(Hoehler et al., 1994). The Gibbs free energy is at most locations also too low for
sulfate reduction to happen, but sulfate reduction might be favorable inside and
just below the landfill (W1a and W1b, Figs. 2.2, 2.5). It must be concluded that
iron reduction is the dominant TEAP, as sulfate-reducers and methanogens are not
capable of maintaining the low observed hydrogen concentrations.
The calculated ∆Gr for iron reduction depends to a large extent on the Gibbs
free energy of formation of the iron oxide mineral being reduced. The iron oxides
lepidocrocite and goethite were most abundant in similar Quaternary sediments in
Denmark (Jakobsen et al., 1998). Lepidocrocite has a variable reactivity confined by
type I and II (least and most reactive, respectively; Jakobsen et al., 1998). Figure 2.5
shows that ∆Gr for goethite and lepidocrocite (I) reduction is too high for iron re-
duction by H2 to happen. Apparently, lepidocrocite with an intermediate reactivity
is present and being reduced.
Hydrogen was measured for two nitrate-containing wells above the plume (W6a
and W8a). Concentrations were not lower (0.09–0.10 nM) than inside the plume.
Possible nitrate reduction at these locations did not result in the lowest hydrogen
concentrations as would be expected (Lovley and Goodwin, 1988). Hydrogen was
for two pristine locations below the plume in the same range as inside the plume
(W3c: 0.13 nM, W5c: 0.16 nM). Here, ∆Gr was favorable for iron reduction.
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The hydrogen concentration decreased with distance from the landfill, while
∆Gr for iron reduction kept quite constant (Fig. 2.6). The change of hydrogen
seems controlled by iron-reducers responding to the decrease in pH downstream
(Fig. 2.4), while being active at a fixed threshold value (Fig. 2.6). Similar effects
have been observed for changing sulfate concentrations, temperature and pH in
laboratory experiments (Hoehler et al., 1998). The geochemical reactions of proton-
buffering and carbonate mineral precipitation cause the pH to decrease (see Chap-
ter 5). Consequently, the geochemical provoked pH decrease, leads to a microbi-
ological controlled H2 decrease, and results in an increase of redox potential (Eh)
downstream (Fig. 2.6).
2.5.5 Distribution of dissolved gases and degassing
The gas composition of the leachate plume was measured in 1999. Results are
shown in Table 2.3. Partial pressure of N2 and argon inside the plume (pN2 = 0.51
atm, pAr = 0.0041 atm at 11 ◦C) are lower than for groundwater in equilibrium
with the atmosphere (pN2 = 0.78 atm, pAr = 0.0093 atm) or pristine groundwater
(W8a). This is explained by production of methane and carbon dioxide inside the
landfill body causing simultaneous degassing of these gases along with Ar and
N2. Argon and N2 concentrations, 25 times lower than background, suggested
methane removal by gas exsolution in a crude-oil spill (Revesz et al., 1995). Out-
gassing of methane from a pollution plume has been argued before (Baedecker et
al., 1993), and Blicher-Mathiesen et al. (1998) calculated degassing using dissolved
argon concentrations. Argon shows variable pressures in the plume but no ten-
dency in downstream direction. So, no unequivocal data exist here to calculate
potential degassing inside the plume. Remarkably, total gas pressure exceeds hy-
drostatic pressure for all samples with 0.1 to 0.6 atm (Table 2.3). Degassing will oc-
cur when total gas pressure exceeds hydrostatic pressure and capillary effects can
be overcome (Yager and Fountain, 2001). Perhaps the fine aquifer sediments pro-
Table 2.3: Partial pressure of gases and hydrostatic pressure in leachate plume
Sample pAr pN2 pCH4 pCO2 ΣP Elevation Hydraulic Hydrostatic
gases screen heada pressurea
(atm) (atm) (atm) (atm) (atm) (m +msl) (m +msl) (atm)
W1b – – 0.73 0.60 – 2.35 8.64–7.87 1.55–1.63
W2b 0.0018 0.19 0.72 0.93 1.84 3.04 8.47–7.72 1.47–1.54
W3b 0.0029 0.31 0.78 0.72 1.81 1.16 8.38–7.71 1.66–1.72
W4b 0.0036 0.51 0.71 0.94 2.16 2.01 8.32–7.70 1.57–1.63
W5b 0.0029 0.33 0.76 1.01 2.10 1.85 8.30–7.70 1.59–1.65
W6b 0.0041 0.37 0.62 1.32 2.31 1.11 8.26–7.70 1.66–1.72
W7b 0.0032 0.37 0.72 1.09 2.18 1.73 8.24–7.70 1.60–1.65
W8b 0.0025 0.27 0.60 1.23 2.10 1.68 8.21–7.68 1.60–1.65
W9b – – 0.48 0.96 – 2.67 8.20–7.69 1.50–1.55
W8a 0.0091 1.18 0.17 0.22 1.57 5.10 8.20-7.69 1.26–1.31
Sampling was done in October 1999. Pressures were calculated for a groundwater temperature of 11 ◦C.
a Maximum and minimum values for hydraulic head and hydrostatic pressure are given for the period June
1998–Februari 2001 (n = 11).
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Figure 2.7: Relation between δ13C-DOC and DOC concentration in leachate plume. Aver-
ages and standard deviations of triplicates and corresponding well numbers are shown.
hibit degassing and cause gas supersaturation. However, occurrence of degassing
is likely and could explain the slight decrease of methane in downstream direction
(Table 2.3, Fig. 2.4).
Partial pressure of nitrogen gas in nitrate-containing well W8a above the plume
is 50 % higher than atmospheric nitrogen partial pressure, supplying further evi-
dence to occurrence of denitrification above the plume. Total gas pressure above the
plume exceeds hydrostatic pressure as well, but apparently not much degassing has
happened, as argon is close to atmospheric partial pressure. Degassing of methane
inside the plume, and subsequent dissolution above the plume explains the pres-
ence of methane in nitrate-containing sample W8a.
2.6 Isotope geochemistry
2.6.1 δ13C of dissolved organic carbon
A considerable range was found for δ13C-DOC in leachate (−24 ‰ to −30 ‰, n
= 9), and an average of−27 ‰ was calculated. These signatures were in agreement
with the values found for C3 plants (Mook, 2000). δ13C-DOC showed a tendency
to increase with distance from the landfill (R2 = 0.32), and an inverse correlation
with DOC concentration was found (R2 = 0.39). Degradation of certain organic
compounds favors the 12C with respect to the 13C isotopes, which results in an
enrichment of δ13C in the residual fraction (Faure, 1986). Therefore, the observed
(weak) correlation between increasing δ13C-DOC values and decreasing DOC con-
centrations supports that degradation of DOC takes place in the plume (Fig. 2.7).
The calculated enrichment factor () for DOC degradation was 5.9 ± 2.7 ‰.
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2.6.2 δ13C of dissolved inorganic carbon
δ13C-DIC in the plume (+9.6 ‰ to +13.1 ‰) is strongly enriched with respect to
background (−19.6 ‰). High δ13C-DIC values are generally observed for landfill
leachate and are thought to be related to production of isotopically positive CO2
by methanogenesis (Hackley et al., 1996), and to a lesser extent by outgassing of
CO2 (Baedecker and Back, 1979; Hornibrook et al., 2000). Microbial degradation at
mesophilic temperatures could be another reason (Hornibrook et al., 2000).
We pose that the pH value of leachate determines the impact of CO2 outgassing
on δ13C-DIC enrichment. Hornibrook et al. (2000) suggested that a leachate pH be-
tween 7 and 8 is an important condition for causing increased δ13C-DIC values due
to outgassing of CO2. However, in that pH range degassing of carbon dioxide can-
not be of major importance as DIC is dominated by bicarbonate. On the contrary,
leachate of many landfills, including this one, has a pH between 6 and 7. Conse-
quently, DIC comprises dissolved CO2 and HCO−3 in comparable quantity. Isotopic
and chemical equilibrium exists in groundwater between the two species with bi-
carbonate enriched by +10.7 ‰ to +8.4 ‰ with respect to aqueous carbon dioxide
(and +9.6 ‰ to +7.4 ‰ with respect to CO2(g)) at 10 ◦C and 30 ◦C, respectively
(Mook, 2000). So, degassing of CO2 can happen in a mixed bicarbonate-carbon
dioxide system, while the difference between δ13C-CO2 and δ13C-DIC is large, and
consequently the impact of CO2 degassing on δ13C-DIC increase will be consider-
able. Indications of occurrence of carbon dioxide and methane degassing are the
low Ar and N2 concentrations in the plume as discussed before.
δ13C-DIC in the plume decreases in downstream direction from +13.1 ‰ at the
landfill border (W1b) to +9.6 ‰ further downstream at W7b (Fig. 2.4, no data for
W8 and W9). Processes thought to cause this decrease are discussed in Section 2.7.
2.6.3 δ13C and δ2H of methane
δ2H and δ13C of dissolved methane were measured in 1999 for 9 samples along
the central flow path in the flow direction of the plume (W1b to W9b), for one
sample below (W5c), and for one sample above the plume (W8a). Methane isotopes
inside the plume were characteristic of landfill gas and acetate fermentation (δ13C-
CH4 = −53.3 ± 0.5 ‰; δ2H-CH4 = −304 ± 6 ‰), while the methane found below
the plume (δ13C-CH4 = −72.6 ‰; δ2H-CH4 = −241 ‰) was apparently formed
by the CO2 reduction pathway (Hackley et al., 1996). Methane measured above
the plume was lower in concentration and slightly enriched in 13C (−50.3 ‰) with
respect to landfill leachate methane. This confirms methane degassing in the plume
(see before), followed by methane oxidation at the top fringe of the plume under
nitrate-reducing or sub-oxic conditions, as δ15N-NO−3 determined from the same
sample was very positive (+41.5 ‰, 0.19 mmol/l). Anaerobic methane oxidation
by NO−3 has been hypothesized to occur at the fringe of leachate plumes (Griffioen,
1999), and this field evidence indicates the act of anaerobic methane oxidation.
A weak correlation was found (R2 = 0.53) between decreasing methane concen-
trations and slightly increasing δ13C values in the flow direction of the plume. The
calculated fractionation factor was low (α ≈ 1.001) and may be indicative of de-
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gassing, as oxidation involves larger fractionation (Bergamaschi, 1997). However,
no correlation was found for δ2H-CH4, which fractionates more strongly.
According to Hornibrook et al. (2000) the isotopic separation between δ13C-
CH4 and δ13C-DIC increases when the ratio of availability of labile organic matter
to availability of oxidants decreases. The lower the ratio, the larger the contribution
of the CO2 reduction pathway (which involves larger fractionation) to methanogen-
esis, and the lower the contribution of acetate fermentation. Hence, we argue that
methane produced inside a leachate plume might have a more negative isotopic
signature than methane produced inside a landfill body, as the availability of or-
ganic substrates in the plume is less. If this holds, active methanogenesis inside a
leachate plume might be established using isotopes, and absence of an observed
downstream decrease in isotopic methane signature may then reflect the lack of
methanogenesis in the plume.
2.6.4 δ34S of sulfate
Sulfate concentrations in leachate decreased by a factor 30 from around 0.34
mmol/l down to 4–27 µmol/l in a period of nearly three years after installation
of observation wells, but concentrations did not decrease in downstream direction
in any of the four sampling events. Seven samples obtained in October 1999 were
analysed for δ34S, of which five originate from within the plume (0.03–0.1 mmol/l,
wells 3, 5, 6, 7, 9), one from above the plume (W8a: 0.56 mmol/l), and the last one
from below the plume (W5c: 0.018 mmol/l). The samples showed low δ34S values
(−3.3 ‰ to +9.1 ‰) indicating that the origin of sulfate could be meteoric (-3 ‰ to
+9 ‰ for anthropogenic sulfate in rainfall (Krouse and Mayer, 2000)). Sulphur iso-
topes of sulfate confirm that sulfate reduction is not occurring in the plume, because
the enrichment factor calculated following Strebel et al. (1990) was too low ( ≈ 4.6
‰, n = 5) for sulfate reduction ( = 10 ‰ to 24 ‰ and higher (Krouse and Mayer,
2000)). A high correlation (R2 = 0.87, n = 7) between δ34S and the inverse of sulfate
concentration suggests that a source with a δ34S signature around −2.5 ‰ such as
pyrite may have caused elevated sulfate concentrations. However, possible oxida-
tion of FeS minerals during construction of observation wells can only account for a
third of the sulfate concentration observed after installation. In conclusion, sulfate
reduction is not occurring. Elevated sulfate concentrations seem related with the
placement of observation wells, but cannot be explained in a mechanistic way.
2.7 Quantification of redox and geochemical processes
in the plume
Results of qualitative methods for interpretation of redox conditions were pre-
sented in previous sections. Inverse geochemical modelling is a better and quanti-
tative approach to interpret redox conditions using groundwater composition data
(Amirbahman et al., 1998; Baedecker et al., 1993). In this section the results will be
presented of an inverse geochemical model integrating the governing biogeochem-
ical processes changing the leachate composition in downstream direction.
Biogeochemistry and isotope geochemistry
Previous sections showed that degradation of DOC in the plume is coupled
to microbial iron reduction, but geochemical processes are expected to change the
leachate composition as well. Precipitation of carbonate minerals was included
in the model, since leachate is supersaturated for siderite over the full length of
the plume, and for calcite and dolomite (SI up to +1.8) near the landfill (Fig. 2.4).
Furthermore, concentrations considerably lower downstream than near the source
indicate that cation-exchange retards ammonium and potassium (Table 2.1). Cal-
culations on the composition of exchange sites in equilibrium with pristine and
polluted groundwater (results not shown) indicated that NH+4 and K
+ exchange
in release for mainly Ca2+ and also Fe(II), since the pristine aquifer is anaerobic
and contains a Fe(II) concentration up to 0.5 mmol/l. Sodium and magnesium ex-
change is less significant. Degassing was not included because it only lowered the
methane concentration.
The inverse model was constrained by the observed compositions of the first
(W1b) and final well (W9b) along the flow path. Calculations were performed for
each of the three sampling events and using the average composition given in Table
2.1. Values of some parameters (pH, DIC) were changed by less than 4 % in order to
obtain stable solutions, with exception of the model for the last sampling occasion
where DIC in the model was changed by 9 %. The model presumes that the leachate
composition in the final well (W9b) has evolved from the composition in the initial
well (W1b).
Table 2.4 shows the list of reactions (phases) included in the model. Nitrate
reduction at the top fringe of the plume did not affect the hydrochemistry at the
inner part of the plume, and was therefore irrelevant for the model. The calculated
contribution of individual reactions is expressed in mmol per liter. A negative sign
means the phase is consumed and a positive sign means it is produced. The in-
verse model confirmed that degradation of DOC was coupled to reduction of iron
oxide, and explained together with cation-exchange and precipitation of carbonate
minerals the observed change in leachate composition. Results for cation-exchange
and carbonate mineral precipitation were comparable for various sampling events
(Table 2.4). The consumption of iron oxide, however, varied considerably because
Table 2.4: Inverse geochemical model of central flow path in leachate plume (W1b to W9b)
Reaction Phase Reaction equation Changea,b (mmol/l)
1 DOC CH2O + H2O → CO2 + 4H+ + 4e− −3.8 (−5.0,−2.7,−3.4)
2 Iron-oxide FeOOH + 3H+ ↔ Fe3+ + 2H2O −15.3 (−20,−11,−13)
Redox transfer Fe3+ + e− ↔ Fe2+ +15.3
3 Siderite Fe2+ + CO2−
3
→ FeCO3 +14.6 to +25.5 (+31, +21, +23)
4 Calcite Ca2+ + CO2−
3
→ CaCO3 +4.1 to +15 (+2.7, +3.5, +6.9)
5 Dolomite Ca2+ + Mg2+ + 2CO2−
3
→ CaMg(CO3)2 +2.3 (+3.1, +2.9, +1.3)∑
3–5 Fe0.43−0.74Ca0.19−0.50Mg0.07CO3 +34.2
6 KX K+ + X− → KX +5.3 (+5.3, +5.7, +5.2)
7 NH4X NH+4 + X
−
→ NH4X +16.6 (+18, +17, +17)
8 IX2 I2+ + 2X− ← IX2 −10.9 (−12,−11,−11)
where (I2+ =
∑
Fe2+ + Ca2+)
a Results are shown for model constrained by average concentrations. Results for individual sampling events
(taking Fe2+ for I2+) are given between parentheses (June 1998, September 1998, October 1999).
b A negative value means the phase is consumed, a positive value means the phase is produced.
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it was determined by the downstream DOC decrease, which differed substantially
at each sampling event.
The inverse model shows that it is essential to take (secondary) geochemical
processes into account for both qualification and quantification of redox processes
using groundwater composition data. This is illustrated in a batch model simulat-
ing the impacts of the individual reactions on the downstream change in leachate
composition (Table 2.5). Iron reduction cannot be quantified using the Fe(II) distri-
bution while ignoring secondary geochemical processes, since the Fe(II) concentra-
tion resulting from DOC degradation would be an order higher than observed (Ta-
ble 2.5: R1–2). Precipitation of carbonate minerals must happen to buffer released
Fe(II), and lower the Ca, Mg, and DIC concentration, as well as the pH downstream
(Table 2.5: R1–5). The observed decrease in pH and DIC downstream can only be
fully matched if cation-exchange is considered, as release of Ca and Fe(II) to leach-
ate enhances precipitation of carbonate minerals (Table 2.5: R1–8). The model gives
the total amount of divalent cations released for NH+4 and K
+ exchange, but cannot
predict the proportion of Ca2+ and Fe(II). Carbonate minerals of mixed composi-
tion could precipitate in addition to or instead of pure phases (Table 2.4). Precipita-
tion of ferroan calcite (Fe0.8Ca0.2CO3) was observed in a crude oil polluted aquifer
(Baedecker et al., 1993), and could happen in the present leachate plume as well.
The calculated total amount of carbonate minerals precipitated (34 mmol/l C)
was low when expressed on a weight basis (≈ 0.06 % w/w). Unfortunately, the
measurement method used (having a detection limit of 0.5 % w/w) was not able
to detect these low contents. Carbon isotopes were added as constraints to the
inverse model to verify the occurrence of carbonate mineral precipitation. An av-
erage value of −27 ‰ was adopted for δ13C-DOC, although a tendency of increas-
ing leachate δ13C-DOC values was observed during degradation (Fig. 2.7). NET-
PATH calculated δ13C-DIC to decrease from +13.1 ‰ at the landfill to +11.1 ‰ at
final well W9b when only degradation of DOC was modelled and fractionation as-
sociated with carbonate mineral precipitation was neglected. Observations were
unfortunately not available for the final well (W9b), but a decreasing tendency of
downstream δ13C-DIC values make it plausible that δ13C-DIC is lower than the
value of +9.6 ‰ measured at W7b (Fig. 2.4). A δ13C-DIC value of +8.2 ‰ at W9b
was calculated when fractionation during precipitation of carbonate minerals was
included. Consequently, the observed decrease in δ13C-DIC reflects the occurrence
of carbonate mineral precipitation.
Table 2.5: Leachate composition (mmol/l) used in the inverse geochemical model (W1b:
initial solution, W9b: final solution) and impact of individual processes (R1–8) on the down-
stream change in leachate composition
pH DOC DIC Ca2+ Mg2+ K+ NH+
4
Fe2+ SI FeCO3
W1b 6.53 9.2 87.5 9.27 3.93 5.95 19.6 0.82 +1.51
W1b + R1–2a 7.22 5.4 91.4 16.1 +3.49
W1b + R1–5 6.44 5.4 68.1 2.88 1.66 1.53 +1.68
W1b + R1–8 = W9b 5.94 5.4 57.2 2.88 1.66 0.61 3.01 1.53 +1.05
a R1–2 = modeling of reaction 1–2 in Table 2.4.
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Other studies also identified siderite as principal sink of Fe(II) released by re-
ductive dissolution of iron-oxide (Baedecker et al., 1993; Kehew and Passero, 1990).
Christensen et al. (2000a) pointed out that previous studies underestimated the im-
portance of iron reduction, because accumulation of Fe(II) in solid phases was not
considered. Many natural attenuation models ignore buffering geochemical reac-
tions and do not use pH and DIC as constraints (e.g., Essaid et al., 1995), making
them not capable of simulating the iron chemistry properly.
The content of reactive iron oxide still available in the plume sediments (≈ 10–25
mmol/l, assuming a porosity of 0.3, and bulk density of 1.86 g/cm3) is comparable
to the content used between W1b and W9b (11–20 mmol/l, Table 2.4). Iron reduc-
tion will cease at some point in time near the landfill and progressively further
downstream in the plume, since the availability of iron oxide is limited. Sulfate
can only replace iron oxide as an equally good oxidant when its concentration in
leachate exceeds at least 2 mmol/l. However, observed concentrations are below
0.1 mmol/l. Consequently, methanogenesis may follow soon after depletion of iron
oxide.
2.8 Conclusions
Three geochemical lines of evidence indicated reductive dissolution of Fe-oxides
as natural attenuation process inside the leachate plume: 1) hydrogen concentra-
tions, 2) supersaturation for siderite, and 3) inverse geochemical modelling. The
strong contribution of iron-reducing microorganisms of the family Geobacteraceae to
the microbial communities in this plume (Chapter 4) reflects the occurrence of iron
reduction. We experienced that a combination of redox characterization methods
strengthened conclusions, and considerably prevented misinterpretation emanat-
ing from weaknesses of particular methods. Furthermore, only few samples were
needed to evaluate NA once the plume had been delineated. Natural attenuation
occurs, but is not very effective, since only half of DOC is degraded and benzene is
still present in the front of the plume. The limited supply of iron oxide and the close
distance to surface water may hamper its feasibility as solution for remediation.
A full sequence of redox zones, such as observed at other sites (Christensen et
al., 2000a; Christensen et al., 2001) has not been identified for this plume. Iron re-
duction prevailed inside the plume, whereas denitrification dominated at the top
fringe. Hydrogen concentrations might indicate the on-set from iron reduction to
more reduced conditions below the landfill. The observation of an extensive iron-
reducing zone is in agreement with observations at other contaminates sites (Chris-
tensen et al., 2000a; Christensen et al., 2001; Lovley and Anderson, 2000).
Slightly decreasing methane, nondecreasing sulfate concentrations, absence of
sulfate minerals in the aquifer, as well as natural isotope signatures of these redox
species indicate the lack of methane production and sulfate reduction inside the
plume. Methane in the leachate plume was formed inside the landfill body, as ev-
idenced by isotope analysis, and transported by groundwater flow. Methane may
be subject to degassing as total gas pressures exceeded hydrostatic pressure of the
plume. This was supported by presence of methane with a leachate signature in
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pristine groundwater above the plume. Nitrate reduction is an important oxidiz-
ing process at the top fringe of the plume, as shown by both enriched δ15N-NO−3
and partial N2 pressure exceeding atmospheric equilibrium. Furthermore, anaer-
obic methane oxidation by nitrate reduction above the plume was documented by
isotope analysis.
Precipitation of siderite was shown to be an important sink of Fe(II) released by
reductive dissolution of iron oxide, and could be deduced from changes in pH, DIC
and δ13C-DIC. Therefore, downstream Fe(II) gradients may not be so informative
of iron reduction; the saturation state with respect to siderite needs to be considered
as well.
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PHYSIOLOGICAL PROFILING OF
MICROBIAL COMMUNITIES IN THE
CONTAMINATED AQUIFER
Abstract
Previously, we observed that microbial community structure and functional di-
versity in aquifers might be enhanced by landfill leachate infiltration. To study
this hypothesis, groundwater samples were taken near the Banisveld landfill,
the Netherlands. Based on hydrochemical parameters, the samples clustered
into two groups. One group corresponded to polluted samples from the plume
of landfill leachate and the second group to clean samples from outside the
plume. Most Probable Number-Biolog was used to select Eco Biolog plates with
similar inoculum densities. Analysis of substrate utilization profiles of these
plates revealed that anaerobic microbial communities in polluted samples clus-
tered separately from those in clean samples. Especially substrates containing
an aromatic nucleus were more utilized by microbial communities in the leach-
ate plume. Both substrate richness and functional diversity were significantly
enhanced in the plume of pollution. This study shows that community-level
physiological profiling is a useful and simple tool to distinguish between anaer-
obic microbial communities in and near a landfill leachate plume.
Published as: Ro¨ling, W.F.M., Van Breukelen, B.M., Braster. M., Van Verseveld, H.W., 2000b. Linking
microbial community structure to pollution: Biolog-substrate utilization in and near a landfill leachate
plume. Water Science and Technology 41(12): 47-53.
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3.1 Introduction
Several thousands of old landfills are present in the Netherlands. Landfilling at
many of these locations has started in times when its impact on the surrounding
environment was not yet recognized. No liners were used to prevent the leach-
ing of landfill percolate into the underlying aquifers. In the last decennia, several
scandals concerning illegal dumping of toxic waste have raised the concern about
possible hazards of landfills for water management and the environment. At some
landfills, this has led to the enforcement of protective measures to prevent landfill
leachate polluting nearby aquifers. These prevention measures were quite expen-
sive and could be a great financial burden to Dutch society since illegal activities
are suspected to have occurred at many other landfills as well.
Research on landfill leachate plumes has shown that the spreading of pollution
in aquifers is often less than expected, due to natural attenuation. Microorganisms
largely contribute to the natural attenuation (Christensen et al., 2001). Informa-
tion on composition of microbial communities will contribute to the understand-
ing, prediction and enhancement of microbial processes involved in natural atten-
uation. Previously, we successfully developed and applied characterization meth-
ods for microbial communities in the anaerobic, landfill leachate polluted aquifer at
Coupe´polder, Alphen aan de Rijn, the Netherlands (Ro¨ling et al., 2000a). Anaerobic
community-level physiological profiling using Biolog plates indicated that micro-
bial communities were physiological more diverse in the anaerobic leachate plume
than in the surrounding clean aquifer. However, unambiguous conclusions were
hard to draw as only four locations were sampled, of which only one location was
obviously contaminated. Furthermore, the samples came from different geological
settings.
The subsurface at the Banisveld landfill, Boxtel, the Netherlands, has only small
variations in lithography. After delineating the leachate plume, 29 groundwater
observation wells were installed in and near the plume in June 1998 (Chapter 2).
Groundwater samples were withdrawn from these wells in October 1999 to test the
hypothesis that landfill-leachate polluted parts of the aquifer contain more physio-
logically diverse communities than nearby, unpolluted parts.
3.2 Methods
Groundwater observation wells were installed near the landfill in June 1998 in
a series along the main direction of groundwater flow (see Chapter 2; Figs. 2.1 and
2.2). Wells were placed upstream of the landfill (WUP), above, inside, and below
the plume (W1-W9; well number increases with distance from the landfill), and in
front of the plume (WF). At each well site two or three PVC wells were installed,
usually one well above, one in and one below the leachate plume. The following
notation is used in this chapter to refer to (samples taken from) the monitoring
wells: xy, where x is the code for the well site (UP, 1-9, F), and y is the code for the
screen depth of an individual well at well site x (a–upper screen (generally above
plume); b–middle screen (inside plume); c–lower screen (below plume)).
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In October 1999, anaerobic groundwater samples were collected in sterile glass
bottles by letting the bottles overflow, after first removing 3 times the volume of
standing water in the wells using a peristaltic pump. Bottles were capped with as
little air as possible remaining and transferred at 4 ◦C to the laboratory.
Sampling, conservation, and analysis methods for hydrochemical parameters
(pH, electrical conductivity (EC), Cl−, alkalinity, O2, NO−3 , NO
−
2 , Mn
2+, Fe2+,
SO2−4 , H2S, CH4, Ca
2+, Mg2+, K+, Na+, NH+4 , Si, Al, and dissolved organic car-
bon (DOC)) are given in Chapter 2.
Within a day after obtaining the groundwater samples anaerobic community-
level physiological profiling (Ro¨ling et al., 2000a) was performed, using Eco-Biolog
plates (Biolog Inc. Hayward, CA, USA). Each plate contains a triplicate of 31 sub-
strates and 1 control well without substrate (blanc). Groundwater was 1:9 and
1:99 diluted in suspension-medium (Ro¨ling et al., 2000a). Dilutions and undi-
luted groundwater were inoculated into Biolog plates. After incubation for 28 days
at 12 ◦C, plates were read spectrophotometrically at 596 nm (Titertek Multiskan
MCC/340). Data were transported to a spreadsheet program and absorbance of the
blanc was subtracted from the measured values. Data regarding D-xylose, Tween
40 and Tween 80 were not used for subsequent analysis, as wells containing these
substrates colored when inoculated with suspension medium only. The net increase
in absorbance was translated into a positive or negative response with the thresh-
old absorbance value of 0.1. Richness (S) in substrate utilization was calculated as
the number of positively reacting substrates in an Eco-Biolog plate. The Shannon-
Weaver index or substrate diversity (H) was calculated as:
H = −
∑
pi(ln pi) (3.1)
where pi is the ratio of the absorbance for a particular substrate (averaged over
the triplicate) to the sum of absorbances for all substrates (Zak et al., 1994). Most
probable number-Biolog (MPN-Biolog) was determined per substrate, based on the
number of positive responses over three subsequent dilutions. In case no positive
response was observed, the MPN was regarded to be 0.06 cell/well (Gamo and
Shoji, 1999). Maximum MPN value for a sample was calculated as the average of
the 5 highest MPN values observed.
The relation between hydrochemical or Biolog parameters of groundwater sam-
ples was determined by principal component analysis (PCA) in SPSS 9.0. PCA
projects the original data onto new axes (principal components (PCs)) that reflect
intrinsic patterns in the multidimensional data set. SPSS 9.0 was also used for cor-
relation and student t-tests.
3.3 Results and discussion
Groundwater samples were retrieved in October 1999 and subjected to commu-
nity level physiological profiling and hydrochemical characterization. All samples
were anaerobic. The ordination plot derived from PCA on the hydrogeochemical
parameters is shown in Fig. 3.1. It is evident that the groundwater samples clus-
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Figure 3.1: Ordination produced from PCA of hydrochemical determinations on 23 ground-
water samples from the Banisveld landfill. Two clusters of clean ( 9 ) and polluted ( < )
groundwater samples from within the plume are shown.
tered into two groups, separated along the PC1-axis. PC1, explaining 58.5 % of the
total variance, strongly correlated with parameters indicative of pollution by land-
fill leachate (correlation coefficients in parentheses): EC (0.967), alkalinity (0.960),
magnesium (0.944), methane (0.890), calcium (0.870), ammonium (0.855), chloride
(0.845), sodium (0.822), DOC (0.814) and potassium (0.810). No strong correlation of
parameters with the PC2 was observed. Thus, two clusters of ’clean’ locations and
’polluted’ locations were determined. No major changes appear to have occurred
during 1.5 year, as the members of the clusters were also in May 1998 assigned as
clean and polluted, respectively, on basis of electrical conductivity measurements
during cone penetration tests (Chapter 2).
For community level physiological profiling, it has been suggested to use a stan-
dardized inoculum density (Haack et al., 1995; Garland, 1997). However, determi-
nation of cell density prior to inoculation is time consuming. Also, microorganisms
able to grow in the Biolog plates are not always culturable on agar plates and their
numbers do not relate to total cell counts, as determined via acridine orange stain-
ing (Garland, 1997). Therefore, in general the measured absorbances are divided by
the average well color development (AWCD). This approach is only useful when
samples have similar numbers of positive wells (Garland, 1997), which was not
the case in our study at Coupe´polder landfill (Ro¨ling et al., 2000a). Furthermore,
the correction via AWCD has been criticized as it assumes that a universal con-
stant AWCD per unit biomass exists (Howard, 1997). To overcome these problems,
we performed MPN-Biolog (Gamo and Shoji, 1999). This allowed us to determine
the density of microorganisms culturable in Biolog plates, without measuring cell
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Figure 3.2: Ordination plot from PCA of Biolog profiles of clean ( 9 ) and leachate polluted
( < ) groundwater samples from within the plume.
density prior to Biolog plate inoculation. A disadvantage is that this approach is
more resource demanding. MPN-Biolog showed that maximum MPN values for
all plates fell within the same order of magnitude, with the exception of sample
6b, whose MPN value was one order of magnitude higher. The MPN values for
clean groundwater samples were not significantly different from the MPN values
for polluted samples (p < 0.05).
Based on the MPN-values, the absorbance data for undiluted samples were
used in PCA, only for the 6b sample the 1:9 dilution was used. The ordination plot
showed that the substrate utilization profiles of microbial communities in clean
samples in general can be distinguished from those of microbial communities in
polluted samples (Fig. 3.2). Only one sample, 3c, clustered differently. The screen
from which this sample was taken is less then one meter below the leachate plume,
according to cone penetration tests in May 1998 (Chapter 2). Separation of sam-
ples was mainly along the PC1 axis, which positively correlated with (correlation
coefficients in parentheses); α-cyclodextrin (0.851), glycyl-L-glutamic acid (0.848),
L-threonine (0.839), L-arginine (0.797), putrescine (0.809), i-erythritol (0.773), L-
phenylalanine (0.751) and 2-hydroxy benzoic acid (0.747). These substrates, to-
gether with 4-hydroxybenzoic acid, D-glucoaminic acid and phenylethylamine were
significantly better utilized by the microbial communities in the landfill leachate
polluted samples (p < 0.05). D-mannitol, D-cellobiose and glucose-1-phosphate
were significantly better utilized in the unpolluted aquifer. Remarkably, when con-
sidering all substrates available in the Eco Biolog plate, was that most amino acids
and all substrates containing an aromatic nucleus were favored by the microbial
communities present in the polluted aquifer. Benzene, toluene, ethylbenzene, xy-
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lene and naphthalene are present in the leachate plume and decrease in concentra-
tion in downstream direction (Chapter 2, Fig. 2.3). However, occurrence of degra-
dation cannot be ascertained. These pollutants and their degradation intermediates
contain aromatic rings. Possibly, the preference for aromatic ring containing sub-
strates in Biolog plates is indicative for the potential for pollutant degradation, but
this has to be examined in more detail.
AWCD has been found to be a factor strongly contributing to PCA (Garland and
Mills, 1991). However, in this study no significant correlation (r = −0.057) between
AWCD and PC1 was found, when analyzing plates with similar maximum MPN
values. This indicates the validity of our approach. When MPN values were sub-
jected to PCA, sample 6b clustered differently from the other samples, as expected
since it has a much higher maximum MPN value. Dividing the MPN value of a
certain substrate with the maximum MPN value gives a measure of the relative
number of microorganisms able to utilize the particular substrate for a particular
sample. The ordination plot of the PCA on the corrected MPN values again showed
a clear separation between clean groundwater samples and polluted samples (data
not shown). Separation between microbial communities in a landfill leachate pol-
luted aquifer and from less polluted parts was also recently shown by phospholipid
fatty acid analysis (PLFA: Ludvigsen et al., 1997). However, PLFA is much more la-
bor intensive and resource demanding.
Functional or substrate diversity can also be determined with Biolog plates (Zak
et al., 1994). The simplest approach is substrate richness, the number of different
substrates that are used by the microbial community. Biolog plates with similar
maximal MPN values were compared, thus richness is informative per unit mi-
croorganisms. In this case one unit consists of an inoculum of about 30 cells/ml.
Although not mentioned in the original paper by Zak et al. (1994), it should be
realized that when an inoculum of 30000 cells/ml is used, this probably will lead to
a higher number of utilized substrates and thus an apparent higher substrate rich-
ness. Fig. 3.3A clearly shows that substrate richness was much larger in the pol-
luted part of the aquifer. A student t-test revealed that this difference is significant
(p < 0.001). No relation between distance from the landfill and substrate richness
was evident. Functional or substrate diversity, which encompasses both substrate
richness and relative usage of carbon sources, can be expressed by the Shannon-
Weaver Index (Zak et al., 1994). Like substrate richness, functional diversity in
the plume was significantly higher (p < 0.001) than outside the plume. Again, no
clear relation existed between distance and functional diversity (Fig. 3.3B). When
Shannon-Weaver indices were calculated on basis of the MPN values, similar ob-
servations were made (data not shown). A significant, positive correlation was
observed between Shannon-Weaver indexes calculated on basis of absorbance val-
ues and MPN values (r = 0.677; p < 0.01). Both substrate richness (r = 0.893) and
diversity (r = 0.810) significantly correlated with the PC1 axis of the PCA on the
hydrogeochemical data (p < 0.01). Thus, functional aspects of biodiversity differed
among the clean and polluted sites. Microbial communities in polluted aquifer
were physiological more diverse. The results obtained at the Banisveld landfill
support our observations for Coupe´polder landfill (Ro¨ling et al., 2000a). Likely, the
higher substrate availability in the plume, as reflected in significantly higher dis-
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Figure 3.3: Biolog-substrate richness (A) and diversity (B) in and near the Banisveld landfill
leachate plume. Clean samples are indicated by white bars, polluted samples by black bars.
solved organic carbon (p < 0.01), contributed to these differences in functional di-
versity and substrate usage. Recently, an increase in microbial diversity in a leach-
ate polluted aquifer was also shown in a labor-intensive approach using restric-
tion fragment length polymorphism of cloned environmental 16S rDNA fragments
(Cho and Kim, 2000). This aquifer was polluted by livestock waste water.
A comparison of the experiments in October 1999 was made with experiments
conducted in September 1998, 3 months after installation of the wells. At that time
only 1:9 diluted groundwater samples were inoculated into Biolog plates. Results
from 1998 were not in accordance with those of 1999; Biolog profiles from polluted
sites could not be distinguished from those of clean sites. Substrate richness, as
calculated for the 1:9 dilution, was in general much higher for both polluted and
clean sites than in 1999. Also some hydrogeochemical parameters were obviously
different, sulfate concentrations were a factor ten higher at some locations while
at several locations high hydrogen concentrations were measured (see Chapter 2).
Increased concentrations of hydrogen, an intermediate in microbial degradation of
organic matter, are normal after installing monitoring wells, and several months
have to be allowed before the situation will be normalized (Bjerg et al., 1997). Fur-
thermore, disturbance is known to lead to changes in microbial communities in
stored samples (Haldeman et al., 1995; Brockman et al., 1998), especially when re-
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garding culturability. These disturbance-related changes possibly also occur in the
field. All these factors indicate that for this research location a 3 month period is
not sufficient for stabilization of the microbial communities and determination of
community structure via community-level physiological profiling.
3.4 Conclusions
This research has shown that functional diversity was significantly increased in
the landfill leachate plume at Banisveld landfill. Community-level physiological
fingerprints were different between clean and polluted samples, when comparing
plates with similar inoculation densities. Therefore, community-level physiological
profiling (CLPP) is promising as a simple approach for analyzing microbial com-
munities at landfill leachate polluted aquifers. Since CLPP is a culturing method
and culturability of microorganisms is easily affected and difficult to control, atten-
tion should be focused on the time required after installation of a monitoring well
before groundwater can be retrieved for reliable CLPP.
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RELATIONSHIPS BETWEEN MICROBIAL
COMMUNITY STRUCTURE AND
HYDROGEOCHEMISTRY
Abstract
Knowledge about the relationship between microbial community structure and
hydrogeochemistry (e.g., pollution, redox and degradation processes) in landfill
leachate polluted aquifers is required to develop tools for predicting and moni-
toring natural attenuation. In this study analyses of pollutant and redox chem-
istry were conducted in parallel with culture-independent profiling of microbial
communities present in a well-defined aquifer (Banisveld, The Netherlands).
Degradation of organic contaminants occurred under iron reducing conditions
in the plume of pollution, while upstream of the landfill and above the plume
denitrification was the dominant redox process. Beneath the plume iron reduc-
tion occurred. Numerical comparison of 16S rDNA-based denaturing gradient
gel electrophoresis (DGGE) profiles of Bacteria and Archaea in 29 groundwater
samples revealed a clear difference between microbial community structure in-
side and outside the contaminant plume. A similar relationship was not evident
in sediment samples. DGGE data were supported by sequencing cloned 16S
rDNA. Upstream of the landfill members of the β subclass of the class Proteo-
bacteria (β-proteobacteria) dominated. This group was not encountered beneath
the landfill, where Gram-positive bacteria dominated. Further downstream
the contribution of Gram-positives to the clone library decreased while that of
(δ-proteobacteria strongly increased and β-proteobacteria reappeared. The β-
proteobacteria (Acidovorax, Rhodoferax) differed considerably from those found
upstream (Gallionella, Azoarcus). Direct comparisons of cloned 16S rDNA with
bands in DGGE profiles revealed that the data from each were comparable. A
relationship was observed between dominant redox processes and the bacteria
identified. In the iron reducing plume Geobacteraceae made a strong contribution
to the microbial communities. Because the only known aromatic hydrocarbon
degrading, iron-reducing bacteria are Geobacter spp., their occurrence in landfill
leachate contaminated aquifers deserves more detailed consideration.
Published as: Ro¨ling, W.F.M., Van Breukelen, B.M., Braster, M., Lin, B., Van Verseveld, H.W., 2001. Re-
lationships between microbial community structure and hydrochemistry in a landfill leachate-polluted
aquifer. Applied and Environmental Microbiology 67(10): 4619-4629.
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4.1 Introduction
Contamination of groundwater is a serious environmental problem throughout
the world as it affects drinking-water resources and impacts oligotrophic environ-
ments. In the Netherlands, an important source of contamination is landfill leach-
ate. In the past, landfilling was performed without the presence of appropriate lin-
ers to prevent percolation of leachate into underlying aquifers. Although many old
landfills are closed now, the cessation of landfill operations does not stop chemical
releases into the environment. Organic compounds, originating from household
and industrial waste, are found in most municipal landfills. Dramatic changes in
aquifer geochemistry and microbiology downstream of landfills occur as the result
of the high organic load of leachate (Christensen et al., 2001). A sequence of redox
zones develops in time and space, as the organic matter is microbiologically de-
graded and electron acceptors are depleted (Christensen et al., 2001; Lovley, 1997b).
Iron reduction and to a less extent manganese reduction are important redox
processes occurring in polluted aquifers (Albrechtsen et al., 1999; Christensen et al.,
2001; Heron et al., 1994a; Lovley, 1995; Lovley, 1997a). Solid iron-oxyhydroxydes
and manganese-oxides are reduced, which releases soluble metal species into the
groundwater. These metals, together with other reduced species such as methane,
ammonium and hydrogen sulfide can pose a threat to drinking-water and olig-
otropic nature reserves (Christensen et al., 2001; Lovley, 1997a). Also, pathogenic
bacteria might be present in the leachate (Christensen et al., 1994). However, of
particular concern is contamination of groundwater by aromatic compounds (es-
pecially benzene, toluene, ethylbenzene and xylene (BTEX)). These compounds are
often encountered at landfills (Christensen et al., 2001). Although accounting for
at most a few percent of the organic matter in leachate, concern is related to their
toxicity and relatively high solubility. BTEX components are readily degraded un-
der aerobic conditions, but far more persistent under anaerobic conditions (Lovley,
1997b), typical within and downgradient of landfills (Christensen et al., 2001).
It is often difficult and expensive to remediate a subsurface environment. How-
ever, despite unfavourable conditions, appreciable anaerobic microbial degrada-
tion of BTEX has been observed in landfill leachate polluted aquifers (Acton and
Barker, 1992; Lyngkilde and Christensen, 1992a; Schaal, 1991). Ability to predict
potential for natural attenuation and to monitor on-going degradation processes
will help to limit the number of landfills and aquifers that have to be actively
remediated. Thorough knowledge of microbial community structure in polluted
aquifers, the capabilities of the microbial populations present and how these affect
their environment and vice versa, will aid in the development of tools for predicting
and monitoring natural degradation. Here, we describe the relationship between
hydrogeochemistry and microbial community structure in a landfill leachate pol-
luted aquifer close to the town of Boxtel, the Netherlands. From this aquifer 29
groundwater samples and 5 sediment samples were obtained. Chemical analyses
were conducted to determine the level of pollution and deduce the principal redox
processes. Community structures of Archaea and Bacteria were profiled using de-
naturant gradient gel electrophoresis (Muyzer et al., 1993), and the profiles were
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Figure 4.1: Cross section of the leachate plume downstream of the Banisveld landfill, show-
ing the locations of the 11 well sites. Each well site has a code, which indicates its location:
upstream (UP), at the plume (1–9), or in front of the plume (F). Two or three screens were
placed per well site, as indicated by a, b, and c. Symbols: < , screen from which in Septem-
ber 1998 a groundwater sample with a nitrate concentration > 0.5 mg/l was obtained; : ,
screen from which a sample containing no nitrate was obtained; ? , sediment (S) sampled in
October 1998.
numerically compared (Ro¨ling et al., 2000a). For three groundwater samples clone
libraries were made to obtain more detailed information on the composition of the
microbial communities.
4.2 Materials and methods
4.2.1 Site description and installation of observation wells
The Banisveld landfill is located 5 km southwest of Boxtel, the Netherlands.
Unlined landfilling of primarily household refuse occurred in a 6 m deep sand pit
between 1965 and 1977. The geology of the aquifer consists of an 11 m thick layer of
fine to coarse unconsolidated sands positioned upon less permeable clay and peat
deposits alternating with sandy layers. Groundwater flow (estimated at 4 m/year)
is directed northeast to north towards a nature reserve, which is a habitat for a
rare oligotrophic ecosystem. An electromagnetic survey and cone penetration tests
revealed the horizontal and vertical distribution of the leachate (Chapter 2). In June
1998, this information was used to install a transect of 11 groundwater observation
well sites, along the direction of groundwater flow (Fig. 4.1). Wells were placed
upstream of the landfill (WUP), above, inside, and below the plume (W1–W9; well
number increases with distance from the landfill), and in front of the plume (WF).
At each well site two or three PVC wells were installed, usually one well above, one
in and one below the leachate plume. The following notation is used in this chapter
to refer to (samples taken from) the monitoring wells: xy, where x is the code for the
well site (UP, 1–9, F), and y is the code for the screen depth of an individual well
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at well site x (a–upper screen (generally above plume); b–middle screen (inside
plume); c–lower screen (below plume)). The screen length was 20 cm, but three
wells had screen lengths of 1 to 2 m (UPc, Fa, Fb).
4.2.2 Sampling
In September 1998, anaerobic groundwater samples were collected in sterile
glass bottles by letting the bottles overflow, after first removing 3 times the volume
of standing water in the wells using a peristaltic pump. Bottles were capped with
as small a headspace as possible. In October 1998, sediment cores were anaerobi-
cally taken with a core pushing device (Delft Geotechnics, the Netherlands; Appelo
et al., 1990) at five locations (SUP, S2, S3, S6, S9; codes refer to nearby well sites),
one from upstream and 4 downstream, in the plume of leachate (Fig. 4.1). After
retrieving, the ends of the stainless steel cores (length 20 cm, internal diameter 30
mm) were immediately capped and cores were stored in a container which was
made anaerobic by flushing with nitrogen gas. Sediment cores and groundwater
were transferred to the laboratory and stored for less than 24 hours at 4 ◦C. Next,
100 ml groundwater was vacuum filtered over 45 mm diameter 0.2 µm filters (Sar-
torius). Cores were sampled under a nitrogen atmosphere in an anaerobic glovebox
(Mecaplex). The outer ends of the cores (several centimeters) were not used. For
molecular analysis, sediment and filters were frozen at−80 ◦C until DNA isolation.
4.2.3 Chemical analysis
Sampling, conservation, and analysis methods for hydrochemical parameters
(pH, electrical conductivity (EC), Cl−, alkalinity, O2, NO−3 , NO
−
2 , Mn
2+, Fe2+,
SO2−4 , H2S, CH4, Ca
2+, Mg2+, K+, Na+, NH+4 , Si, Al, dissolved organic carbon
(DOC), benzene, toluene, ethylbenzene, xylene, and naphthalene) and sedimento-
logical parameters (lime, humus, sand, clay, silt, carbon, and nitrogen contents) are
given in Chapter 2. Samples were grouped based on chemical characteristics by
using principal-component analysis and cluster analysis (Systat 7).
4.2.4 DGGE Profiling
DNA extraction was performed as described previously (Ro¨ling et al., 2000a).
Bacteria-specific PCR was performed in a total volume of 25 µl containing 0.4 µM
primer F341-GC (Muyzer et al., 1993), 0.4 µM primer R518 (Muyzer et al., 1993), 0.4
mM dNTPs, 10 µg BSA, Expand buffer (Boehringer, Mannheim, Germany), 2.6 U
Expand enzyme and 1 µl undiluted DNA template. Amplification was performed
in a Perkin Elmer DNA Thermo Cycler as follows: 94 ◦C for 4 min, after which
35 cycles of 94 ◦C for 0.5 min., 54 ◦C for 1 min and 72 ◦C for 1 min, with a final
elongation at 72 ◦C of 5 min. For profiling of Archaea, a nested approach was ap-
plied. Primers pRA46f (Øvrea˚s et al., 1997) and univ907r (Amann et al., 1992) were
used to produce a 0.9 kb fragment, which after hundredfold dilution was used as
a template in an amplification with primers pARCH340f and pARCH519r (Øvrea˚s
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et al., 1997). The amplifications were performed with the same settings as for the
Bacteria-specific amplification.
DGGE was performed with the Bio-Rad DCodeTM system. PCR product was
loaded on 1 mm thick 8 % (wt/vol) polyacrylamide (37.5:1 acrylamide:bisacrylami-
de) gels containing a 40–60 % or 40–70 % linear denaturing gradient for Bacteria
and 45–70 % for Archaea. 100 % denaturant is defined as 7 M urea and 40 % (v/v)
formamide. Gels were run in 1 x TAE buffer (40 mM Tris, 20 mM acetic acid, 1
mM Na-EDTA (pH 8.0)) at 70 V and 60 ◦C for 16h. Gels were stained in 1 x TAE
buffer containing 1 µg ethidium bromide ml−1 and recorded with a CCD camera
system (The imager, Appligen, Illkirch, France). Gel-images were converted, nor-
malized and analyzed with the GelCompar 4.0 software package (Applied Maths,
Kortrijk, Belgium), using the Pearson product-moment correlation coefficient and
unweighted pair-group clustering method using arithmetic averages (UPGMA). To
aid the conversion and normalization of gels, a marker consisting of 11 clones was
added on the outsides of the gel as well as after every four samples. The outer two
lanes of the gels were not used. In all analyses the markers clustered over 95 %
similarity.
4.2.5 Cloning and sequencing of 16S rDNA
PCR primers 8f and 1512r (Felske et al., 1998) were used to amplify near com-
plete 16S rDNA. Products (cleaned with Qiaquick Rep Purification Kit (Qiagen,
Germany)) were cloned into Escherichia coli JM109 by using the Promega pGEM-
T vector system (Promega, Madison, Wis., USA). Transformants were checked for
correctly sized inserts by performing a PCR with pGEM-T specific primers T7 and
Sp6. Correctly sized products were used as template in a PCR with primers F341-
GC and R518 to compare the banding position in DGGE to that of the environmen-
tal sample from which the clone was derived. Sequencing PCR was carried out with
the ABI PRISMTM Dye Terminator Cycle Sequencing Core Kit (Perkin Elmer) and
the purified products were run on a SEQUAGEL-6 sequence gel (National Diagnos-
tics, USA) in a 373A/DNA Sequencer (Applied Biosystem, USA). At least the V3
region (E. coli position 341 to 518) was sequenced, a number of clones completely.
Both strands of the 16S rRNA gene were sequenced. Sequences were compared to
sequences deposited in the GenBank DNA database by using the BLAST algorithm
(Altschul et al., 1990).
4.2.6 MPN-PCR
Serial twofold dilutions of DNA extracts were made in sterile water and used as
template for PCR. Most-probable-number PCR (MPN-PCR) of members of the fam-
ily Geobacteraceae was performed with primers 8f and Geo825 (Snoeyenbos-West et
al., 2000). MPN-PCR numbers of Bacteria were performed using primers 8f and
R518. To account for variations in efficiency of DNA extraction and recovery, num-
bers of Geobacteraceae were expressed relative to Bacteria.
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4.2.7 Nucleotide sequence accession numbers
Nucleotide sequences have been deposited in the Genbank database under ac-
cession numbers AY013585 to AY013658 and AY013660 to AY013698.
4.3 Results
4.3.1 Hydrogeochemistry of the landfill leachate plume
Groundwater samples for hydrochemical and microbiological analysis were re-
trieved in September 1998 from 29 wells (see Fig. 4.1 and Section 4.2.1. for number-
ing of wells). An ordination plot on the basis of the measured hydrogeochemical
parameters (Fig. 4.2) revealed clustering of the sampling points into three groups,
two large clusters (C and P1) and one small (P2). The two large clusters were
mainly separated along the PC1-axis, which explained 58.8 % of the total variance.
PC1 correlated strongly with parameters indicative of pollution by landfill leachate
(correlation coefficients in parentheses): electrical conductivity (0.985), alkalinity
(0.978), dissolved inorganic carbon (DIC; 0.977), magnesium (0.970), dissolved or-
ganic carbon (DOC; 0.957), calcium (0.934), ammonium (0.929), potassium (0.894),
chloride (0.891) and sodium (0.856). Cluster C in Fig. 4.2 contained groundwater
samples having low values for these parameters (slightly polluted or clean) while
clusters P1 and P2 contained samples having high values for these parameters and
therefore were obviously polluted (P). The grouping of the samples (Fig. 4.2) corre-
sponded exactly with the delineation of the plume by vertical continuous profiles of
formation conductivity obtained by cone penetration tests performed in May 1998
(Chapter 2).
Clusters P1 and P2 were separated along the PC2 axis. This axis (which explains
16.3 % of the variance) positively correlated with Si (0.860), ethylbenzene (0.781),
xylene (0.759) and naphthalene (0.563) and correlated negatively with reduced re-
dox species Fe(II) (−0.733) and Mn(II) (−0.617). Only samples from cluster P2 (1a
and 1b) contained obvious concentrations of ethylbenzene (53 mg/l) and xylene
(120 mg/l). These aromatic compounds were not present in well W2 downstream
of the landfill, while naphthalene had disappeared in well W3 (Fig. 2.3). Benzene
(maximum concentration, 28 mg/l) was more persistent, and its concentration de-
creased along the flow path, to 6 mg/l at the front of the leachate plume (W9). The
concentration of chloride (used as a conservative tracer, with a background con-
centration of 12–70 mg/l upstream of the landfill) was constant (mean value in the
plume of pollution, 270 mg/l), indicating that the decreases in the concentrations of
organic contaminants were not due to dilution. However, occurrence of degrada-
tion cannot be ascertained, because sorption and source heterogeneity can produce
the profiles as well (Chapter 2).
Degradation of dissolved organic carbon (DOC) appeared to occur under iron
reducing conditions in the plume. Oxygen (< 0.1 mg/l) was not detected in any
of the samples. Nitrate (> 0.5 mg/l, with a maximum of 76 mg/l) was only en-
countered upstream of the landfill and above the plume (Fig. 4.1), indicating that
denitrification is likely a dominant redox process at the top fringes of the plume. In
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Figure 4.2: Ordination plot produced from principal component analysis on hydrochemical
parameters of groundwater samples from the aquifer surrounding Banisveld landfill. Three
clusters of clean (C [ = ]) and polluted (P1 [ < ] and P2 [ : ]) groundwater samples are shown.
The code and lowercase letters indicate the samples examined (Fig. 4.1).
the plume, Fe(II) concentrations in general showed an increase along the transect
while the presence of a pool of Fe(III)oxyhydroxydes and hydrogen gas measure-
ments (Chapter 2) were also indicative of iron reduction as dominant redox pro-
cess. Also below the plume the absence of nitrate and measured concentrations of
hydrogen indicated iron reduction as the dominant redox process.
4.3.2 Microbial community structure within the aquifer
Microbial communities in groundwater were profiled by denaturing gradient
gel electrophoresis (DGGE) of amplified 16S rDNA fragments. Profiles of bacterial
communities were complex and showed a high degree of variation between sam-
ples (Fig. 4.3). To establish relationships between samples, the whole densitometric
curves of the tracks were numerically compared, using Pearson product-moment
correlation coefficient (Rademaker et al., 1999; Ro¨ling et al., 2000a). In general,
cluster analysis with the unweighted pair-group method using arithmetic averages
(UPGMA) grouped samples of polluted groundwater into one large cluster at a
similarity of 35 %, while clean samples clustered separately (Fig. 4.3). Only three
DGGE profiles (3c, 1c, 9b) out of 29 groundwater samples were not clustered in ac-
cordance with their degree of pollution. Differences in microbial composition and
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Figure 4.3: UPGMA cluster analysis of DGGE profiles of Bacteria (40–60% denaturant gra-
dient) in groundwater after Pearson product moment correlation. For each lane the sample
designation (Fig. 4.1), pollution level (P1, P2 and C refer to groups in Fig. 4.2), and proposed
dominant redox process (NO−3 , denitrification; Fe(III), iron reduction) are indicated.
thus community heterogeneity within the plume are clear from the fact that sam-
ples from the plume clustered only at 35 %. Samples from in and just beneath the
landfill (1a, 1b; cluster P2 in Fig. 4.2) and 33 m downstream (2a, 2b, 2c; cluster P1 in
Fig. 4.2) showed the most identical profiles. Bacterial communities in groundwater
obtained from outside the plume showed more variation than those from within
the plume. The nitrate containing groundwater samples from above the plume (4a,
5a, 6a and 7a) clustered together, while samples from further downstream but also
containing nitrate (8a and 9a), clustered separately.
A more distinctive difference in community structure within and outside the
plume was observed for archaeal communities (Fig. 4.4). DGGE profiles were less
complex than observed for Bacteria. Profiles of samples from the plume showed a
few strong dominant bands, causing a strong correlation at above 70 % for most of
the samples from the plume. Two of the dominant bands were only clearly visible
in the polluted groundwater samples, interestingly one of the bands disappeared in
the samples furthest downstream of the landfill (7b, 8b, 9b). Archaeal PCR products
were not obtained from any of the samples from below the plume.
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Figure 4.4: UPGMA cluster analysis of DGGE profiles of Archaea (45–70% denaturant gra-
dient) in groundwater after Pearson product moment correlation. For each lane the sample
designation (Fig. 4.1), pollution level (P1, P2 and C refer to groups in Fig. 4.2), and proposed
dominant redox process (NO−3 , denitrification; Fe(III), iron reduction) are indicated.
4.3.3 Composition of microbial communities in groundwater
Analysis of clone libraries was applied as a second method to characterize the
microbial communities in groundwater and allowed more detailed phylogenetic
information on microorganisms present in groundwater samples to be obtained.
This also generated more specific data on how community structure was affected
by landfill leachate. Libraries were prepared from 3 groundwater samples, each
representing one of the 3 clusters as seen in Fig. 4.2 and obtained from approx-
imately the same depth: upstream UPb (clean, cluster C), beneath the landfill 1b
(polluted, cluster P2) and downstream of the landfill 2b (polluted, cluster P1).
Nearly complete 16S rDNA sequences of Bacteria were amplified and cloned.
Between 95 to 105 clones were screened per clone library. Clones, as well as the PCR
fragments used for cloning, were re-amplified with primers F341-GC and R518 and
their DGGE profiles were compared to that of the original sample (Figs. 4.5 and 4.6).
The similarity between directly amplified groundwater DNA samples and nested
PCR (amplification with as template the 1.5 kb PCR fragment used for cloning) was
more than 80 % (Fig. 4.5). This indicates that the PCR required for cloning did not
lead to an obvious cloning bias. 74 % (UPb) to 85 % (2b) of the clones matched to
bands in the community DGGE profiles.
Ninety-six clones were randomly selected and the part of the cloned 16S rDNA
that was also profiled in DGGE (corresponding to E. coli position 341 to 518, includ-
ing V3 region), was sequenced. Later, seventeen of the partial sequenced clones and
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Figure 4.5: UPGMA cluster analysis of DGGE profiles (40 to 70% denaturant gradient) of
groundwater samples UPb, 1b and 2b used for constructing clone libraries. For each sample,
primers F341-GC and R518 were used directly with isolated groundwater DNA (original) or
with the PCR-fragment obtained with primers 8f and 1512r and used for cloning (nested).
seven additional clones, mainly clones with DGGE banding corresponding to dom-
inant bands in the original profiles, were nearly completely sequenced. Sequencing
near complete 16S rDNA did not result in an assignment to a phylogenetic group
that differed from that based on the V3 region. The majority of the clones resembled
(facultative) anaerobic and micro-aerophilic microorganisms. Sequences relating
to facultative anaerobic and micro-aerophilic microorganisms were especially ob-
served for the upstream sample. No pathogens were encountered. The distribution
of the 96 randomly sequenced clones over phylogenetic groups is shown in Table
4.1. Sixteen to 25 % of the sequences showed less than 90 % similarity to sequences
deposited in GenBank and were described as unclassified. It is obvious that micro-
bial composition differed for each groundwater sample. Upstream of the landfill
a strong dominance was observed by bacteria belonging to the β-proteobacteria
(48.6 %), mainly resembling Gallionella ferruginea (four clones, 93–95 % similarity)
and Azoarcus BS5.8 (five clones, 93–95 % similarity).
Table 4.1: Relative levels of bacterial clones related to various phylogenetic groups in clone
libraries from aquifer groundwater samples obtained upstream (sample UPb), beneath (sam-
ple 1b), and downstream (sample 2b) of the Banisveld landfill
% in following samples:
Phylogenetic group UPba 1bb 2bc
Low–G+C–content gram–positive group 3 38 11
High–G+C–content gram–positive group 9 13 6
α–Proteobacteria 6 0 0
β–Proteobacteria 49 0 20
γ–Proteobacteria 0 8 0
δ–Proteobacteria 9 4 26
Green nonsulfur bacteria 3 4 6
Spirochaetales 0 8 0
Cytophaga–Flexibacter–Bacteroides group 3 0 6
Holophaga 0 0 3
Verrucomicrobia 3 0 0
WS5 division 0 0 3
Unclassified (< 90 % similarity) 17 25 20
a Principal-component analysis cluster C (Fig. 4.2); the dominant redox process is denitrification.
b Principal-component analysis cluster P2 (Fig. 4.2); the dominant redox process is iron reduction.
c Principal-component analysis cluster P1 (Fig. 4.2); the dominant redox process is iron reduction.
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Linking of the clone identities to banding position in DGGE (Fig. 4.6, Table 4.2) in-
dicates that these sequences also referred to dominant bands in the DGGE profile of
the microbial community. Several sequences relating to genera capable of denitrifi-
cation (Azoarcus, Actinobacteria) were found in this groundwater sample taken from
a denitrifying environment, also in the dominant bands (band 2, 7 and 8 in Fig.
4.6). Furthermore, two sequences relating to sulfate reducers were encountered of
which one corresponded to a dominant band in the DGGE profile (band 9).
None of the clones from the groundwater beneath the landfill (1b) showed affil-
iation to β-proteobacteria (Table 4.1). Here a strong dominance by Gram-positives
was observed, 12.5 % of the clones belonged to the high G+C Gram-positives and
37.5 % to the low G+C Gram-positives, of which five clones (21 %) closely resem-
bled Acetobacterium sequences (95–98 % similarity). These clones could be linked
to dominant bands in the DGGE profile of the groundwater beneath the landfill
(band 10 and 11 in Fig. 4.6). Another clone falling in the low G+C Gram-positive
group also showed mobility similar to a dominant band in DGGE (band 13 in Fig.
4.6), further showing the apparent dominance of low G+C Gram-positives beneath
the landfill. Only one sequence related to known iron reducers (Geobacter-like se-
quence) was encountered, this clone related to a subdominant band in the DGGE
profile of the microbial community (band 12 in Fig. 4.6).
Downstream of the landfill the relative number of low G+C Gram-positive clones
decreased, and β-proteobacteria reappeared (Table 4.1). The identities of the β-
proteobacteria were quite different from those encountered upstream of the landfill.
Sequences related to Acidovorax (2 clones, 93–96 % similarity), Rhodoferax and sev-
eral uncultured β-proteobacteria were most frequently encountered in this clone li-
brary. Also δ-proteobacteria, especially sequences related to Geobacteraceae (8 clones,
93–98 % similarity), strongly contributed to the clone library (25.7 % of clones an-
alyzed). Two clones, that based on sequencing of the V3 region were shown to
relate to clone K20-06 (Genbank accession number AF145810) were also identified
as Geobacter spp. Initially, four clones with similar migration in DGGE (band 16 in
Fig. 4.6) showed this affiliation after sequencing the V3 region. Sequencing of near
complete 16S rDNA for two of these clones showed that both were closely related
to Geobacter sp. CdA2. Dominant bands in the DGGE profile from groundwater
samples downstream of the plume also appeared to be contributed by members of
the δ-proteobacteria (Geobacteraceae; bands 16 and 19) and β-proteobacteria (bands
18 and 21 in Fig. 4.6). The strong dominance by iron reducing Geobacteraceae is in
agreement with iron reduction being the major redox process. One sequence related
to a potential denitrifier (Azoarcus related) and another sequence related to a sulfate
reducer were also encountered. The potential denitrifier showed co-migration with
five Geobacter clones (band 16) and corresponded to a dominant component of the
DGGE profiles. As can be seen in Fig. 4.6 and Table 4.2 clones with different phy-
logenetic associations often exhibited similar migration in DGGE gels.
Confirmation that members of the Geobacteraceae were an important group of
bacteria in the iron reducing aquifer was obtained by an MPN-PCR using Geobac-
teraceae specific primers and expressing the number relative to the MPN number
obtained using general bacterial primers. Upstream the number was less then 0.5
%, underneath the landfill 6 % and downstream 25 %. Performing DGGE after a
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Table 4.2: Identities of clones related to numbered bands in Fig 4.6, as determined by partial
or near complete 16S rDNA sequencing
BandAccession no. Closest relative in GenBank database (accession no.) % Sim. Phylogenetic group
1 AY013676a Desulfosporosinus sp. strain S10 (AF07527) 96 Low-G+C gram-pos
2 AY013696a,b Gallionella ferruginea (L07897) 94 β-Proteobacteria
AY013693b Uncultured Duganella sp. strain CTHB-18 (AF067655) 93 β-Proteobacteria
3 AY013670 Unidentified β-proteobacterium cda-1 (Y17060) 96 β-Proteobacteria
AY013688 Unidentified β-proteobacterium cda-1 (Y17060) 96 β-Proteobacteria
AY013694a,b Gallionella ferruginea (L07897) 95 β-Proteobacteria
AY013698a,b Gallionella ferruginea (L07897) 93 β-Proteobacteria
AY013691b Actinomyces sp. (X92701) 96 High-G+C gram-pos
AY013663 Uncultured bacterium RB25 (Z95718) 88 Unclassified
4 AY013697a,b Gallionella ferruginea (L07897) 92 β-Proteobacteria
AY013695b Unidentified bacterium BD4-9 (AB015559) 88 Unclassified
5 AY013690a Azoarcus sp. strain BS5-8 (AF011350) 93 β-Proteobacteria
6 AY013666a Azoarcus sp. strain BS5-8 (AF011350) 93 β-Proteobacteria
7 AY013669a Azoarcus sp. strain BS5-8 (AF011350) 94 β-Proteobacteria
AY013681a Azoarcus sp. strain BS5-8 (AF011350) 94 β-Proteobacteria
8 AY013674 Unidentified bacterium DGGE band 10 (AJ009652) 98 High-G+C gram-pos
AY013684a Azoarcus sp. strain BS5-8 (AF011350) 98 High-G+C gram-pos
AY013664a Denitrifying bacterium 72Chol (Y09967) 95 β-Proteobacteria
AY013675a Azoarcus sp. strain BS5-8 (AF011350) 93 β-Proteobacteria
AY013689 Uncultured bacterium t0.6.f (AF005745) 91 Green nonsulfur bact
AY013682 Candidate division OP11 clone OPd29 (AF047561) 90 Unclassified
9 AY013665a Desulfovibrio aminophilus (AF067964) 93 δ-Proteobacteria
10 AY013593 Acetobacterium carbonolicum (X96956) 98 Low-G+C gram-pos
AY013613 Acetobacterium wieringae (X96955) 97 Low-G+C gram-pos
AY013610b Acetobacterium malicum (X96957) 97 Low-G+C gram-pos
AY013607b Acetobacterium malicum (X96957) 95 Low-G+C gram-pos
11 AY013591 Acetobacterium wieringae (X96955) 98 Low-G+C gram-pos
12 AY013609a,b Geobacter akaganeitreducens (U96918) 94 δ-Proteobacteria
13 AF013603 Uncultured eubacterium WCHB1-21 (AF505080) 96 Low-G+C gram-pos
14 AY013658 Uncultured freshwater bacterium (AF109142) 98 Unclassified
15 AY013644a,b Geobacter sp. strain CdA-2 (Y19190) 96 δ-Proteobacteria
16 AY013634a Metal-contaminated soil clone K20-06 (AF145810) 98 δ-Proteobacteria
AY013642a Metal-contaminated soil clone K20-06 (AF145810) 95 δ-Proteobacteria
AY013647a,b Geobacter sp. strain CdA-2 (Y19190) 96 δ-Proteobacteria
AY013648a,b Geobacter sp. strain CdA-2 (Y19190) 94 δ-Proteobacteria
AY013651a Geobacter sp. strain CdA-3 (Y13131) 93 δ-Proteobacteria
AY013641a Azoarcus sp. PCR strain (X85434) 93 δ-Proteobacteria
AY013649b Uncultured bacterium WCHB1-60 (AF050598) 91 Candidate div WS5
17 AY013652/3a,c Geobacter sp. strain (GSPY19190) 96 δ-Proteobacteria
18 AY013646b Acidovorax sp. strain UFZ-B517 (AF235010) 96 δ-Proteobacteria
AY013643b Rhodoferax fermentas (D16211) 96 δ-Proteobacteria
AY013650b Acidovorax devluvii (Y18616) 91 δ-Proteobacteria
19 AY013645a,b Geobacter sp. strain CdA-2 (Y19190) 95 δ-Proteobacteria
AY013633 Eubacterium limosum (M59120) 94 Low-G+C gram-pos
AY013638 Uncultured bacterium clone H1.4.f (AF005748) 93 Green nonsulfur bact
20 AY013620a Uncultured sulfate-reducing bacterium 368 (AJ389629) 91 δ-Proteobacteria
21 AY013625 Uncultured clone CRE-FL35 (AF141457) 97 β-Proteobacteria
a The identity of the closest relative in the GenBank database gives an indication of the ability to perform redox reactions
(microaerophilic, denitrification, iron reduction, or sulfate reduction).
b The 16S rDNA was almost completely sequenced.
c E. coli positions 8 to 518 and 1002 to 1512 were sequenced.
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Figure 4.6: Linking of bacterial clone identities to DGGE profiles (40 to 70% denaturant
gradient) of groundwater samples taken upstream (sample UPb), beneath (sample 1b), and
downstream (sample 2b) of the Banisveld landfill. The band positions of clones that showed
DGGE migration similar to that of a dominant band in the groundwater community DGGE
profile are indicated on the right site of the track. The band positions for clones with identi-
ties indicating an ability to perform redox reactions are shown on the left of each track. The
identities of the numbered bands are given in Table 4.2.
nested PCR with primers F341-GC and R518 on the Geobacter specific PCR product
revealed a dominant band corresponding to band 16 in Fig. 4.6 for all iron reducing
samples (groundwater from the plume and below the plume). This band was not
present in any of the denitrifying samples (data not shown).
As the clustering of Archaea DGGE profiles appears to be due to the presence
or absence of two dominant bands (Fig. 4.4), only these bands were sequenced
after excision from the gel. The upper band was 100 % similar to methanogenic
endosymbionts of the anaerobic protozoa Trimyema compressa (Emb Z16412) and
Metopus contortus (Emb Z13957), the lower dominant band was 96 % similar to an
unidentified archeaon (AF050617).
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Figure 4.7: UPGMA cluster analysis of pollution-independent sediment parameters (A) and
Bacteria DGGE profiles for sediment and corresponding groundwater samples (40 to 60%
denaturant gradient) (B). For each lane the sample designation (Fig. 4.1; SUP, S2, S3, S6, and
S9 refer to sediment samples) and level of pollution (Fig. 4.2) are indicated.
4.3.4 Geochemistry and microbial community structure of sedi-
ment
Sediment samples were retrieved from 5 locations, one upstream and 4 in the
plume of leachate in October 1998 (Fig. 4.1). Analysis of the chemical composition
of sediment pore water and subsequent cluster analysis clearly revealed that the
sediment samples from the plume were polluted and that the upstream sample
was clean and did not cluster with the four sediment samples (data not shown).
When parameters not affected by pollution (percentages of lime, humus, clay, silt,
carbon and nitrogen in sediment) were used for cluster analysis, a low relationship
was observed (Fig. 4.7A), indicating the aquifer had a heterogeneous sediment
composition. Samples SUP and S9 showed the highest similarity in chemistry.
After numerical comparison of DGGE profiles of Bacteria the five sediment sam-
ples clustered together, at 60 %, with SUP and S9 most similar to each other (Fig.
4.7B). Groundwater samples showed much less similarity. The profiles of sediment
were quite different from groundwater extracted from the same position and depth.
4.4 Discussion
In this study we attempted to relate microbial community structure to hydro-
chemistry in a landfill leachate polluted aquifer. Microbial community structures
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were determined using cultivation-independent, molecular methods. The differ-
ent steps (DNA extraction, PCR and profiling) in such a molecular approach have
their pitfalls (Von Wintzingerode et al., 1997). However, since all samples were
treated similarly, these pitfalls can be considered to be equal for all samples, allow-
ing between-sample comparison. The comparison between samples was achieved
by numerical analysis of DGGE profiles, using the Pearson product moment cor-
relation coefficient. This coefficient is robust and objective, since whole curves are
compared and subjective band-scoring is omitted (Rademaker et al., 1999). Dif-
ficulties with band assignment are especially likely to occur with highly complex
and varying profiles, as in our study. Furthermore, the Pearson coefficient does not
suffer from mismatches between peaks and shoulders as often found when using
band-scoring (Rademaker et al., 1999) and is much less laborious.
4.4.1 Comparison between microbial community structures from
groundwater and sediment
In contrast to groundwater, no relation to pollution was apparent from the anal-
ysis of microbial community structure of sediment. The number of particle-bound
microorganisms per gram sediment is usually an order of magnitude higher than
the number of free-living microorganisms per milliliter in landfill leachate polluted
aquifers (Albrechtsen and Windig, 1992; Holm et al., 1992). Since 1 cm3 of sediment
weights about 2.65 g and contains about 30 % water (valid for quartz sands with a
porosity of 0.3), the number of sediment-associated microorganisms will be about
two orders of magnitude higher than that present in water. Given that, on a geologi-
cal scale, a relatively short time has elapsed since landfilling started (1965), leachate
may have had little impact on microorganisms closely associated with the 10,000 to
100,000 year old sediments. A large part of the sediment-bound microorganisms
could be physically (e.g., in pores) or biologically (e.g., in biofilms) protected from
the influence of leachate. Furthermore, the pollutant-independent heterogeneity
in sediment composition (Fig. 4.7A) may have contributed to variability in mi-
crobial community structure (Ludvigsen et al., 1999) and hampers the observation
of changes related to pollution. The differences in community structure between
sediment and nearby groundwater is in agreement with previous observations at
landfill leachate polluted aquifers (Ro¨ling et al., 2000a) and other environments
for which communities of particle-bound and free-living bacteria were determined
(Crump et al., 1999; Kilb et al., 1998).
4.4.2 Groundwater community structure in relation to pollution
and redox processes
In the leachate plume, iron reduction is a dominant redox process and in the
zone of iron reduction BTEX compounds may get degraded. These observations
have also been made for other landfill leachate affected aquifers (Albrechtsen et al.,
1999; Heron et al., 1994a; Lyngkilde and Christensen, 1992a; Ru¨gge et al., 1995).
Both DGGE and clone library data indicate that the microbial community struc-
ture of the iron reducing leachate plume differed considerable from the unpolluted
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groundwater upstream, above and below the plume of pollution. Clustering of
DGGE profiles of Bacteria showed that 90 % of the samples were correctly separated
based on level of pollution. Two clean samples (1c, 3c) were assigned as polluted
and one polluted sample as clean (9b). The latter is from the well in the plume that
was furthest located from the landfill and thus influenced by landfill leachate for
the shortest time. Some hydrochemical parameters of sample 1c, such as chloride
concentration were remarkably high for a clean sample (data not shown). Sample
3c was also the only sample wrongly assigned when culture-dependent anaerobic
community-level physiological profiling was used (Chapter 3). All Archaea DGGE
profiles were assigned to the correct cluster, based on the level of pollution. Thus,
groundwater sampling was shown to be suitable for determining differences in mi-
crobial community structure associated with pollution. Microbial degradation can
also be determined using only groundwater samples, although degradation rates
are lower and groundwater sometimes exhibits lower degradation potential than
aquifer sediment (Albrechtsen et al., 1996; Holm et al., 1992).
Analysis of DGGE profiles showed that while communities of Archaea and Bacte-
ria in the plume clustered together, more variation was observed outside the plume.
Outside the plume more variation in dominant redox processes was found, deni-
trification occurred upstream and above the plume and iron reduction below the
plume. Clustering of Bacteria DGGE profiles correlated partially with these dif-
ferences in redox processes. Communities of Archaea were clearly different, in the
sense that all samples from iron reducing, non-plume locations failed to yield a PCR
product in the Archaea-specific PCR, while samples from locations characterized by
denitrification did give rise to a PCR product. Cluster analysis on DGGE profiles of
the latter showed that these profiles grouped together, and were different from the
Archaea communities in the leachate plume.
The results from the clone libraries linking particular organisms to bands in
DGGE profiles were consistent with the observed redox conditions. Upstream,
where denitrifiying conditions prevailed, sequences related to potential denitrifiers
(Azoarcus (Zhou et al., 1995), Actinobacteria (Schaal, 1991)), as well as microaerophilic
iron-oxidizing Gallionella ferruginea (Hanert, 1991) were encountered. Sequences re-
lated to aerobic and denitrifying bacteria were seldom encountered beneath and
downstream of the landfill. Beneath the landfill strictly anaerobic, fermentative
microorganisms, especially members of the Clostridiaceae, dominated. Also one se-
quence related to Geobacteraceae was encountered. Downstream, where iron-reduc-
ing conditions dominated, a high percentage of the sequences (22 %) was closely
related to this family. Iron reduction is a general trait of cultivated members of the
Geobacteraceae (Lonergan et al., 1996). Downstream one sequence related to a poten-
tial denitrifier (Azoarcus) and one related to a sulphate reducer were obtained, while
upstream two sequences relating to sulphate reducers were also obtained. Culture
dependent studies on a Danish landfill leachate plume also showed that usually
several types of redox reaction performing microorganisms are present at the same
location, even when redox conditions are unfavourable (Ludvigsen et al., 1999).
Specific phospholipid fatty acid biomarkers paralleled the occurrence of sulfate-
and iron reduction in the Danish aquifer (Ludvigsen et al., 1999).
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4.4.3 Community structure and degradation in the leachate plume
While cluster analysis of DGGE profiles obtained with general bacterial and ar-
chaeal primers was able to separate communities from polluted and clean ground-
water, it was not clearly able to distinguish between samples from within the plume
and relate them to hydrochemistry or processes. In part, this might be due to the
fact that iron reduction is the dominant redox process throughout the plume. Clus-
tering of the DGGE profiles of members of the Bacteria revealed separation of sam-
ples close to the landfill (sampling wells 1 and 2) from samples farther away, but
based on hydrochemistry the samples obtained near the landfill were members of
cluster P1 (hardly any BTEX compounds) and P2 (containing BTEX compounds)
(Fig. 4.2) and thus could not be clearly related to degradation. The lack of a rela-
tionship between microbial community structure and degradation is not surprising
since (i) xenobiotic compounds (primarily BTEX [< 204 mg/l]) contribute less then
1 % of the dissolved organic carbon (57-98 mg/l) in the plume and thus microor-
ganisms metabolizing BTEX make only a minor contribution to the total micro-
bial community and (ii) in addition to organic carbon, microorganisms leach from
the landfill and strongly contribute to the rDNA-based microbial community struc-
ture, although they may not be active. Leaching of Bacteria is indicated by the fact
that the groundwater sample from just below the landfill (1b) is very similar in
DGGE profile to that taken from in the landfill (1a). Also, the clone libraries from
groundwater beneath and downstream of the landfill revealed a large number of
sequences related to complex compound degrading fermentative bacteria and ace-
togens (genera Acetobacterium, Clostridium, Cytophaga, Spirochaeta and Bacteroides).
In landfills, high numbers (> 107 cells per dry gram) of acetogenic, xylanolytic and
cellulolytic bacteria are present, while only simple organic compounds leach out
(Barlaz et al., 1989). A large number of Clostridium- and Cytophaga-like sequences
were also detected in a molecular study on a Canadian landfill (Lloyd-Jones and
Lau, 1998). Microorganisms can persist in groundwater over long distances, anaer-
obic microorganisms from livestock waste water constituted a major part of the
microbial community at an aerobic sampling well 400 m from the point of pollu-
tion (Cho and Kim, 2000). Although the molecular analysis of rRNA instead of
rDNA is advocated to be more useful as it would favor the detection of the active
microbial community (e.g., Felske et al., 1998), it is unlikely to be of much benefit
for studying environments as addressed here. Starved bacteria can maintain high
numbers of ribosomes, up to 30 % of their maximum (Fukui et al., 1996). Further-
more, if one assumes that indeed an universal relation between RNA/DNA ratio
and growth rate (µ) exists and that this relation can be described with RNA/DNA
= 1.65 + 6.01 µ0.73 (Kemp, 1995), then even if microorganisms were growing in their
natural environment at the unrealistically high rate of 0.5 h−1 (generation time of
80 minutes), their RNA/DNA ratio (with RNA mainly being rRNA) will only be 3
times higher than under zero growth conditions. In the subsurface, growth-rates
can be assumed to be much lower (Whitman et al., 1998). Therefore, like rDNA
based analysis, rRNA based analysis will merely indicate presence and not activity.
High methane concentrations in groundwater indicated methanogenic condi-
tions in the landfill, thus leaching of archaeal cells from the landfill might be ex-
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pected. Remarkably one of the dominant bands in the archaeal profiles was clearly
related to a methanogenic endosymbiont of an anaerobic protozoan. This suggests
the presence of anaerobic protozoa. Pollution usually increases protozoal numbers
(Novarino et al., 1997), although no protozoa could be detected in a Danish land-
fill leachate polluted aquifer (Ludvigsen et al., 1999). Predation by protozoa and
variations in hydrochemical composition in the plume, could explain why despite
clustering together, considerable variation (profiles clustering only at 35 %) was
found in microbial community structure in the leachate plume.
Multivariate analysis on the relation between phospholipid fatty acid (PLFA)
profiles and microbial redox processes revealed that PLFA profiles also had lim-
ited value for identifying more specific microbial communities in a landfill leach-
ate plume (Ludvigsen et al., 1997). It is well known that some numerically mi-
nor groups of microorganisms are essential for major environmental processes, e.g.
nitrifiers in the N-cycle (Phillips et al., 2000). In contrast to PLFA, specific func-
tional groups of microorganisms can be more adequately investigated by molec-
ular methods, as used in this study. The knowledge on genes involved in anaer-
obic BTEX degradation is still limited (Heider et al., 1998), but expands steadily.
Hydrocarbon-degrading bacteria were recently quantified using a real-time PCR
method targeting a catabolic gene associated with anaerobic toluene and xylene
degradation (Beller et al., 2002). Molecular techniques linking community struc-
ture to function have also recently been developed. Application of stable-isotope
probing (Radajewski et al., 2000) or bromodeoxyuridine labelling (Urbach et al.,
1999) in carefully designed microcosm assays that mimic the natural situation as
closely as possible, will help to establish a clearer relation between microbial com-
munity structure and degradation processes. Also, for this aquifer, with iron reduc-
tion as major redox process and degradation under these redox conditions, a logical
choice for future research would be to focus on iron reducing bacteria. While iron
reducing bacteria are phylogenetically diverse (Amann et al., 1992; Coates et al.,
1999; Cummings et al., 1999; Lonergan et al., 1996; Lovley, 1997a), only sequences
related to Geobacteraceae were encountered. Clone libraries, linking identities to
DGGE profiles of whole microbial communities and MPN-PCR revealed a consid-
erable contribution of Geobacteraceae to the microbial community. The results pre-
sented here underline that Geobacteraceae are widely and dominantly distributed in
a diversity of iron reducing environments (Coates et al., 1996; Snoeyenbos-West et
al., 2000). Interestingly, up to now only members of this genus have been found to
be capable of toluene oxidation under iron reducing conditions (Coates et al., 1996;
Lovley et al., 1989), while there are strong indications that Geobacteraceae are also in-
volved in anaerobic benzene degradation (Rooney-Varga et al., 1999). Members of
the Geobacteraceae are also important humic acid reducers (Coates et al., 1998) and
capable of using humic acids as electron shuttles to facilitate iron reduction (Lovley
et al., 1998). Humic acids make up about 10 % of dissolved organic carbon in land-
fill leachate (Christensen et al., 1998). Consequently, members of the Geobacteraceae
are a good first choice for more detailed community studies in relation to natural
attenuation in landfill leachate-polluted aquifers.
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REACTIVE TRANSPORT MODELLING OF
BIOGEOCHEMICAL PROCESSES WITHIN
THE LEACHATE PLUME
Abstract
The biogeochemical processes governing leachate attenuation inside a landfill
leachate plume (Banisveld, the Netherlands) were revealed and quantified us-
ing the 1D reactive transport model PHREEQC-2. Biodegradation of dissolved
organic carbon (DOC) was simulated assuming first-order oxidation of two
DOC fractions with different reactivity, and was coupled to reductive dissolu-
tion of iron oxide. Implicit simulation of a growing population of iron-reducing
microorganisms was not incorporated in the model as this was found to have
only a minor effect on the results obtained. The following secondary geochemi-
cal processes were required in the model to match observations: kinetic precip-
itation of calcite and siderite, cation-exchange, proton-buffering and degassing.
Rate constants for DOC oxidation and carbonate mineral precipitation were de-
termined, and other model parameters were optimised using the non-linear op-
timization program PEST by means of matching hydrochemical observations
closely (pH, DIC, DOC, Na+, K+, Ca2+, Mg2+, NH+4 , Fe(II), SO
2−
4 , Cl
−, CH4,
saturation index of calcite and siderite). Rate of precipitation of carbonate min-
erals was low with respect to other studies, and is expected to be caused by ab-
sence of these minerals in the pristine aquifer, inhibitory effects of fulvic acids,
and the low groundwater temperature. Rate of iron reduction was compared to
rates observed at other landfill leachate plumes: a positive relation between the
rate of iron reduction and the content of reactive iron oxide in a particular aqui-
fer was found. The modelling demonstrated the relevance and impact of vari-
ous secondary geochemical processes on leachate plume evolution. Concomi-
tant precipitation of siderite masked the act of iron reduction. Cation-exchange
resulted in release of Fe(II) from the pristine anaerobic aquifer to the leachate.
Degassing, triggered by elevated CO2 pressures caused by carbonate precipi-
tation and proton-buffering at the front of the plume, explained the observed
downstream decrease in methane concentration. Simulation of the carbon iso-
tope geochemistry independently confirmed the proposed reaction network.
Parts of this chapter have been submitted to Journal of Contaminant Hydrology, with J. Griffioen, W.F.M.
Ro¨ling and H.W. Van Verseveld as co-authors
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5.1 Introduction
Natural attenuation (NA) processes are able to restrict the spreading of organic
pollution in aquifers (e.g., Christensen et al., 2001). However, uncertainty about the
continuation of NA necessitates a continuous monitoring. Monitored natural atten-
uation (MNA) is therefore an emerging remediation technique. Predictive models
on plume evolution may reveal important processes and factors that control NA
and can thereby guide and optimise the monitoring. Modelling and data gather-
ing should therefore be considered as an iterative process. Besides the occurrence,
also the type, the kinetics and sustainability of the governing degradation reactions
should be determined. The type of degradation process (e.g., aerobic, nitrate re-
duction, iron reduction, etc) changes in time and space as reflected by a sequence
of redox zones observed from the source zone to the outskirts of an organic pollu-
tion plume (e.g. Christensen et al., 2000; Christensen et al., 2001). Prediction of the
redox chemistry is essential, since the extent of degradation of specific organic pol-
lutants depends on the associated redox process (Krumholz et al., 1996; Christensen
et al., 2000; Christensen et al., 2001).
Constraining a reactive transport model to site-specific observations enables
quantification of redox processes and prediction of plume evolution. Various re-
active transport model codes have been developed in the last decade (Essaid et al.,
1995; Clement et al., 1998; Abrams and Loague, 2000a; Murphy and Ginn, 2000;
Islam et al., 2001; Van der Lee and De Windt, 2001; Brun and Engesgaard, 2002).
A reactive transport model should include in addition to the primary degradation
reactions (e.g., degradation of organic carbon coupled to iron reduction) also sec-
ondary redox (e.g., Fe(II) oxidation) and other geochemical reactions (e.g., cation-
exchange, siderite precipitation) in order to constrain the redox equations, since
these reactions affect concentrations of redox species and pH as well (Hunter et
al., 1998). This intrinsic capability makes multicomponent geochemical transport
models superior to multiple solute transport models.
Several studies exist where reactive transport models were used to model field
observations in aquifers contaminated by point sources of organic pollution (Essaid
et al., 1995; Prommer et al., 1999; Abrams and Loague, 2000b; Mayer et al., 2001;
Brun et al., 2002). Modelling the biogeochemical reactions in a landfill leachate
plume seems especially complicated because of the diversity of solutes and pro-
cesses involved, and has been performed only recently (Brun et al., 2002). Brun
et al. (2002) incorporated Monod kinetics with biomass growth for five bacterial
populations equal to the number of redox zones to simulate the degradation of dis-
solved organic carbon (DOC), but were less ambitious with respect to simulating
the complexity of the geochemical system. The discrepancy between the model and
observations (e.g., pH, bicarbonate, Fe(II)) was attributed to uncertainty on initial
conditions (DOC concentration, iron oxide content), a high yield factor for micro-
bial growth, and omission of siderite precipitation.
The present study illustrates that simulation of various secondary geochemi-
cal processes (cation-exchange, proton-buffering, kinetic precipitation of carbonate
minerals, and degassing) is required to explain the observed downstream improve-
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Figure 5.1: Cross section of the research transect downstream of the landfill site. The leachate
plume is depicted in light gray and delineated using the formation conductivity, which is
plotted from left to right (dark gray). The position of the groundwater observation wells
(WUP, W1–W9, WF: black dots or vertical lines), sediment samples (SUP, S2, S3, S6, S9: 8 ),
the minimum and maximum observed hydraulic head ( @ ), and the simulated flow path are
shown.
ment in leachate composition along a central flow path in an iron-reducing landfill
leachate plume (Banisveld landfill, the Netherlands). The model includes simula-
tion of the carbon-13 isotope geochemistry of the plume in order to verify model
results. First-order DOC degradation was applied instead of Monod kinetics with
biomass growth, in order to reduce the number of sensitive and unknown param-
eters (Essaid et al., 1995; Keating and Bahr, 1998). Rate constants for DOC oxida-
tion, and calcite/siderite precipitation were calibrated, while other model parame-
ters were optimised using the non-linear optimization program PEST (Watermark
Computing, http://www.sspa.com/pest).
5.2 Construction of the reactive transport model
5.2.1 Banisveld landfill research site
The Banisveld landfill (6 ha) is situated 5 km southwest of Boxtel, the Nether-
lands. Disposal of primarily household refuse occurred in a former 6-m-deep sand
pit between 1965–1977. Artificial or natural liners are absent, while most of the
waste is present below the groundwater table, which lies less than 2 m below sur-
face. The hydrogeochemistry of the site is described in Chapter 2. Here, only a
brief summary will be given. A leachate plume was detected using cone penetra-
tion tests at a depth of about 4 to 9 m below surface to a distance of about 70 m
from the landfill border (Fig. 5.1). The plume migrates through a heterogeneous
phreatic aquifer, which consists of fine- to coarse-grained unconsolidated clayey
sands. Groundwater observation wells (WUP, W1–W9, WF) were placed in the di-
rection of groundwater flow within and around the plume (Fig. 5.1). At each well
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site two or three wells were placed with 20-cm length screens at different depths.
Wells are indicated by the following notation: Wxy, where x is the code of the obser-
vation well site (UP, 1–9, F), and y refers to the screen depth of a well at well site x
(a–upper screen (generally above plume); b–middle screen (inside plume); c–lower
screen (below plume)). Sampling and analysis of groundwater were performed in
June 1998, September 1998 and October 1999. Sediment samples were taken at five
locations (SUP, S2, S3, S6, and S9; see Fig. 5.1) at plume depth for geochemical
analysis in October 1998.
5.2.2 Model code
The 1D PHREEQC-2 model code (Parkhurst and Appelo, 1999) was used to sim-
ulate the evolution of groundwater quality along the central flow path in the leach-
ate plume (Fig. 5.1). The PHREEQC database provided equilibrium constants for
acid-base reactions, complexation of inorganic species, and the solubility of min-
erals and gases (CH4, CO2). Solubility of Ar and N2 were taken from Andrews
(1992). The possible contribution of dissolved organic carbon (DOC) to alkalinity
was neglected (< 2 %, Chapter 2).
Simulation of 1D transport was appropriate, because no dilution of leachate
occurred along the flow path (Chapter 2): chloride concentrations in leachate were
much higher than in pristine groundwater (Table 5.1) and remained constant in
the flow direction (Fig. 5.5). The model assumes that the leachate composition in
downstream wells W2 to W9 has evolved from the leachate composition in well
W1.
5.2.3 Simulation of transport
A groundwater flow velocity of 4 m/year was assumed as best estimate (Chap-
ter 2) and used in the model. A time-step of 0.5 years was taken and the cell-length
was set at 2 m. The flow path was simulated by a series of 80 ’cells’ with a to-
tal length of 160 m (Fig. 5.1). Since landfilling occurred between 1965–1977, and
groundwater sampling was performed in the period 1998–1999, duration of advec-
tive transport is 34 years at most. Total transport time was optimised using PEST as
30.5 years (see Section 5.2.6). A flux in the start- and end-cell was taken as bound-
ary condition. The diffusion coefficient was set at 3 x 10−10 m2/s, while a low value
for longitudinal dispersivity of 0.1 m was specified. As the plume length was about
100 m (Fig. 5.1), a longitudinal dispersivity of 10 m (one tenth of the flow length)
could be expected at most (Gelhar, 1986). A longitudinal dispersivity of 10 m could
not match constant observed chloride concentrations in the plume, while a value of
1.0 m did not affect results much in comparison with the adopted value of 0.1 m.
5.2.4 Composition of leachate and pristine groundwater
Table 5.1 shows the observed compositions of inflowing leachate and pristine
groundwater and the compositions adopted in the model. The composition of
pristine groundwater used in the model was calibrated using PEST (see section
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5.2.6). The model composition for inflowing leachate was taken equal to the aver-
age composition of well W1b, located just below the landfill (Fig. 5.1). However,
for Cl−, SO2−4 , N2 and Ar, the average concentration observed in the whole plume
was adopted, because (near) conservative behaviour is observed. Leachate contains
high concentrations of the following species with respect to pristine groundwater:
Cl−, alkalinity, DOC, Fe(II), CH4, NH+4 , Ca
2+, Mg2+, K+ and Na+. Leachate leav-
ing the landfill body is supersaturated with respect to siderite and calcite. Concen-
trations of SO2−4 , N2 and Ar are lower in the plume than in pristine groundwater.
The pristine aquifer is anaerobic. Nitrate was observed only in shallow ground-
water upstream and above the plume, and was assumed to be absent at plume
depth before landfilling started. Nitrate reduction is likely to be an important re-
dox process at the top fringe of the plume. DOC degradation inside the leachate
plume was coupled to iron reduction, while sulfate reduction and methanogene-
Table 5.1: Composition of inflowing leachate and pristine groundwater (observed and
adopted in model)
Parameter Unit Leachate Pristine
observeda model observeda model
Chloride (mmol/l) 4.03–8.74 7.36 0.34–2.17 1
ECb (µS/cm) 4520–5260 – 189–754 –
Alkalinityc (mmol/l) 51.3–56.8 56 0.2–6.6 0.5
pH 6.4–6.7 6.6 4.6–6.7 5
ped −3.6 −3.6 −2.7 to −3.4 −3.0
Temperature (◦C) 10–13 11.0 – 11.0
DOCe (mmol C/L) 8.2–10.3 9.2 (2 fractions) 0.25–1.92 0
Oxygen (mmol/l) 0 0 0 0
Nitratef (mmol/l) 0 0 0/1.2/6.1 0
Mn(II) (µmol/L) 6.4–9.1 – 0.5–13 –
Fe(II) (mmol/l) 0.20–1.24 0.81 0.002–0.47 0.11
Sulfatea (mmol/l) 0.03–0.11 0.06 0.018–1.72 1
Sulfide (µmol/l) 3–6 – 0–9 –
Methane (mmol/l) 1.33–1.48 1.33 0–0.56 0.1
Nitrogen gasa (mmol/l) 0.16–0.42 0.28 0.98 0.98
Argona (µmol/l) 3.3–7.5 5 16.5 16.5
Ammonium (mmol/l) 19.2–19.8 19.8 0.006–0.067 0.067
Calcium (mmol/l) 7.83–10.4 10.4 0.42–2.72 0.42
Magnesium (mmol/l) 3.1–4.36 3.70 0.12–0.49 0.12
Potassium (mmol/l) 5.55–6.14 6.01 0.026–0.41 0.41
Sodium (mmol/l) 7.7–9.39 8.22 0.3–2.6 2.6
δ13C-DIC (‰) +13.1 +13.1 −19.55 −19.55
δ13C-CH4 (‰) −53.1 −53.1 −72.6 −72.6
δ13C-DOC (‰) −24 to −30 −27 ≈−27 –
a Observation well W1b was taken as representative for leachate. For conservative Cl, SO2−
4
, Ar and N2
observed ranges for the total plume are given. Pristine groundwater was characterized by 13 wells.
(For Ar and N2: W8a).
b EC = Electrical conductivity.
c Alkalinity comprises acid buffering of dissolved organic carbon.
d pe was calculated from the H2/H+ redox couple.
e Dissolved organic carbon from the leachate was assumed to be reactive, while pristine DOC was not.
In the model two DOC fractions differing in reactivity were used (see Table 5.2).
f Observed nitrate concentrations in pristine groundwater are given as maximum concentrations for below the
plume, above the plume and upstream of the landfill, respectively.
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sis were restricted to the landfill body (Chapter 2). This is reflected by the strong
contribution of iron-reducing bacteria of the family Geobacteraceae to the microbial
communities in this plume (see Chapter 4). Iron reduction is expected to be the
dominant redox process in the pristine aquifer at plume depth as well. Under-
saturation with respect to calcite (CaCO3) and siderite (FeCO3) indicates that the
pristine aquifer does not contain these minerals. Supersaturation with respect to
siderite and calcite indicates that precipitation of these carbonate minerals proba-
bly happens within the leachate plume (Fig. 5.7).
5.2.5 Simulation of the biogeochemical processes
Degradation of dissolved organic carbon coupled to reduction of iron oxide
Dissolved organic carbon (DOC) degradation was simulated using first-order
kinetics, assuming two DOC fractions differing in reactivity (see Table 5.2 and
Section 5.3.2). Individual DOC components were not simulated: the total con-
centration of mono-aromatic hydrocarbons was three orders of magnitude lower
than the DOC concentration, while Albrechtsen et al. (1999) measured equally low
concentrations of volatile fatty acids in methanogenic-phase leachate under iron-
reducing conditions. Dissolved organic carbon in methanogenic-phase leachate
consists mainly of humic- and fulvic acids (Christensen et al., 1998). Oxidation
of soil organic matter was not included because its reactivity was expected to be
much lower than the leachate DOC reactivity. Sorption of DOC to sandy aquifer
sediments is low (Christensen et al., 2001) and therefore neglected in the model.
Kinetic degradation of DOC was simulated following the two-step partial equi-
librium approach (e.g., Brun and Engesgaard, 2002) by transforming conservative
(to the model) DOC species into ”reactive” CH2O, which is instantaneously oxi-
dized in the PHREEQC model while maintaining thermodynamic equilibrium. The
adopted FeOOH solubility (Table 5.2) falls in the solubility range for lepidocrocite
and was calculated from hydrogen gas concentrations assuming that iron-reducers
need a minimum threshold of −7 kJ/mol H2 to oxidize H2 (Chapter 2). The hy-
drogeochemical conditions (absence of oxygen and nitrate, solubility FeOOH, pH)
determine that Fe(III) is the preferential electron-acceptor and has a higher affinity
to accept electrons than sulfate or carbon dioxide. The initial content of FeOOH in
the aquifer was taken constant and sufficiently high in order to prohibit depletion
of iron oxide close to the landfill.
Precipitation of carbonate minerals
Precipitation of siderite and calcite were modelled as kinetic reactions, because
the leachate was supersaturated and far from thermodynamic equilibrium with
these mineral phases. Rate of precipitation (R) was modelled as the product of the
observed or effective rate constant (kobs) times the saturation state minus 1 (e.g.,
Nancollas, 1979):
R = kobs(Ω− 1) (5.1)
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Ω =
IAP
K
(5.2)
where Ω is the saturation state, IAP is the ion activity product, and K is the ther-
modynamic equilibrium constant. The saturation state is 1 at thermodynamic equi-
librium, and the water is supersaturated with respect to a particular mineral when
Ω exceeds 1. The observed rate constants were determined (Table 5.2) by match-
ing the observed saturation indices of the minerals using PEST (see Section 5.2.6).
The equilibrium constants of calcite and siderite (Table 5.2) were taken from the
PHREEQC database.
Cation-exchange and proton-buffering
Proton buffering was included in the model because pH changed from slightly
acidic in the pristine aquifer to close to neutral in the landfill (Table 5.1). Proton
buffering on soil organic matter (SOM) was modelled according to the approach
of Appelo et al. (1998), with exchange coefficients for proton exchange taken from
Tipping and Hurley (1992). Proton buffering on iron oxide was neglected because
PHREEQC calculations on surface complexation (results not presented) showed
that proton desorption from iron oxide was much less than from SOM. However, it
will be of more importance in aquifers having lower SOM to FeOOH ratios.
Following Appelo et al. (1998), cation exchange capacity (CEC) was estimated
using the average clay content of the sediments (3.8 ± 2.3 %; n = 5), while the
Table 5.2: Biogeochemical reactions modelled
Reaction log (K)a Rate (mol/l/yr) Amount (mmol/l)
Biodegradation of dissolved organic carbon
DOC → CH2O 1.03 x 10−2 x [DOCp]b 6.14 (DOCp)
1.06 x 10−1 x [DOCr]b 3.06 (DOCr)
9.2 (total DOC)
CH2O + H2O → CO2 + 4e− + 4H+ instantaneous
Iron reduction
FeOOH + 3H+ ↔ Fe3+ + 2H2O −0.15 50
Fe2+ ↔ Fe3+ + e− −13.02
Carbonate precipitation
CaCO3 ↔ Ca2+ + CO
2−
3
−8.48 7.3 x 10−4 x (Ω− 1)c 0
FeCO3 ↔ Fe2+ + CO
2−
3
−10.89 3.3 x 10−5 x (Ω− 1)c 0
Cation-exchange & proton-buffering
Cation exchange capacity (CEC) 113 (142 ± 85)d
Proton buffer (Ytot) 30 (30 ± 24)d
Degassinge
Σ p(CO2, CH4, Ar, N2) ≤ P − hydro instantaneous
a log (K) is given for 25 ◦C.
b DOCr = reactive fraction of dissolved organic carbon; DOCp = persistent (less reactive) DOC fraction.
c Ω = saturation state for specific mineral in groundwater.
d CEC (meq/l) = 0.6 x [% < 2µm] x 10 x (ρb/); Ytot (meq/l) = 4.8 x [% OC] x 10 x (ρb/), (Appelo et al.,
1998). For porosity () a value of 0.3 was adopted, while for calculation of the bulk density (ρb) the specific
weight of quartz (2.65 g/cm3) was taken for the sediment grains. Model values are given, while observed
averages and standard deviations are shown in parentheses.
e P-hydro = hydrostatic pressure = 1.68 atm.
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amount of proton exchangeable sites (Ytot) was estimated using the average organic
carbon content of the aquifer (0.10 ± 0.08 %; n = 5; Table 5.2). Exchange coefficients
on clay and organic matter were taken from the PHREEQC database and Appelo et
al. (1998), respectively. Exchange coefficients of Fe2+ and NH+4 to organic matter
are not known, but were assumed to be equal to Mg2+ (Griffioen, 1992) and K+
(Bruggenwert and Kamphorst, 1982), respectively. The exchange coefficient of Fe2+
to clay (X−) was taken equal to Mg2+.
Degassing
The landfill leachate plume contains high concentrations of CH4 and CO2, and
the total gas pressure exceeds hydrostatic pressure (Chapter 2). Gas bubbles may
therefore form (Blicher-Mathiesen et al., 1998), and volatilization from the plume
may occur. In particular volatile methane can be expected to decrease in concentra-
tion as result of degassing (Baedecker et al., 1993).
PHREEQC calculates, given the hydrostatic pressure, whether or not a gas phase
forms including the moles of gas and its composition in equilibrium with ground-
water. Gases included in the model were: CO2, CH4, N2 and Ar. The hydrostatic
pressure was fixed at 1.68 atm along the flow path, which was in the range of hy-
drostatic pressure along the flow path (1.5 to 1.7 atm), and equal to the total gas
pressure of the leachate source composition. A developing gas phase was mod-
elled to be instantaneously lost from the leachate.
Modelling of 13C isotope geochemistry
The carbon isotope geochemistry was simulated in PHREEQC by adding ”C12”
and ”C13” as separate imaginary solutes to the model. The exact concentration of
12C and 13C was calculated from the DIC isotope signature in leachate and pris-
tine groundwater (Table 5.1). Degradation of DOC was simulated without isotope
fractionation, and C12 and C13 were added to the model cells in absolute amounts
calculated from the average observed δ13C-DOC value of −27 ‰ (Chapter 2).
Potential anaerobic methane oxidation was simulated as a first-order process,
and fractionation as a result of oxidation was included:
R13C = k • [CH4] •
(
[13C]
[13C] + [12C]
)
• α (5.3)
R12C = k • [CH4] •
(
[12C]
[13C] + [12C]
)
(5.4)
where R13C and R12C are the oxidation rates of 13C-CH4 and 12C-CH4, respectively,
k is rate constant for methane oxidation fitted to the observed downstream methane
decrease, [i] is concentration of species i, and α is the fractionation factor (α = 1.014).
This value has been calculated for anaerobic methane oxidation observed within
another landfill leachate plume (Grossman et al., 2002). The δ13C-CH4 of inflowing
leachate and pristine groundwater was taken at−53.1 ‰ and−72.6 ‰, respectively
(Table 5.2).
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The δ13C of precipitating carbonate minerals (siderite and calcite) was deter-
mined at each time step and distance by calculating the δ13C of bicarbonate (using
[HCO−3 ], [CO2], δ
13C-DIC and a fractionation factor 13bicarbonate−CO2(aq) of +10.6
‰ (Mook, 2000)) and adopting a fractionation factor (13carbonate mineral−bicarbonate)
relative to bicarbonate. Two sets of fractionation factors (13carbonate min−bicarbonate)
were tested (see results).
Finally, the effect of carbon dioxide degassing on δ13C-DIC was simulated. Fol-
lowing the approach of carbonate mineral precipitation, δ13C-CO2 (g) was calcu-
lated using δ13C-CO2 (aq) and taking a fractionation factor 13CO2(g)−CO2(aq) of
+1.13 ‰ at 11 ◦C (Mook, 2000).
5.2.6 Calibration of the reactive transport model using PEST
Calibration of the model was done using the parameter estimation software
PEST (Watermark Computing, http://www.sspa.com/pest). PEST optimises the
sum of weighted least squares between the model outputs and the field obser-
vations by changing assigned model parameters within given ranges of uncer-
tainty. The program uses a nonlinear estimation technique known as the Gauss-
Marquardt-Levenberg method.
The following model parameters were optimised: Fe(II), Ca2+, Mg2+, K+, Na+
and NH+4 of pristine groundwater (within observed concentration range), observed
rate constant (kobs) for siderite and calcite precipitation, oxidation rate of the two
DOC fractions (rate of reactive fraction was set 10 times faster than less reactive
fraction), proportion of the two DOC fractions, total transport time, and cation-
exchange capacity (CEC). Cation-exchange capacity was optimised because the
standard deviation of the estimates was high. The optimum found was 20 % less
than the calculated average (Table 5.2). Other parameters were kept constant.
The following groundwater hydrochemical variables were used as constraints
and taken to calculate the weighted sum of square differences with model results:
pH, DIC, DOC, Na+, K+, Ca2+, Mg2+, NH+4 , Fe(II), together with the saturation
indices of siderite and calcite (for SI calcite only well W2b was used because SI >
0 at that point). Eight screens were used (W2b-W9b), and for each screen average
values over time (n = 3) were taken. Consequently, the total sum consisted of 81
square differences.
The weight factor for each variable was taken as the reciprocal of its average
observed concentration in the plume. High sum of residuals for cations (NH+4 >
Ca > K > Mg ≈ Fe(II)) resulted in a sub-optimal fit for variables having a low sum
of residuals. Therefore, weight factors of some key variables were multiplied to
enhance the fit: pH (x10), DOC (x10), SI siderite and SI calcite (x
√
10).
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5.3 Results of reactive transport modelling
Several reactive transport simulations (S1–S8) will be discussed (see Table 5.3)
to show the effects of the various processes on the downstream change in leachate
composition.
5.3.1 Cation-exchange and proton-buffering
Cation-exchange and proton-buffering change the composition of the leachate
flowing through the aquifer. Figure 5.2 shows the composition of the total ex-
changer (T =ΣX+Ytot) along the flow path for the final model (S7). Exchange-
able (i.e., sorbed on the exchanger) ammonium and potassium increased, while
exchangeable calcium and Fe(II) decreased in the first 60 m of the flow path with
respect to pristine groundwater further downstream. Potassium and ammonium
retard due to cation-exchange at clay minerals with mainly Ca2+ and Fe(II). Ex-
changeable Fe(II) is thus released to the leachate. Figure 5.2 shows that proton-
buffering causes desorption of protons from sedimentary organic carbon, in re-
sponse to an increase in pH by inflow of leachate. Proton-buffering causes about
a unit of decrease in pH at the front of the plume (compare simulation S7 with S8
in Fig. 5.8), and subsequently triggers degassing (see Section 5.3.4) as bicarbonate
shifts to carbon dioxide (Fig. 5.9).
The fit of sodium observations is fair, and for potassium and magnesium reason-
able (Figs. 5.3, 5.4). However, simulated calcium and ammonium concentrations
further than 50 m downstream were higher and much lower, respectively, than ob-
served (Figs. 5.3, 5.4). PEST used the maximum observed pristine concentrations
of K+, Na+, and NH+4 , and the minimum observed concentration of Ca
2+ in order
to suppress simulated concentrations of calcium and improve the overall fit of the
model. Varying the exchange selectivity coefficients of Ca2+ and NH+4 within re-
ported ranges (Bruggenwert and Kamphorst, 1982) did not significantly improve
the fit of Ca2+ (results not shown). Excluding proton-buffering from the model
slightly decreased the match with Fe(II) and Ca2+ observations (results not shown).
Retardation factors for potassium and ammonium were calculated as respectively
3.4 and 2.9 using model concentrations, but for ammonium observed retardation
seems less than 2.
Table 5.3: Simulations performed
Sim Processes included Remarks
S1 No reactions (only conservative transport)
S2 Cation-exchange and proton-buffering
S3 S2 + DOC degradation coupled to iron reduction
S4 S3 + methane oxidation coupled to iron reduction
S5 S3 + precipitation of siderite and calcite [Fe(II)] prist. = min observed
S6 idem [Fe(II)] prist. = calibrated
S6a 13calcite−bicarbonate, 13siderite−bicarbonate = 0.21 ‰
S6b 13calcite−bicarbonate = 1 ‰, 13siderite−bicarbonate = 2.7 ‰
S7 S6 + degassing Final calibrated model
S8 S7, but without proton-buffering
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Figure 5.3: Observations and simulation of calcium ( B ) and magnesium ( > ).
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5.3.2 Degradation of DOC coupled to iron reduction
Degradation of DOC is coupled to reduction of iron oxide in the leachate plume
(Chapter 2). Zero- or first-order DOC degradation kinetics did not result in a rea-
sonable match with observations (results not shown), as a consequence of a very
sluggish decrease of observed DOC concentration in the downstream part of the
plume (Fig. 5.5). Monod kinetics may be a suitable rate formulation but describes
biodegradation of specific substrates and consequently does not apply for leach-
ate DOC. Biodegradation of complex organic matter like DOC is usually simu-
lated considering an infinite number of reactive fractions (Bosatta and A˚gren, 1995).
Here, a simpler model considering first-order degradation of only two DOC frac-
tions with different reactivity simulated observations well (Table 5.2, Fig. 5.5). The
decrease in overall DOC reactivity downstream is caused by depletion of the reac-
tive DOC fraction according to this degradation model. PEST optimised the pro-
portion of the most reactive fraction as a third of total DOC.
The content of iron oxide was almost completely consumed close to the landfill
after 30.5 years (Fig. 5.6). However, the few measurements do not show a decrease
in iron oxide content towards the landfill. Depletion of iron oxide downstream from
the landfill is however expected in the near future as degradation proceeds. Taking
a lower solubility for FeOOH equal to goethite (log (K) = −1.0) causes iron reduc-
tion to be energetically less favorable and results in a short sulfate-reducing zone at
the landfill border succeeded by simultaneous methanogenesis and iron reduction
downstream (Fig. 5.11). FeS was allowed to precipitate in this model. Note that,
once methanogenesis is active, degassing strongly impedes the methane concentra-
tion to increase downstream. This illustrates that occurrence of methanogenesis is
difficult to determine from methane concentrations in contaminant plumes, once
the sum of partial gas pressures starts to exceed the hydrostatic pressure.
Simulation S3 predicts that, if only cation-exchange and iron reduction would
occur, pH, DIC and Fe(II) should increase downstream (Figs. 5.8–5.10). However,
decreases in pH and DIC were observed, while the observed dissolved Fe(II) con-
centrations were much lower than the calculated Fe(II) concentrations (up to 14
mmol/l), resulting in simulated saturation indices of siderite (up to 3.5) and calcite
(up to 2.0) which are much higher than observations (results not shown).
5.3.3 Precipitation of calcite and siderite
The discrepancy between field observations and model S3, which excludes pre-
cipitation of carbonate minerals, indicates that precipitation of siderite (FeCO3) and
calcite (CaCO3) takes place. Kinetic precipitation was simulated because observed
saturation indices for these minerals were substantially above zero (siderite: 0.8–
1.8, calcite up to 0.8 near the landfill).
Rate constants for calcite and siderite precipitation were obtained by calibration
using PEST and are shown in Table 5.2. One should note that the rate constant
depends on the solubility constant of siderite, because the saturation state depends
on this constant. The reported range of the thermodynamic equilibrium constant
for siderite varies from−10.45 to−11.20 (Jensen et al., 2002) and our adopted value
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Figure 5.5: Observations and simulation of dissolved organic carbon ( < ) and chloride ( > ).
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(−10.89) fits in this range. Calibrated rate constant for siderite precipitation (3.3
x 10−5 mol/l/yr) is about 20 times lower than for calcite (7.3 x 10−4 mol/l/yr).
However, absolute amounts of precipitated calcite and siderite are about equal (Fig.
5.6), as the lower rate constant is compensated by the higher saturation state of
siderite. Lower rate constants for iron carbonate with respect to calcium carbonate
precipitation, have generally been observed (Wajon et al., 1985; Jensen et al., 2002).
Halving or doubling of the calibrated rate constant resulted in upper and lower
limits of observed SIs for siderite (Fig. 5.7).
The final model (S7) predicts a maximum of 120 mmol/l of carbonate miner-
als precipitated at the landfill border (Fig. 5.6), which corresponds to a carbonate
fraction of 0.023 % C at a porosity of 0.3. This amount is much smaller than the de-
tection limit of the measurement method used (0.5 % C). Therefore, direct observa-
tional proof for precipitation of carbonate minerals was not acquired. Observations
for siderite plotted in Fig. 5.6 are semi-quantitative measurements based on chem-
ical extractions and are indicative of the total amount of siderite present (Chapter
2).
Precipitation of siderite and calcite decreases pH and DIC in downstream direc-
tion in agreement with observations (Figs. 5.8, 5.9). The SIs for siderite and calcite
were also well matched by the model (Fig. 5.7). An important model variable
was the adopted concentration of Fe(II) in pristine groundwater. PEST optimised
the Fe(II) concentration (0.11 mmol/l) close to the observed average in pristine
groundwater (0.12 ± 0.12 mmol/l, n = 26). A higher Fe(II) concentration at pris-
tine conditions leads to a higher Fe-occupancy of the exchanger at pristine condi-
tions. This implies a larger amount of Fe(II) expelled due to cation-exchange, when
NH+4 -rich leachate enters the aquifer, and siderite precipitation is initiated upon
pH-increase. Therefore, Fe(II) at pristine conditions together with the rate constant
for DOC degradation mainly control the amount of siderite precipitated, and con-
sequently the DIC concentration. For example, if the minimum observed Fe(II)
concentration was adopted (≈ 2 µmol/l), Fe(II) released due to cation-exchange
was substantially lower (simulation S5). Consequently, simulated Fe(II) was lower
than observed (Fig. 5.10), less siderite was precipitated (result not shown) and pH
simulated in the front part of the plume was too high (Fig. 5.8).
5.3.4 Degassing
Figure 5.12 shows the simulated partial gas pressures of CO2, CH4, N2 and Ar
for the final model, as well as the total gas pressure for the simulation excluding de-
gassing (S5). The gas pressure in the leachate is high due to production of CO2 and
CH4 inside the landfill body. The total gas pressure starts to exceed the hydrostatic
pressure from about 40 m downstream in case degassing is not simulated (S5). It
reaches a maximum pressure (2.2 atm) at the front of the plume. Carbon dioxide
and methane are lost in about equal molar amounts when degassing is modelled
(i.e., total gas pressure is not allowed to exceed hydrostatic pressure). However,
the relative loss of methane is much higher, due to its lower solubility. The sim-
ulated decrease in methane by degassing at the most downstream well W9b was
14 %, while a decrease of 34 % was observed (Fig. 5.11). Mono-aromatic pollutants
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will not be attenuated by degassing as these compounds are much less volatile than
methane.
Degassing is not caused by in-situ production of gases in this aquifer (DIC pro-
duction due to DOC oxidation is less than DIC removal by precipitation of carbon-
ate minerals), but triggered by both proton-buffering and precipitation of carbonate
minerals. Both geochemical processes cause a decrease in leachate pH (Fig. 5.8),
which shifts bicarbonate to carbon dioxide (Fig. 5.9) and consequently increases
pCO2 and total gas pressure (Fig. 5.12). Carbonate mineral precipitation induces
degassing between 40-100 m downstream, while proton-buffering is the main trig-
ger at the front part of the plume (Fig. 5.11).
5.3.5 Modelling of the carbon isotope geochemistry
Simulation of δ13C-DIC was performed to verify the model. Figure 5.13 presents
the contribution of various processes to the δ13C-DIC evolution. Oxidation of DOC
contributes inorganic carbon depleted in δ13C (−27 ‰) and consequently lowers
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δ13C-DIC in the direction of flow (Fig. 5.13: S3). The observed δ13C-DIC decrease
however is larger and supports occurrence of carbonate mineral precipitation (Fig.
5.13: S6a, S6b). Carbonate mineral precipitation and DOC oxidation have a compa-
rable impact on the δ13C-DIC decrease.
The fractionation factor for calcite precipitation differs somewhat in literature,
and has not been determined for siderite precipitation at low temperature. Sim-
ulations were therefore run with two sets of fractionation factors (Table 5.3: S6a
and S6b). For simulation S6a, the fractionation factor for CaCO3 at a temperature
of 11 ◦C (+0.21 ‰) was taken from Mook (2000) and was assumed to apply for
FeCO3 as well. Romanek et al. (1992) observed higher fractionation factors for
calcite and aragonite: +1.0 ‰ and +2.7 ‰ respectively. Fractionation of aragonite
conducted in experiments between 10–40 ◦C (Romanek et al., 1992) appeared sim-
ilar to carbon-13 fractionation of siderite measured recently in precipitation exper-
iments between 45–75 ◦C (Zhang et al., 2001). The fractionation factor for siderite
can therefore be taken from aragonite for this low-temperature aquifer (Horita and
Zhang, 2001). Simulation S6b adopted the higher fractionation factors observed
by Romanek et al. (1992) and therefore resulted in a stronger δ13C-DIC decrease.
Simulation S6a simulated observations closer than simulation S6b (Fig. 5.13).
The effect of carbonate mineral precipitation on the downstream δ13C-DIC de-
crease is considerable because of the slightly acidic conditions in this aquifer. The
positive equilibrium fractionation factors between DIC species and carbonate min-
erals results in a preferential removal of 13C from the leachate. However, the equi-
librium fractionation factor with respect to carbonate minerals is much higher for
dissolved carbon dioxide than for bicarbonate (13bicarbonate−CO2(aq) ≈ +9.5 ‰ at
20 ◦C and +11.4 ‰ at 5 ◦C (Mook, 2000). Therefore, fractionation due to carbonate
mineral precipitation is relatively large under the slightly acidic conditions in this
aquifer, where CO2(aq) makes up a large part of DIC, compared to fractionation at
neutral and alkaline pH, where bicarbonate or carbonate dominate DIC.
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Degassing of carbon dioxide from the plume had a negligible effect on δ13C-
DIC because the amount of degassed CO2 was low with respect to total DIC (re-
sults of simulation not shown). The potential effect of anaerobic methane oxidation
on δ13C-DIC was little compared to DOC oxidation or carbonate mineral precipi-
tation (Fig. 5.13). The model predicts in disagreement with observations a strong
increase in δ13C-CH4 values downstream (Fig. 5.13). A much lower fractionation
factor (α = 1.001) below the reported range for oxidation (α = 1.003–1.037) but in-
dicative for degassing (Bergamaschi, 1997), explained observations better. Conse-
quently, occurrence of anaerobic methane oxidation inside this plume is unlikely,
which confirms earlier interpretation (Chapter 2). Simulation of the carbon isotope
geochemistry supports the probability of the hydrogeochemical model, and indi-
cates that carbonate mineral precipitation occurs, although δ13C-DIC observations
were not perfectly matched.
5.4 Discussion
5.4.1 Model improvement by simulating microbial growth?
Simulation of microbial degradation kinetics including microbial growth using
a multiple Monod formulation, is often incorporated in reactive transport mod-
els (e.g. Brun and Engesgaard, 2002; Essaid et al., 1995; Murphy and Ginn, 2000;
Rittmann and Van Briesen, 1996). However, microbial reactions were simulated as
kinetically controlled chemical reactions by us and others (Keating and Bahr, 1998),
without modelling growth of microbial populations themselves. The inclusion of
growth of iron-reducers will not likely improve the performance of the model, as
discussed below.
The two approaches of simulating microbial reactions in reactive transport mod-
els differ on two main aspects: firstly, degradation kinetics in microbial growth
models is not only controlled by environmental factors but also by the (growing)
size of microbial populations. Secondly, when heterotrophic microbial growth oc-
curs, a fraction of organic carbon degraded is transformed into biomass. Conse-
quently, less electron-acceptor will be used per amount of DOC degraded, com-
pared to a situation without growth.
Theoretically, a steady-state will be reached some time after inflow of organic
carbon, where all consumed DOC will be utilized to extract free energy for main-
taining an increased but stable population size (Stouthamer et al., 1990). The ef-
fective biochemical redox reaction is then equal to the chemical reaction equation.
Therefore, the length of the growth period and the increase in biomass are impor-
tant constraints for microbial models. Knowledge on these aspects is limited (e.g.
Ludvigsen et al., 1999) and these aspects have not been considered in mathematical
leachate-modelling approaches.
The microbial yield for iron reduction can be estimated using data from lab
studies on the amount of cells produced per mmol FeOOH reduced (2.0–6.4 x 109;
Liu et al., 2001a; Roden and Zachara, 1996), cell weight estimates (0.45–6.4 x 10−10
mg/cell; Essaid et al., 1995, Liu et al., 2001a), and a stoichiometry of C5H7O2N for
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biomass, and results in microbial yields between 0.005 to 0.18 C/C (mol carbon-
biomass produced per mol carbon-substrate consumed). In the culturing studies
a high-energy organic substrate (lactate) was used. The microbial yield can be ex-
pected to be lower when low-energy leachate DOC serves as substrate. Addition-
ally, we estimated the microbial yield for iron reduction between 0.02 and 0.1 C/C
following the theoretical method of McCarty (1971), assuming a threshold of −20
kJ/mol H2 for iron reduction and an acetate concentration of 5 µmol/l as carbon
source. The above mentioned measurements and theoretical estimates indicate that
the microbial growth yield of iron reduction is less than 0.1 C/C. Therefore, total
amount of iron oxide reduced in the leachate plume could be at most 10 % less
if growth of iron-reducers is simulated, which is comparable to the uncertainty in
DOC concentration taken as model constraint.
Yields for iron reduction assumed in other models constrained by observations
were either high (0.5 C/C; Brun et al., 2002), or rather low (0.003 C/C; Scha¨fer
et al. (1998)). The observed iron oxide depletion was not captured by a reactive
transport model of the Vejen landfill leachate plume, which was attributed to an
initial large DOC flux not considered in the model, and overestimation of the initial
iron oxide content in the polluted part of the aquifer (Brun et al., 2002). The un-
realistic high microbial yield adopted (taken equal for all redox processes) may be
another explanation for the discrepancy observed, as only 50 % of DOC degraded
became oxidized by reduction of iron-oxide, while the other half was transformed
into biomass.
Microbial growth models involve addition of many unknown parameters, and
hence the problem might be underconstrained (Keating and Bahr, 1998). Essaid et
al. (1995) found that microbial growth parameters were very sensitive. Although
a hydrochemical pattern can be matched using these models, caution should be
taken when making predictions. For example, degradation rates could increase in
time as populations are still simulated to grow and increase in size. To suppress
unstable effects of exponential microbial growth on degradation kinetics, biomass
inhibition factors were used (Essaid et al., 1995), or initial biomass size chosen was
very large (Brun et al., 2002). Following Keating and Bahr (1998), we consider sim-
ple kinetic formulations more reliable than the sophisticated Monod formulations,
as the former reduce the degrees of freedom in the model and result in tighter con-
strained process parameters. Furthermore, the fraction of organic carbon trans-
formed to biomass is little for iron-reducing conditions and therefore neglecting
microbial growth is reasonable. Increase of the microbial population size is also
likely to be a temporary process instead of a permanent one.
5.4.2 Kinetics of carbonate mineral precipitation
Solid solutions of Fe, Ca and Mg carbonates may form instead of pure phases
supposed in this study, as leachate was supersaturated for several carbonate min-
erals (siderite, calcite and dolomite). Precipitation of ferroan calcite (assigned as
Fe0.8Ca0.2CO3) was observed in a crude oil-polluted aquifer, where siderite was
supersaturated, but calcite was in equilibrium (Baedecker et al., 1993). Supersat-
uration for siderite together with saturation for calcite may indicate equilibrium
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with a calcium siderite, as this solid solution is more soluble than pure siderite
(Wajon et al., 1985). However, precipitation of pure calcite and siderite was mod-
elled, since equilibrium constants for mixed Fe/Ca/Mg carbonates were not found
in literature.
Observed rate constants for siderite precipitation vary over six orders of magni-
tude (Table 5.4). The observed rate constants (kobs) are simple empirical constants,
which incorporate the intrinsic rate constant (Kint) and the specific surface area of
the mineral (s) (Kazmierczak et al., 1982). The observed rate constant is often used,
as the mineral surface area in natural sediments is difficult to determine or not
known. Rate constants observed in this study for both siderite and calcite precipi-
tation, were low when compared to other observations (Table 5.4), but for siderite
close to the rate experimentally determined in a recent study (Liu et al., 2001b). Be-
sides the mineral surface area, inhibitory compounds and temperature determine
the observed rate constant. Magnesium, organic acids and phosphate are known
inhibitors of calcite precipitation (Appelo and Postma, 1993; Griffioen, 1992), but
magnesium and phosphate concentrations in the Banisveld leachate plume were
too low to inhibit precipitation. A fulvic acid concentration of only 0.028 mmol/l
completely inhibited precipitation of calcite (Inskeep and Bloom, 1986). Fulvic
acids made up ≈ 60 % of leachate of the Vejen landfill (Christensen et al., 1998),
while the DOC concentration in the Banisveld leachate plume ranged between 4
and 10 mmol/l, offering an explanation for the low precipitation rates. Next, tem-
perature has a large control on siderite precipitation rate. We calculated that the
rate increased an order of magnitude per 16 ◦C (R2 = 0.98, n = 5, 15–40 ◦C, Wajon
et al., 1985) to 20 ◦C (R2 = 0.99, n = 4, 27–76 ◦C, Greenberg and Tomson, 1992) rise
in temperature, using data from these studies. However, this temperature effect is
not sufficient to explain the orders of magnitude lower precipitation rate observed
in this aquifer with respect to other studies involving some higher temperatures
(Table 5.4).
The specific surface area of calcite and siderite is zero in the pristine aquifer at
Banisveld as carbonate minerals are absent. When minerals start to precipitate out
Table 5.4: Reported observed rate constants for siderite and calcite precipitation
Study Environment Initial Precipitation rate
content FeCO3 CaCO3 Temp.
minerals (M/yr) (M/yr) (◦C)
Van Cappellen and Wang, 1995 Lake, coastal 1x10−6
Hunter et al., 1998 Model 5x10−5 6x10−5
Liu et al., 2001b Batch experiment none 5.3x10−5 25
Jensen et al., 2002a Batch experiment none 3x10−4 2x10−2 15
Wajon et al., 1985 Batch experiment seed crystals 3x10−3 15
2x10−2 30
Matsunaga et al., 1993 Riverbed infiltration present 1.3x10−2 22
Schfer et al., 1998 Riverbed infiltration present 1.2x100 ambient
Inskeep and Bloom, 1985 Lab experiment seed crystals 3.2x100 25
Plummer et al., 1978 Theoretical rate 3.7x100 25
Greenberg and Tomson, 1992b Batch experiment seed crystals 1x100 27
This study Landfill leachate plume absent 3.3x10−5 7.3x10−4 11
a Rate constants were determined by modeling the data with a PHREEQC model (results not shown).
b Rate constant was calculated independently of total seed surface area per volume: 391.8 L2/mol/m2/s at 27 ◦C.
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of solution but no seed crystals are present, spontaneous precipitation must occur
and nucleation is the first step. When some seed crystals are formed heterogeneous
precipitation can follow. However, the total surface area is then still limited, and
consequently the associated observed rate constant is very low. On the contrary,
rate constants were much higher in experiments where seed crystals were used
(Greenberg and Tomson, 1992; Inskeep and Bloom, 1985; Wajon et al., 1985), or
in environments where carbonate precipitation took place for a longer period and
total surface area of the minerals was probably considerable (Matsunaga et al., 1993;
Scha¨fer et al., 1998).
In conclusion, low observed rate constants for both siderite and calcite precip-
itation in the Banisveld landfill leachate plume, are probably due to the initial ab-
sence of these minerals and the presence of fulvic acids in leachate, while the low
temperature of groundwater had a minor contribution to sluggish rates.
5.4.3 Determination of redox rates by geochemical modelling
Iron reduction rates were obtained in this study by constraining a hydrogeo-
chemical transport model to hydrochemical observations. Another often-applied
approach to determine in-situ redox rates is via incubation of small soil samples
(e.g., Cozzarelli et al., 2000). However, these redox assays have several disadvan-
tages. Redox assays often overestimate rates established using geochemical field
observations, which is probably caused by stimulation of microbial activity as a
consequence of physical disruption during drilling (e.g. Ro¨ling and Van Verseveld,
2002). Furthermore, absence of advective flow in assays could affect rates (Roden
and Urrutia, 1999) and might stimulate less favorable redox processes. The high
detection limit of the iron reduction assay (Ludvigsen et al., 1998) impedes determi-
nation of the iron reduction rate in many aquifer systems. Finally, redox assays are
representative for a much smaller scale (10−2 m) than the scale of a pollution plume
(101–102 m), and show considerable variation in response to small-scale chemical
heterogeneity. Up-scaling is therefore necessary. The advantage of hydrochemical
observations (representative for a scale of 10−1–100 m) is that groundwater samples
tend to homogenize spatial chemical heterogeneity and reflect the hydrogeochem-
ical evolution upstream of the observation point in case of advection-dominated
transport (Murphy and Schramke, 1998). Hydrogeochemical modelling is there-
fore a better method than the redox assay to determine redox rates on the scale of a
pollution plume.
5.4.4 Factors controlling iron reduction kinetics in leachate plumes
Degradation of organic contaminants is observed to be dependent on the gov-
erning terminal electron-accepting processes (TEAPs) (Christensen et al., 2000a;
Christensen et al., 2001; Krumholz et al., 1996). Therefore, knowledge on the fac-
tors, which control the kinetics of the TEAPs is essential to predict the overall de-
velopment and sustainability of natural attenuation at contaminated sites. Iron
reduction represents an extensive redox zone with good degradation potential in
the center of this and many other plumes, where the soluble electron-acceptors
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oxygen and nitrate cannot penetrate (Christensen et al., 2000a; Christensen et al.,
2001; Lovley and Anderson, 2000). When iron oxides deplete, degradation of or-
ganic compounds can continue under sulfate-reducing or methane-producing con-
ditions. However, sulfate concentrations in this and other plumes are too low to
maintain equal degradation potential. Consequently, a large zone of methanogene-
sis will eventually develop in the core of a leachate plume. This zone will be present
downstream of, or shows overlap with, a small sulfate-reducing zone surrounding
the landfill, while the iron-reducing zone moves downstream in time. Degradation
of hydrocarbons was observed to deteriorate when microbial degradation shifted
from iron reduction to methanogenesis (Chapelle et al., 2000; Cozzarelli et al., 2001;
Lovley and Anderson, 2000). Therefore, prediction of iron reduction kinetics is of
utmost importance for assessing long-term natural attenuation potential, as sulfate
reduction and methanogenesis generally show less potential for degradation.
Iron reduction was simulated in this study by first-order kinetics assuming two
DOC fractions with different reactivity. At the Vejen landfill, lack of available iron
oxide close to the landfill and lack of available DOC further downstream inside the
leachate plume, were observed to be controlling factors of microbial iron reduction
in laboratory experiments (Albrechtsen et al., 1995). Besides reactivity (Albrechtsen
et al., 1995) and concentration (Liu et al., 2001b) of the electron-donor, kinetics of
iron reduction is controlled by content and form of iron oxide (Albrechtsen et al.,
1995; Lovley and Anderson, 2000; Roden and Zachara, 1996), presence of humics
(Lovley and Anderson, 2000), and probably availability of nutrients.
Little quantitative information is known on the reactivity of DOC in leachate.
Humics are present in leachate (Christensen et al., 1998), and increase the rate of
iron reduction, as these act as electron shuttle between insoluble Fe oxide and iron-
reducing microorganisms (Lovley and Anderson, 2000). In particular shortage of
nitrogen and phosphorous may limit microbial growth. In landfill leachate plumes
nitrogen in the form of ammonium is present in abundance. On the contrary, phos-
phorous was measured in concentrations below the detection limit (< 0.1 µmol/l)
in this leachate plume. Potential phosphorous limitation in other landfill leach-
ate plumes could not be established, as concentrations are usually not reported in
literature. Microorganisms colonized feldspars containing trace phosphorous in a
petroleum-contaminated aquifer, where phosphorous concentrations in groundwa-
ter were low (Bennett et al., 2000). Shortage of phosphorous could hamper the rate
of iron reduction if there is potential for growth.
Rate of iron reduction was linearly proportional with iron oxide surface area
(Roden and Zachara, 1996), but the laboratory experiments were performed with
easily degradable organic substances (lactate). In the field, more recalcitrant or-
ganic compounds may provide reduction capacity. However, a correlation between
DOC degradation rate under iron-reducing conditions and content of iron oxide (cf.
Graf-Pannatier et al., 1999) may be found in landfill leachate plumes as well. Only
four landfill leachate plumes were described in literature (Vejen, Grindsted, Nor-
man, Banisveld) where we could estimate DOC degradation and iron reduction
rates, and furthermore the occurrence of other redox processes was established and
quantitative information on iron oxide content was available (Table 5.5).
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Table 5.5 shows that a positive relation exists between the rate of DOC degra-
dation/iron reduction and the content of iron oxide in a particular aquifer, while
landfill age or DOC concentration show no relation with rate of iron reduction. The
impact of iron oxide content is apparent. While the Vejen aquifer contained abun-
dant iron oxide and showed highest rates for iron reduction, the Norman landfill
leachate plume lacked bio-available iron oxide and degradation kinetics was ex-
tremely slow. The Grindsted and Banisveld landfill leachate plumes take an inter-
mediate position. Persistence of DOC was attributed to the age of organic matter in
the Norman landfill (Cozzarelli et al., 2000), but absence of reactive iron oxide may
be a better explanation. Iron-reducing rates at these landfill sites were one to sev-
eral orders of magnitude higher than calculated for pristine aquifers (Murphy and
Schramke, 1998). This probably reflects the availability of reactive organic matter
in leachate. Degradation rate of BTEX (Σ benzene, toluene, ethylbenzene, xylene)
also showed a positive relation with DOC degradation rate, and content of iron ox-
ide (Table 5.5). Consequently BTEX degradability may decrease as iron reduction
proceeds and iron oxide depletes. More insight is needed on the redox-reactivity of
DOC versus the redox-reactivity of natural Fe-oxides. Under field conditions, one
of these two seems to be rate controlling.
5.5 Conclusion
Multicomponent geochemical transport modelling was used to obtain quantita-
tive insight into the reactions contributing to the changes in leachate composition
downstream of the Banisveld landfill, the Netherlands. A combination of reactions
needed to be incorporated in the model to explain observations: degradation of
DOC coupled to reduction of iron oxide, cation-exchange, proton-buffering, and
kinetic precipitation of siderite and calcite. Degassing provides an explanation for
downstream decreasing methane concentrations and was triggered by carbonate
mineral precipitation and proton-buffering both increasing pCO2 by decreasing the
pH. Remarkably, it was sufficient to adopt a constant leachate composition, while in
other studies spatial heterogeneity (Brun et al., 2002) or temporal variability of the
Table 5.5: Estimated zero-order rates for DOC degradation coupled to iron reduction in
landfill leachate plumes in relation to content of reactive iron-oxide
Landfill DOC BTEX Rate DOC Rate BTEX Redox FeOOH
(mM C) (µg/l) (mol/l/yr) (µg/l/yr) process (mgFe/g dw)
Vejena 5–42 120–400 5x10−3–2x10−2 230–600 Fe/SO2−
4
/CH4 0.03–4
Banisveldb 8–10 180 max 3x10−4 1-7 Fe 0.1–0.2
Grindstedc 2.5–9 150 0 – max 6x10−4 13–35 Fe/SO2−
4
0.02–0.03
Normand 8–13 10 ≈ 0 ≈ 0 to < 0.6 Fe/SO2−
4
/CH4 ≈ 0
a Vejen landfill (1962–1981): Lyngkilde and Christensen (1992a+b), Heron et al. (1994), Brun and Engesgaard
(2002).
b Banisveld landfill (1965–1977): Chapter 2 and 5.
c Grindsted landfill (1930–1977; tertiary part aquifer): Bjerg et al. (1995), Ru¨gge et al. (1995), Jakobsen et al.
(1998), Heron et al. (1998).
d Norman landfill (1922–1985): Cozzarelli et al. (2000), Eganhouse et al. (2001).
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source (Van Breukelen et al., 1998) had to be accounted for. Simulation of the car-
bon isotope geochemistry confirmed the proposed reaction network independently.
The study demonstrated the relevance and impact of various secondary geochem-
ical processes on leachate plume evolution. However, the approach of modelling
the processes is non-unique. For example, proton-buffering on iron oxide was omit-
ted, a different rate law for degradation could have been adopted (e.g., taking the
content of iron oxide as additional parameter (Liu et al., 2001b), Monod kinetics
with microbial growth), precipitation of solid solutions may have happened, and
the surface area could have been incorporated in the rate formulation for mineral
precipitation.
This and other studies (Baedecker et al., 1993; Revesz et al., 1995) show that
degassing is an essential secondary process to consider in solving the reaction net-
work controlling methane. Methanogenesis will be underestimated for gas-saturat-
ed plumes if the occurrence of gas exsolution is not accounted for (see Fig. 5.11).
The significance of secondary methane-oxidizing redox reactions at the fringe of
pollution plumes, as demonstrated by Hunter et al. (1998) using the reactive trans-
port modelling, will increase substantially if degassing is considered. Furthermore,
degassing can lead to formation of a separate gas phase in aquifer pores and may re-
duce the permeability of an aquifer. The flow direction and/or velocity may change
as a result (Ronen et al., 1989; Yager and Fountain, 2001). This might also be an ex-
planation for local water table mounds observed at landfill sites (Christensen et al.,
2001).
The various secondary geochemical processes identified in this specific plume
should be considered as being of general importance for landfill leachate plume
evolution. Cation-exchange will manifest since leachate generally contains a differ-
ent salt composition and higher salt concentration than fresh groundwater in pris-
tine aquifers (Bjerg et al., 1993; Griffioen, 1999). Cation-exchange buffers Fe(II) and
retards K+ and NH+4 . Proton-buffering should be considered because pH changes
in these systems can be considerable (Griffioen, 1999). Cation-exchange and iron
reduction contribute to the supersaturation of leachate with respect to Ca- and Fe-
carbonates, respectively, and this shows that precipitation is kinetically controlled.
Finally, high production of CH4 and CO2 in the landfill body and plume makes the
necessity to consider degassing evident.
Simulations show that the rate of siderite precipitation equals or exceeds the
rate of iron reduction. Cation-exchange buffers released Fe(II) as well. Using the
aqueous Fe(II) concentration to quantify iron reduction (Wiedemeier et al., 1995)
will therefore result in underestimating the extent of reductive dissolution of Fe-
oxides, and associated extent of organic species degradation. A multiple solute
model is not able to simulate siderite precipitation or other geochemical reactions,
and could therefore only match dissolved Fe(II) in an aromatic hydrocarbon plume
when the stoichiometry ratio of Fe(II) released per amount of Fe(III) reduced was
adjusted from 1 to 1 down to 0.18 to 1 (Essaid et al., 1995). Geochemical-based re-
active transport models can account for secondary geochemical reactions and hold
therefore more promise for simulating the evolution of pollution plumes.
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BIOGEOCHEMICAL PROCESSES AT THE
FRINGE OF THE PLUME
Abstract
Various redox reactions may occur at the fringe of a landfill leachate plume, in-
volving oxidation of dissolved organic carbon (DOC), CH4, Fe(II), Mn(II), and
NH+4 from leachate and reduction of O2, NO
−
3 and SO
2−
4 admixing from pris-
tine groundwater. Knowledge on the relevance of these processes is essential for
the simulation and evaluation of natural attenuation (NA) of pollution plumes.
The occurrence of such biogeochemical processes was investigated at the top
fringe of a landfill leachate plume (Banisveld, the Netherlands). Hydrochem-
ical depth-profiles of the top fringe were captured via installation of a series
of multi-level samplers at 18, 39 and 58 m downstream from the landfill. Ten-
cm vertical resolution was necessary to study NA within a fringe as thin as 0.5
m. Bromide and its ratio to chloride can be used as alternative for chloride as
conservative tracer to calculate dilution of landfill leachate. The plume fringe
rose towards the surface from a depth of around 5 m over a vertical distance of
about 1–3 m in the course of three years, possibly as a result of soil excavation
in the area. This rise invoked cation-exchange including proton-buffering, and
triggered degassing of methane. The hydrochemical depth-profile was simu-
lated well in a 1D vertical reactive transport model using PHREEQC-2. Opti-
mization using the non-linear optimization program PEST showed that solid
organic carbon and not clay minerals controlled retardation of cations. Cation-
exchange resulted in spatial separation of Fe(II), Mn(II) and NH+4 fronts from
the fringe, and thereby prevented possible oxidation of these secondary redox
species. Degradation of conservative DOC seemed to happen in the fringe zone.
Re-dissolution of methane escaped from the plume and subsequent oxidation
could be an explanation for absence of previously present nitrate and anaero-
bic conditions in pristine groundwater above the plume. Stable carbon isotope
(δ13C) values of methane suggested that anaerobic methane oxidation occurred.
Methane was the principle reductant consuming soluble electron-acceptors in
pristine groundwater, thereby limiting NA for other solutes including organic
micro pollutants at the fringe of this landfill leachate plume.
This chapter has been submitted as ”Biogeochemical processes at the fringe of a landfill leachate pollu-
tion plume: Potential for dissolved organic carbon, Fe(II), Mn(II), NH+
4
, and CH4 oxidation” to Journal
of Contaminant Hydrology, with J. Griffioen as co-author
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6.1 Introduction
Processes occurring at the fringe of a pollution plume are in potential of consid-
erable importance for natural attenuation (NA) of the entire plume. Diffusive and
dispersive mixing of anoxic polluted groundwater with (sub)oxic pristine ground-
water at the plume fringe results in dilution and may enhance degradation: degra-
dation potential for various electron-donors like aromatic hydrocarbons is absent
or limited inside plumes, but excellent in the plume fringe, due to mixing with
the soluble electron-acceptors oxygen, nitrate and sulfate. Transversal mixing be-
tween oxic and anoxic groundwater therefore enables faster biodegradation for
many compounds. For example, oxidation by nitrate reduction in a 2 m thick fringe
took the main share of total degradation in a 20 m thick plume consisting of phe-
nolic compounds (Mayer et al., 2001).
High quality field data are however limitedly present and this hampers progress
in understanding NA processes at the fringe of pollution plumes. The hydrochem-
ical gradient perpendicular to a plume fringe is often badly captured in pollution
plume studies, because the vertical sampling point spacing is too large with respect
to the fringe thickness. Consequently, the fringe of a pollution plume is poorly con-
strained in reactive transport models. Conventional numerical models based on
rectangular grids often overpredict mixing, resulting in associated overestimation
of degradation of contaminants in the plume and, consequently, underestimation
of the actual plume expansion happens (Cirpka et al., 1999). However, occurrence
of transient flow, which is usually not simulated, enhances dispersive mixing and
hence biodegradation (Schirmer et al., 2001).
Although understanding of mixing processes is improving, knowledge on the
biogeochemistry of the plume fringe lags behind. Hunter et al. (1998) made a
distinction between primary redox reactions, where organic matter is degraded,
and secondary redox reactions (SRR), which involve the oxidation of reduced redox
species formed by the primary redox reactions. Besides dissolved organic carbon
(DOC) and aromatic hydrocarbons, several reduced redox species can be subject
to oxidation at the plume fringe, and compete for available oxidants, especially in
landfill leachate plumes: Fe(II), Mn(II), NH+4 , and CH4. Secondary redox reactions
can be beneficial when the electron-donor is considered as a pollutant (ammonium),
but can also be regarded as unwanted (methane) because the availability of soluble
oxidants then diminishes for more harmful pollutants. The potential for the various
SRRs is under debate (Griffioen, 1999; Hunter and Van Cappellen, 2000), but the
occurrence and extent of SRRs and geochemical processes at the plume fringe have
barely been studied in the field (Christensen et al., 2000a). This knowledge needs to
be developed in order to validate model simulations on degradation and dilution
at the plume fringe.
Landfill leachate contains a high ammonium concentration, where nitrification
of ammonium under aerobic conditions is a possible attenuation process. Recently,
occurrence of anaerobic ammonium oxidation (anammox) by reduction of nitrite
was proved (Jetten et al., 1998), and occurrence of anammox coupled to nitrate
reduction providing nitrite for ammonium oxidation, has been observed as well
84
Biogeochemical processes at the fringe of the plume
(Thamdrup and Dalsgaard, 2002). Anammox may be an important process in na-
ture at oxic/anoxic interfaces including the fringe of landfill leachate plumes as
well (Schmidt et al., 2002).
Ferrous iron is another competitor for both nitrate and oxygen. Anaerobic nitra-
te-dependent Fe(II)-oxidation is a microbiological process and needs the presence
of an organic cosubstrate such as acetate (Straub et al., 2001). Aerobic oxidation
of Fe(II) and Mn(II) occur both microbially mediated and chemically (Stumm and
Morgan, 1996). Re-oxidation of ferrous iron that is mobilized upon reductive dis-
solution of iron oxide in association with organic matter oxidation can be beneficial
as for example benzene seems more often degraded with Fe(III) than with NO−3 as
electron-acceptor (Lovley, 2000).
Finally, methane in leachate is prone to oxidation at the plume fringe, at least
with oxygen (Hanson and Hanson, 1996), but in potential with other electron-
acceptors too. Anaerobic methane oxidation (AMO) has been observed with sul-
fate as electron-acceptor, but the process is still poorly understood (Valentine and
Reeburgh, 2000). Hoehler et al. (1994) and Schink (1997) proposed the mechanism
of methanogens conducting reverse methanogenesis in syntrophy with sulfate-re-
ducers oxidizing and maintaining low levels of hydrogen in order to make the re-
action thermodynamically feasible. In theory, hydrogen-oxidizing microorganisms
could also use electron-acceptors other than sulfate (e.g., NO−3 , Fe(III), Mn(IV)) to
keep hydrogen levels sufficiently low for reverse methanogenesis to be favorable
(Hoehler et al., 1994). However, the concept of hydrogen as electron-shuttle dur-
ing AMO is questioned. Hydrogen in combination with acetic acid (Valentine and
Reeburgh, 2000), formate (Sorensen et al., 2001), and transfer of an electron carrier
rather than a methane-derived carbon compound (Nauhaus et al., 2002), were pro-
posed as alternatives. Anaerobic methane oxidation coupled to nitrate reduction
has been suggested (Bjerg et al., 1995; Chapter 2) and observed to occur at field
conditions (Smith et al., 1991), and in a reactor (Costa et al., 2000).
The biogeochemistry and microbial ecology of the Banisveld landfill leachate
plume has been studied in the previous chapters 2–5. The pristine aquifer was
anaerobic at about 3 m below the water table, but nitrate was present in 1998–1999
(Chapter 2). Degradation of DOC inside the plume was coupled to iron reduc-
tion. A very positive δ15N-NO−3 and an elevated N2 partial gas pressure indicated
occurrence of nitrate reduction above the plume. Some stable isotope analyses of
methane indicated that methane degassed from the plume, re-dissolved in pristine
groundwater above, and subsequently became oxidized in association with nitrate
reduction (Chapter 2). The present study was initiated to study the biogeochem-
istry of the plume fringe, and in particular the relevance of several possible SRRs at
the fringe. For this purpose, the (isotope) hydrochemistry was determined across
the fringe, at three distances downstream from the landfill, via sampling multi-
level samplers (MLS) placed in a series in order to obtain a vertical sampling inter-
val of only 10 cm. Reactive transport modelling was performed using PHREEQC-2
(Parkhurst and Appelo, 1999) in order to deduce the governing biogeochemical
processes. A series of additional simulations were performed to evaluate the rel-
ative importance of the various possible SRRs at the fringe of a landfill leachate
plume more generally.
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6.2 Material, methods and field work
6.2.1 Overview of multi-level-sampler (MLS) systems
A permanent multi-level sampler (MLS) was designed for the present study in
order to obtain repeatedly small groundwater samples of flexible volume at small
vertical spacing, with a minimum of flushing, with minimal disturbance of the bio-
geochemistry, and cost-effective. The variety in developed MLS systems is large.
Here, an overview is presented. Nested PVC wells set at different depths in a sin-
gle borehole (e.g. Cozzarelli et al., 2000) has several disadvantages: high costs, lim-
itation to 4 or 5 piezometers per borehole to ensure reliable seals in between each
sampling level (Jones et al., 1999), and large vertical spacing. A more cost-effective
and reliable method is a low-density polyethylene multiport sock sampler with
stainless steel inlet ports for permanent installation in an open borehole after filling
the sock with bentonite (Jones et al., 1999). Bladder or gas-drive pumps are used
for sampling. However, proper installation in poorly consolidated aquifers may
be problematic. Advantage of the sock sampler to commercially available mul-
tilevel devices such as the WaterlooTM Multilevel System (Solinst, Canada Ltd.,
Georgetown, Ontario) and the Westbay MPTM System (Westbay Instruments Ltd.,
Vancouver, British Columbia) is that the sock samplers seal the entire length of the
borehole.
The diffusion multi-layer sampler (DMLSTM ) is a series of closely spaced dial-
ysis cells and placed in fully screened wells (Puls and Paul, 1997). However, for
the present study the flexibility to purge screens is more attractive to obtain a sam-
ple volume up to three liters to enable analysis of some isotopes. Furthermore, the
disadvantage of plastics is that it sorbs organic micro pollutants. Another set-up is
installation of a PVC casing in a borehole with tubing at the inside and screens at
the outside (Delin and Landon, 1996; Pickens et al., 1978). Polypropylene (3 mm)
or stainless steel (6 mm) was used as tubing material, respectively. Stainless steel
screens or glass wool, wrapped with a fibreglass cloth, was used as a screen (Pick-
ens et al., 1978).
Installation of a MLS without expensive and disturbing drilling of boreholes is
attractive. A drive-point profiler allows collection of samples from multiple points
in a single drive at discrete zones (Bjerg et al., 1995; Pitkin et al., 1999), but is
not a permanent monitoring system and drilling disturbs hydrogen concentrations.
Dean et al. (1999) installed polyethylene tubing connected to a stainless steel screen
individually to various depths in a sample array by driving probe rods into the
ground using an electric hammer an retrieving them using a manual jack. Jakob-
sen et al. (1998) installed a MLS in the same way, but used bundles of seven 4-mm
Teflon tubes wrapped around a solid PVC core, and perforated at the end to form
5-cm long screens. None of these studies used a screen spacing less than 0.5 m for
obtaining hydrochemistry depth profiles.
Studies used screens made of various materials. Borosilicate glass was found to
show distinctly lower sorption of metals (Koch and Grupe, 1993) and DOC (Wessel-
Bothe et al., 2000) with respect to conventional ceramic cups. Nylon membranes
showed low adsorption of metals (Wenzel et al., 1997), but we could not find ad-
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Figure 6.1: Schematic diagram of the multi-level-sampler (MLS).
sorption characteristics with respect to DOC. Stainless steel filters are often used,
but (slow) corrosive reactions by e.g. H2S or Cl− will disturb local redox chem-
istry, incl. H2 concentrations. Steady-state hydrogen gas concentrations are reached
faster using plastics such as Teflon or PVC than using stainless steel casing (Bjerg
et al., 1997), while iron or steel casings produce H2 (Chapelle et al., 1997).
6.2.2 MLS designed for the present study
Figure 6.1 shows the MLS constructed for the present study. Teflon sampling
tubing (inner diameter (ID) is 2 mm, outer diameter (OD) is 4 mm) and porous
borosilicate glass filters (pore size is 100–160 µm, screen length is 2 cm, O.D. is 8
mm, manufacturer is Schott) were chosen to minimize alteration of hydrogeochem-
ical conditions. Sounding was preferred above drilling the MLS into the ground as
disturbance and costs are less and installation is easier. The cone resistance of this
aquifer limited the maximum diameter of the probe rods and, consequently, the
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diameter of the MLS system to about 36 mm. A maximum of six screens were at-
tached using tie-ribs at a 30 cm vertical spacing interval in an indentation made
at the outside of a 2 m length PVC pipe (I.D. is 16.5 mm, O.D. is 19 mm). Sili-
con tubing was used to seal the holes connecting the inner tubing with the outer
sampling screens. In order to prohibit short-circuit flow, screens were separated
by 2.5 cm thick solid cylinders (O.D. is 35 mm) of bentonite (Eijkelkamp, Giesbeek,
the Netherlands), wrapped in polypropylene filter sock (Eijkelkamp, Giesbeek, the
Netherlands) and confined by PVC discs (O.D. is 36 mm). PVC glue (Bizon Inter-
national, Goes, the Netherlands) was used to connect all parts of the system. The
MLS was extended in the field using PVC pipes of 1–2 m length and 5 cm long PVC
connectors.
6.2.3 Installation of the MLS
Three locations (M1, M2, M3) were selected in the flow direction at 18, 39 and
58 m from the landfill border (well W2) along an existing research transect (Fig.
6.2). Cone penetration tests (CPTs) including measurement of aquifer formation
conductivity provided the depth of the plume fringe (Chapter 2). In advance of
placing the MLSs, additional CPTs were performed to verify the current depth of
the fringe. MLSs were installed in January 2001.
Steel pipes (I.D./O.D. are 39/55 mm) with a stainless steel expendable point in
front were pushed hydraulically to the target depth using the weight of a sounding
truck. Next, the empty casing was flushed from the bottom with nitrogen gas to
remove oxygen (checked with an oxygen electrode), before putting the MLS in the
casing. Additional PVC extension pipe was glued to the MLS using PVC glue,
connectors, and tape. After finishing the MLS construction, water was added to
the casing (under a continuous flow of nitrogen gas) in order to prohibit inflow of
aquifer material while the casing was retrieved. The water was a solution of 1.0 mM
CaCl2, 1.0 mM NaHCO3 and 0.25 mM KBr with pH = 7.9, and was made anaerobic
by flushing it with nitrogen gas just before adding it to the casing.
A cluster of 4 MLSs was installed at each location (coded from deep to shallow:
A, B, C, and D) within a horizontal distance of 0.5 m from each other (Fig. 6.2).
MLSs, having 30 cm vertical spacing intervals, were placed with a depth difference
of 10 or 15 cm in order to obtain a vertical sample depth spacing of 10 cm around the
plume fringe at location M1 and M3 by forming a group of three MLSs (A-C), and
15 cm at location M2 by pairing two MLSs. A single MLS (D) was placed in pristine
groundwater above the group of three at locations M1 and M3, while in total two
MLS pairs were placed one above each other (A with B below and C with D above)
at location M2, as cone penetration tests indicated a thick fringe there. Screens were
placed between about 2-5 m below surface (surface is at 9 m above mean sea level
(msl)). Excavation of soil for nature development in the area, taking place end of
1999–2000, lowered the surface with 0.3 m at M1 and 0.8 m at M2 and M3. From
here on, depths will be given with respect to the original surface elevation of 9 m
msl.
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6.2.4 Groundwater sampling and analysis
All filters were sampled for a complete analysis of the hydrochemistry nine
months later in October 2001. A selection of filters was sampled once more for
both hydrochemistry and stable isotope analysis in February (M1) and March 2002
(M2, M3). Samples were taken using a peristaltic pump, and the amount of water
sampled was minimized in order to obtain a sample representative for a small ver-
tical aquifer section. Only 15–50 ml of water was needed to pump in order to flush
the sampling tubing three times. Electrical conductivity (GMH 3410, Greisinger
electronic, Germany), O2 (DO-166FT, Lazar Research Laboratories, Inc., LA, USA)
and pH (Model 1001, Sentron, Roden, the Netherlands) were measured by elec-
trodes placed in flow cells (Lazar Research Laboratories, Inc., LA, USA). Sampling,
conservation and analysis of alkalinity, Cl−, NO−3 , NO
−
2 , SO
2−
4 , Na
+, K+, Mg2+,
Ca2+, Fe(II), Mn(II), NH+4 , PO
3−
4 , CH4, and DOC was performed, and described in
Chapter 2. In addition, Br−, Si, and Al were measured using ion chromatography
(Br−) and inductively coupled plasma-atomic emission spectrometry (Si, Al). Five-
ml Venoject blood sample vials (3.0 ml groundwater, in duplicate) were used for
methane analysis in 2001, while 10 ml vials (7.0 ml groundwater, in duplicate) were
used during sampling in 2002.
Samples were taken for measuring the following stable isotopes: δ2H-H2O,
δ18O-H2O and δ13C-DIC (dissolved organic carbon) at the Centre for Isotope Re-
search (CIO, University of Groningen, the Netherlands), and δ13C-CH4 and δ34S-
SO2−4 at the Environmental Isotope Laboratory (University of Waterloo, Canada).
Ten-ml polyethylene (PE) bottles were filled for δ2H-H2O and δ18O-H2O analy-
sis. For δ13C-DIC analysis, 3 ml 2M NaOH CO3-free (Fisher Chemicals) was added
in a glovebox with nitrogen atmosphere to 60 ml glass vials in order to transform all
dissolved CO2 in groundwater to bicarbonate/carbonate at pH > 10. Three drops
of a I2-KI solution (1.5 g I2 and 3 g KI to 100 ml aqua dest.) were added to inhibit
further microbial activity. Vials were capped with butyl rubber stoppers, which
are resistant to NaOH and prohibit gas diffusion. Afterwards, vials were evacu-
ated outside the glovebox. Groundwater was pumped in 60 ml PE syringes and
subsequently injected in the evacuated glass vials in the field.
Samples for δ13C-CH4 were taken in 150 ml glass vials capped with airtight
stoppers. Eight drops of the I2-KI solution were added before capping. Next,
vials were flushed three times with helium gas and subsequently evacuated. Three
aliquots of ca. 50 ml groundwater were injected in the evacuated vials using a PE
syringe. High-density polyethylene (HDPE) bottles (1l) were filled with tubing at
the bottom for stable isotope analysis of sulfate. Samples were conserved by adding
in advance 50 mg zinc acetate.
6.3 Results
6.3.1 Mixing between leachate and pristine groundwater
Leachate showed higher concentrations than pristine groundwater (present at
location M1 between 1.9-3.1 m below surface) for the following compounds: Cl−,
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Br−, alkalinity, Na+, K+, Mg2+, Ca2+, Fe(II), Mn(II), NH+4 , and CH4 (Figs. 6.3 and
6.4). Pristine groundwater showed higher concentrations for SO2−4 , Si and Al (re-
sults not shown for Si and Al). Its pH is slightly acidic, while leachate pH is around
6.4. Leachate is supersaturated for siderite, in equilibrium with calcite at M1, but
undersaturated further downstream (locations M2, M3). Siderite and calcite are
not present in the pristine aquifer (Chapter 2). The concentration of PO3−4 was be-
low 0.3 µmol/l in all samples. Hydrochemical results were comparable for both
sampling events.
Mixing between leachate and pristine groundwater is determined best using
conservative tracers. Chloride is used preferably as conservative tracer in landfill
leachate studies (e.g., Christensen et al., 2001), but alternatives exist: deuterium
(Cozzarelli et al., 2000), boron (Hofer et al., 1997) and strontium isotopes (Vilomet
et al., 2001). Leachate is often enriched in deuterium with 30–60 ‰ (Hackley et al.,
1996), which enabled Cozzarelli et al. (2000) to use deuterium as a conservative
tracer. However, no deuterium enrichment was observed at the present landfill,
which disqualified deuterium as tracer here. Remarkably, most leachate samples
were depleted up to −4 ‰ in deuterium with respect to the local meteoric water
line (results not shown).
Besides chloride, bromide and fluoride were measured to determine their po-
tential as conservative tracer of landfill leachate. Chloride is not useable in some
cases, for example, near landfills where road salts are applied (Bjerg et al., 1995).
Chloride and bromide concentrations were an order of magnitude higher in leach-
ate than in pristine groundwater. The correlation between chloride and bromide
was high (R2 = 0.91, n = 71). Fluoride (0–6 µmol/l) was not correlated with Cl− or
Br−, and consequently disqualified as tracer. The Cl− to Br− molar ratio was 362 ±
13 in leachate, which is about half the seawater Cl− to Br− ratio of 639. The Cl− to
Br− molar ratio could therefore be a useful tracer to discriminate between leachate
and (dilute) salt water. The low bromide concentrations measured (1.6–18 µmol/l)
and its molar ratio to chloride prove that water used for placement of the MLSs
(Br− = 0.25 mmol/l and Cl− to Br− molar ratio of 8) has been flushed away. No
correlation between Cl− and Br− was observed for pristine groundwater (location
M1), where the Cl− to Br− ratio differed considerably (160–1900).
Three positions in the hydrochemical depth-profiles (see Figs. 6.3 and 6.4) are of
importance for later discussion and defined here: the pristine-end of the fringe (F1,
100 % pristine groundwater), the leachate-end of the fringe (F2, Br− concentration is
100 % leachate), and the divalent-cation front (F3, concentrations of divalent cations
are 100 % leachate). Note that Ca2+, Mg2+, Fe(II) and Mn(II) show a concentration
decrease in upward direction. The thickness of the fringe (the distance between F1
and F2) is 0.5 m at M1 and estimated as 1 m at M2, since position F1 is absent there.
The fringe is not captured at M3.
6.3.2 Upward movement of leachate plume
A comparison between formation conductivity depth-profiles measured using
CPTs in May 1998 and January 2001 (results not shown), and concentration fronts
of conservative species (Cl−, Br−) measured in October 2001, show that the top of
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Figure 6.3: Hydrochemical depth-profiles (October 2001) at locations M1-M3. Positions
F1-F3 are indicated. Arrows show the total upward displacement of the fringe since 1998.
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Figure 6.4: Hydrochemical depth-profiles (October 2001) at locations M1-M3. Positions F1-
F3 are indicated. Arrows show the total upward displacement of the fringe since 1998. Re-
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the leachate plume moved progressively in upward direction. The electrical con-
ductivity (EC) front detected using CPTs was present at around 5 m depth in May
1998 (Chapter 2), but about 0.6–1 m less deep in January 2001. Bromide concen-
trations measured in October 2001 show the plume fringe has risen even more
since then (Fig. 6.3). Upward-directed advective transport in combination with
geochemical processes retarding the EC (see Section 6.3.4) must have occurred to
explain the considerable shift between the bromide and the EC front particularly
at M3 (Fig. 6.3; EC not shown but follows bicarbonate front). Its non-conservative
behavior makes EC clearly unsuitable as a mixing tracer. Since the transitions in EC
were assumed to represent the fringe position, MLSs were installed somewhat too
deep. Consequently, the transition to pristine groundwater (position F1) was not
captured at M2 and M3. The total upward displacement of the fringe over three
years increases from 1.3 m at M1 to 3.3 m at M2 and beyond at M3.
The cause for the rise of the plume is not clear, but might be related to man-
made changes in the drainage system in the region, and excavation of nutrient-rich
soil (unsaturated zone) for nature development in the research area in the winter
of 1999–2000. Removal of soil lowered the surface level near the Heiloop stream to
an altitude around or just below the observed seasonally maximum groundwater
level, which could promote exfiltration by drainage of groundwater and increased
evaporation. The vertical hydraulic pressure gradient, which was monitored be-
tween 1998–2001, changed with distance from the landfill: from negative at M1
(downward flow), to about neutral at M2, and positive at M3 (upward flow). It
reached a maximum (about 0.06 m/m) at well W9 near the Heiloop stream. The
hydraulic pressure gradient at M1 must have changed after February 2001 to ex-
plain the occurrence of upward flow. Nevertheless, rise of the plume at M2 and M3
together with its increased fringe level in downstream direction (Fig. 6.3) is in line
with observations on hydraulic pressure.
6.3.3 Distribution of redox species and occurrence of redox pro-
cesses across the fringe
Electron-acceptors
Oxygen was not present in leachate (detection limit estimated at 0.5 mg/l), but a
concentration of 0.5–1 mg/l seems present in pristine groundwater at M1 (solubility
O2 in water ≈ 11 mg/l at 10 ◦C). Methane, present in low concentration above
the plume (0.2–1 mg/l), could have consumed most of the oxygen. Data were not
available to determine if the upper meter of the saturated zone was aerobic. Nitrate
was measured up to 1.2 mmol/l (mean ≈ 0.5 mmol/1) in observation wells above
the leachate plume at about 4 m below surface, during three plume snapshots taken
between June 1998 and October 1999 (Chapter 2). However, nitrate was absent
in the MLSs up to 2 m below surface in 2001–2002, with the exception of three
samples taken in 2001 from the fringe at M2. These samples showed decreasing
nitrate concentrations with depth (0.26 down to 0.16 mmol/l, MLS D). So, nitrate
had disappeared recently as electron-acceptor, while it was present at an earlier
stage; nitrate reduction likely occurred in the period 1998–1999 (Chapter 2).
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Alternative electron-acceptors at the fringe could be metal oxides and sulfate.
Low Fe(II) concentration and undersaturation for siderite indicate that iron reduc-
tion is not important at the fringe and in pristine groundwater above. The log-
arithm of the Mn(II) to Fe(II) mole ratio in leachate ranges between −2 and −1.6.
Remarkably, it increases from the Fe(II) and Mn(II) fronts towards the surface at M2
and M3, while Mn(II) even exceeds the Fe(II) concentration for two fringe samples
at M2. This indicates presence of manganese oxide in the upper part of the aquifer
and that reductive dissolution probably happens upon inflow of rising leachate.
The sulfate to bromide ratio decreases with depth indicating occurrence of sul-
fate reduction in pristine groundwater at M1 (Figs. 6.3 and 6.4). The sulfate con-
centration and its decrease at M1 were less in 2002 than in 2001 (results not shown).
Remarkably, sulfate has a peak concentration in the fringe zone at M1. Sulfate
seems to mix conservatively in the fringe zone at M2. Bromide shows that leachate
is present over the full depth-profile at M3. Oddly, sulfate exceeds typical leachate
concentrations and decreases with depth there.
Sulfur isotopes of sulfate were measured to verify occurrence of sulfate reduc-
tion. Results were available for M2 and M3. Negative δ34S-SO2−4 values (−0.7 to
−1.6 ‰) at M3, and positive but low values (+2.8 to +7.5 ‰) at M2, indicate that the
origin of sulfate could be meteoric (−3 to +9 ‰ for anthropogenic sulfate in rain-
fall (Krouse and Mayer, 2000)). High correlation was observed between δ34S and
both the inverse of sulfate concentration and the natural logarithm of the remain-
ing sulfate fraction at M2 (R2 = 0.96, n = 5). This means that observations might
be explained by either contribution of a source (signature: +1.6 ‰) or sulfate re-
duction ( ≈ 3.3 ‰). Oxidation of FeS minerals, a possible source of sulfate, which
could have a δ34S signature of +1.6 ‰, can be ruled out, as oxygen and nitrate were
absent. Furthermore, sulfate reduction is unlikely to happen at M2 or M3, as the
fractionation factor associated with this process is much higher ( = 10–24 ‰ and
up (Krouse and Mayer, 2000)). The variation in δ34S is therefore attributed to a
small variation in origin. However, the downward decreasing SO2−4 to Br
− ratio
indicates that sulfate reduction happens in pristine groundwater at location M1.
Electron-donors
Possible electron-donors susceptible to oxidation at the fringe are divided into
three groups: 1) non-sorbing organic solutes (conservative with respect to physical
transport): DOC (humic- and fulvic acids) and CH4, 2) adsorbing (non-conservative)
organic contaminants (e.g., benzene), and 3) cation-exchangeable inorganic cations
(non-conservative): Fe(II), Mn(II), and NH+4 . Soluble electron-acceptors such as O2
and NO−3 capable of oxidizing these electron-donors mix conservatively with leach-
ate. The concentration of an electron-acceptor admixing from pristine groundwater
is per definition 100 % at the pristine end of the conservative tracer front (Figs. 6.3–
6.4: F1), and zero at the leachate end of the conservative tracer front (Figs. 6.3–6.4:
F2). Consequently, oxidation of Fe(II), Mn(II) and NH+4 will be of little importance
(even if O2 and NO−3 were present in pristine groundwater), because retardation of
cations due to cation-exchange leads to separation from the dissolved oxidants (if
O2 and NO−3 will be present), as will be explained in more detail later.
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Dissolved organic carbon (measured for M1 and M3 in 2001) showed high con-
centrations both for leachate (6.1–10.7 mmol/l) and pristine groundwater (6.7–9.7
mmol/l) at M1 (results not shown). However, low DOC concentrations were mea-
sured for two fringe samples at M1 (1.7 and 3.2 mmol/l) suggesting that oxida-
tion of DOC happens at the fringe. High bromide concentrations showed that
leachate was present in the complete depth-profile at M3. Five out of the upper
eleven samples (above 3.9 m below surface) at M3 showed low DOC concentra-
tions (4.8–5.1 mmol/l), while DOC concentration at larger depth was comparable
to the DOC concentration measured at M1. This indicates that DOC became partly
degraded after the plume rose at M3. The other organic and non-sorbing (conser-
vative) electron-donor in leachate is methane and is present at high concentration.
Processes governing the fate of methane are discussed in Section 6.3.5.
6.3.4 Impact of cation-exchange reactions and proton-buffering
The fronts of cations are clearly separated in space (Figs. 6.3–6.4). After the
conservative tracer front (F1-F2), the following cation fronts follow with depth: 1)
Na+, 2) NH+4 and K
+ (NH+4 slightly before K
+), and 3) Ca2+, Mg2+, Fe2+ and
Mn2+. Front-spacing is as little as 10 cm at M1. The front spacing is larger at M2,
while all cations except sodium are strongly retarded with respect to bromide at
M3. These chromatographic patterns proof that advective instead of dispersive
transport has occurred (Appelo and Willemsen, 1987), i.e., the leachate plume has
risen towards the surface.
The observed chromatographic pattern is particular in the way that the K+ and
NH+4 fronts are present closer to the fringe (i.e., are less retarded) than the diva-
lent cation fronts (Ca2+, Mg2+, Fe(II), and Mn(II); see Figs. 6.3–6.4). This order
implies that solid organic carbon (SOM) rather than clay minerals control the sorp-
tion of cations, because monovalent K+ and NH+4 have a lower affinity than diva-
lent cations for SOM (Chung and Zasoski, 1994), while this is vice versa for clay
minerals (Bruggenwert and Kamphorst, 1982). Measurements on clay and SOM
content at a depth of 5–7 m, where the plume axis is situated, could not support
this. However, the heterogeneity is large with respect to both clay (1.4–7 %) and
organic carbon content (0.03–0.26 %; n = 5). Sediments possibly contain a relatively
high SOM and low clay content at lower depth, and thereby invoke this specific
chromatographic pattern.
The results bring forward occurrence of cation-sorption and proton-buffering
on SOM at the fringe zone. Flow of pH-neutral leachate through this slightly acidic
aquifer was shown to trigger release of protons from SOM as a result of proton-
buffering (Chapter 5). All divalent cations become lowered in concentration from
the divalent cation-front (F3; monovalent cations at somewhat higher elevation)
towards the leachate end of the fringe (F2), while the pH decreases (proton con-
centration increases) simultaneously over the interval F3–F2. So, release of protons
from SOM in exchange for cations in leachate happens in response to a rise of the
leachate plume. In addition, desorption of Al from SOM and subsequent precip-
itation of Al-hydroxide could happen and would lower the pH and enhance pH
retardation.
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6.3.5 Fate of methane: degassing and anaerobic methane oxida-
tion
Proton-buffering causes retardation of the pH front. Consequently, pH decreases
between F3 and F2, while DIC behaves conservatively and remains constant until
it dilutes due to mixing with pristine groundwater between F2 and F1 (Fig. 6.3).
This pH change results in a decrease of bicarbonate and an associated increase in
dissolved carbon dioxide and partial CO2 pressure. The pH decrease and pCO2
increase at location M2 set in from the bottom of the profile in upward direction,
indicating that proton-buffering also occurs below F3 at M2. Remarkably, pCH4
decreases, while pCO2 increases. The CH4 partial pressure was calculated for the
situation that only conservative mixing would happen, where mixing is calculated
from Br− concentrations. The area is indicated where observed pCH4 is below the
partial methane pressure according to conservative mixing (Fig. 6.4). Apparently,
degassing of methane compensates for an increase in total gas pressure, caused by
an increase in partial CO2 pressure as a consequence of proton-buffering. Redis-
solution of methane in pristine groundwater, escaped from leachate as result of a
rising plume, followed by oxidation, could be an explanation for the absence of
oxygen and nitrate.
Carbon-13 isotopes of methane were measured to determine if oxidation of
methane occurred at the plume fringe. Previous measurements in 1999 showed
that δ13C-CH4 ranged between −54.4 to −52.7 ‰ (n = 9) along the plume axis (6–
8 m below surface), while a value of −50.3 ‰ (n = 1) was observed for pristine,
methane-containing groundwater (CH4 = 0.3 mmol/l, Cl− = 0.8 mmol/l) above
the plume (Chapter 2). Current measurements showed most negative values at
the bottom of the MLS profiles, while lower methane concentrations and enriched
δ13C-CH4 values up to −39 ‰ were observed closer to the surface (Fig. 6.4). Re-
cently, Grossman et al. (2002) observed a correlation between decreasing methane
concentrations and increasing δ13C-CH4 values downstream in the Norman land-
fill leachate plume, and attributed this to anaerobic methane oxidation (AMO), pre-
sumably coupled to sulfate reduction. Such a correlation is also found at location
M3 (R2 = 0.66), but absent at location M2 (Fig. 6.4). The calculated enrichment
factor of −9.7 ± 3.1 ‰ for location M3, was somewhat lower than observed at
the Norman site (about −13 ‰), but indicative for (anaerobic) methane oxidation
(Bergamaschi, 1997; Grossman et al., 2002). Carbon-13 of DIC was not useful to
verify occurrence of methane oxidation as the DIC concentration was much higher
than the potential concentration of oxidized methane. Depleted δ13C-DIC values
indicative of methane oxidation, were neither observed in pristine groundwater at
M1 (around −21 ‰, n = 2).
The fractionation factor for diffusion of methane through the water-air interface,
which seems to apply for degassing, is much lower ( ≈ 1 ‰) than for methane
oxidation (Bergamaschi, 1997). Consequently, degassing alone cannot explain the
observed upward δ13C-CH4 enrichment, and therefore degassing seems to happen
in combination with AMO.
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6.4 Reactive transport modelling of the rising plume
fringe
6.4.1 Model set-up and calibration
A reactive transport model was constructed in PHREEQC (Parkhurst and Ap-
pelo, 1999) to simulate the hydrochemistry of the plume fringe at location M1, in or-
der to verify quantitatively if proton-buffering and degassing triggered by a rising
plume determine the hydrochemical patterns across the fringe. Cone penetration
tests from June 1998 (assuming the conductivity front to coincide with the bromide
front) and bromide data from October 2001 (Fig. 6.3) show that the fringe has risen
to the surface across a vertical distance of 1.3 m in this period at M1. The model
made consisted of 100 cells each having a length of 0.05 m. Leachate was present in
the lower forty cells, pristine groundwater in the upper sixty cells. Advective up-
ward transport of leachate, displacing pristine groundwater, was simulated across
the observed vertical distance of 1.3 m (26 shifts). A dispersivity of 0.005 m was
determined from a best fit for bromide.
The leachate and pristine groundwater composition were assumed constant.
For leachate, the average observed concentration was taken between 3.8–4.9 me-
ters below surface (n = 9; excluding screens at 4.2, 4.4, 4.8 m below surface for all
species except methane). The model composition for pristine groundwater (pH,
Na+, K+, Ca2+, Mg2+, NH+4 ) was optimized (see later) within the concentration
range as observed for screens between 1.6 to 2.8 m below surface (n = 5). The av-
erage of observed concentrations was taken for alkalinity, Cl−, and Br−. Pristine
concentrations for Fe2+ and Mn2+ were allowed to optimize below the observed
minimum for pristine groundwater in order to improve the fit of the model. A
temperature of 11 ◦C and a pe of −1.6 were taken for both leachate and pristine
groundwater.
The proton-buffer (Ytot) and the cation exchange capacity (CEC) were optimized
between zero and maximum values, which were estimated from soil organic carbon
and clay content measurements in the aquifer, respectively (Chapter 2), following
Appelo et al. (1998). Exchange coefficients for cations on CEC were equal to those
used in the reactive transport model of the central flow path in this plume (Chapter
5). Exchange coefficients for cations on the proton-buffer (Ytot) were taken from the
previous study as well, but were allowed to change during optimization to values
1 log unit lower than the CEC exchange coefficients.
The model was calibrated using the non-linear optimization program PEST (Wa-
termark Computing: http://www.sspa.com/pest). Observations between 3.1–3.7
m below surface (n = 7) for pH, alkalinity, Na+, K+, Ca2+, Mg2+, NH+4 , Fe
2+, Mn2+,
and Br− were used to constrain the model. The reciprocal of observed values was
taken as weight factor. Weights for alkalinity and ammonium at 2.8 m below sur-
face were set to zero, because of the large discrepancy between the model and ob-
servations. Weight for pH was multiplied with a factor 10.
Degassing was simulated as described in Chapter 5. Degassing of CH4, CO2,
and N2 was modelled. A partial N2 pressure of 0.8 atm was adopted for pristine
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groundwater, while for leachate the average observed pN2 of 0.34 atm (Chapter 2)
was taken. For each cell a specific hydrostatic pressure was imposed, calculated
using the minimum observed water table level (1.3 m below surface) in the period
1998–2001 (12 measurements) at M1. The total gas pressure exceeded the hydro-
static pressure up to some tenths of an atmosphere in the present plume (Chapter
2). Therefore, bubble formation and subsequent degassing from the groundwater
to the atmosphere was only allowed if the sum of the CH4, CO2, and N2 partial gas
pressures exceeded the sum of the hydrostatic pressure and an adopted threshold
pressure of 0.32 atm at a particular depth.
6.4.2 Model results
Results of the modelling are presented in Fig. 6.5. The model reproduces ob-
servations well. Note that the model did not aim to capture the pH variation in
pristine groundwater. A realistic value was optimized for the proton-buffer, while
the cation exchange capacity (CEC) was required to be very low (Table 6.1). This is
explained by geochemical heterogeneity of the aquifer (see before). A larger CEC
to proton-buffer ratio gives an overall higher selectivity for K+ and NH+4 and could
therefore not reproduce the chromatographic pattern at the site. Precipitation and
dissolution of Al-hydroxide could have an additional impact on the buffering of
protons, but was not included in the model. Test simulations produced a non-
observed Al peak at the fringe, as a result of desorption of Al from SOM (result not
shown). Absence of this Al peak indicates that Al desorption and subsequent pre-
cipitation of amorphous Al-hydroxide, are not significant. The neglect of Al yields
more proton-buffering, because the occupancy of SOM with H+ becomes higher at
lower pH.
Table 6.1: Optimized model parameters and measured values (minimum, mean, maximum)
Pristine groundwater (mmol/l, M1: 1.9 to 3.1 m below surface, n = 5)
pH HCO−
3
Ca2+ Mg2+ Na+ K+ NH+
4
Fe2+ Mn2+
minimum 4.94 0.18 0.09 0.005 0.41 0.11 0.005 0.009 3x10−4
mean 5.37 0.38 0.38 0.13 1.18 0.18 0.007 0.054 0.017
maximum 5.71 0.55 0.86 0.34 1.7 0.24 0.011 0.12 0.004
optimum 5.48 0.09 0.06 1.47 0.15 0.011 0.002 8x10−5
Sedimenta Exchange coefficients on proton-bufferb
CEC Ytot CaY2 MgY2 NaY KY NH4Y FeY2 MnY2
minimum 9 1.6 −0.20 −0.40 −0.40 −0.40
mean, initial 23 4.7 0.10 −0.20 −1.00 −0.75 −0.75 −0.20 −0.20
maximum 42 12.3 −0.30 −0.40
optimum 0.2 8.3 −0.20 −0.40 −0.57 −0.75 −0.20 −0.20
Model set-up
Cells Cell-length Shifts Diffusion coefficient Dispersivity
100 0.05 m 26 0.3 x 10−9 m/s2 0.005 m
a Contents for the cation exchange capacity (CEC) and the proton-buffer (Ytot) are given in meq/kg soil.
Conversion to meq/l was done for the model by multiplying with 6.2 (using a porosity of 0.3 and the specific
weight of quartz (2.65 g/cm3)).
b Values are expressed as log(K) for Ii+ + iY − = IYi.
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The minimal measured Ca2+, Mg2+, Fe2+ and Mn2+ concentrations, and the
maximal measured Na+ and NH+4 concentrations were optimums found for pris-
tine groundwater. The best model fits for in particular Fe2+ and Mn2+ were at-
tained if the selectivity of Ca2+ and Mg2+ for the proton-buffer was reduced, while
the Fe2+ and Mn2+ concentration for pristine groundwater was taken below the ob-
served minimum (Table 6.1). Decreasing the potassium selectivity for the proton-
buffer resulted in a slightly better fit too. The model mimicked observations still
satisfactorily, when standard values for selectivity coefficients and the minimum
observed pristine Fe2+ and Mn2+ concentrations were adopted. Only the Fe2+ and
Mn2+ fronts were then not captured well, and small peaks were simulated (results
not shown).
Identical chromatographic patterns were observed at locations M2 and M3 (Figs.
6.3–6.4). The proton-buffering zone (the distance between F3 and F1) doubled at M2
(estimated as 2.5 m) with respect to M1 (≈ 1.0 m), and is explained by the double
vertical distance (≈ 3.3 m at M2 versus ≈ 1.3 m at M1) across which the plume
rose at that location. The proton-buffering zone was largest at M3 and extended
from front F3 to beyond the top of the MLS profile. Cation concentrations except
for sodium changed dramatically within a 20-cm vertical distance at 3.8 m below
surface. Apparently, a thin layer must be present there with a high exchange capac-
ity, prohibiting breakthrough of pH and all cations except sodium, which has the
lowest affinity for exchange sites (Table 6.1).
The simulated methane concentration overshoots observations at the proton-
buffering zone when degassing is not included in the model (Fig. 6.5: dashed line).
The model predicts methane observations better at this zone, when simulation of
degassing is included (Fig. 6.5: solid line). Proton-buffering causes a pH decrease,
which results in a peak of the pCO2 pressure at 3.5 to 4 m below surface. The total
gas pressure exceeds the sum of the hydrostatic and threshold pressure then (Fig.
6.5: dashed line), and gas bubbles will form, which escape towards the atmosphere.
The model reproduces the increase in pCO2 compensated by a decrease in pCH4
as observed in the field quite well (Fig. 6.4). The observed methane loss seems
somewhat larger than simulated. This could be due to uncertainty in the threshold
pressure or AMO not included in the model.
6.4.3 General model for secondary redox reactions at the fringe of
a landfill leachate plume
A series of additional 1D PHREEQC simulations were performed to evaluate
the potential of Fe(II), Mn(II), NH+4 and CH4 oxidation at the top fringe of landfill
leachate plumes in general. Oxidation can occur if the front of an electron-donor
overlaps with the opposite-oriented front of a soluble electron-acceptor admixing
from pristine groundwater (i.e., the electron-donor is in physical contact with the
electron-acceptor). The control of aquifer geochemistry (CEC, proton-buffering) on
the potential for occurrence of secondary redox reactions was addressed. Further-
more, effects of both a stationary fringe and a transient fringe (seasonally upward
and downward moving) were evaluated. In the case of a stationary fringe only
diffusion was simulated in order to mimic transversal dispersion.
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Figure 6.5: Results of reactive transport model of plume fringe at location M1. Dashed lines
show partial methane pressure and total gas pressure for simulations without degassing.
Simulations (results not presented) showed that methane has best contact with
electron-acceptors in pristine groundwater, and is consequently most reactive at
the top fringe of a plume, in particular when a plume moves (seasonally) upwards
like observed in the present study. In that case cation-exchange reactions involv-
ing NH+4 , Fe(II) and Mn(II) result in a spatial separation with available dissolved
electron-acceptors outside the plume, where the extent of separation depends on
CEC and impact of proton-buffering (i.e., SOM content and pH difference across
fringe). This situation is comparable to the downstream edge (front) of a plume
where advective transport moves the plume downstream. In contrast, sorption-
induced retardation could result in contact of NH+4 , Fe(II) and Mn(II) with conser-
vative electron-acceptors, if a plume moves (seasonally) downwards with sufficient
amplitude. Ammonium will then be most susceptible to oxidation as it sorbs better
than Fe(II) or Mn(II). Fe(II) or Mn(II) will only be the electron-donors in best con-
tact with oxidants if the CEC is limited and the proton-buffer, preferentially sorbing
Fe(II) and Mn(II) over NH+4 , is large. Contact for all these electron-donors with dis-
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solved electron-acceptors in pristine groundwater is good, but decreases slightly in
the order: CH4, NH+4 , Fe(II) or Mn(II), for both a transient (top/bottom) fringe at
average elevation and a transversal dispersion controlled stationary fringe.
6.5 Discussion and conclusion
The present study shows that NA at the fringe of this landfill leachate plume
was limited, while 40 % of DOC degraded along the plume axis (Chapter 2). Lim-
ited reactivity was primarily due to absence of oxygen and nitrate in pristine ground-
water. This finding contrasts with a study on NA of a plume with phenolic com-
pounds, where redox reactions at the fringe were primarily responsible for degra-
dation (Mayer et al., 2001). There, toxic contaminant levels probably impeded
degradation in the core, while dilution and presence of O2 and NO−3 in pristine
groundwater resulted in degradation at the fringe. Detailed vertical sampling on
0.1 m scale was necessary to capture the hydrochemical gradients across the plume
fringe, which is typically tenths of meters to a few meters thick. The limited length
of the plume restricted the thickness of the fringe and consequently the contribution
of the fringe to total NA as well. However, the fringe dimension seems compara-
ble to other plumes described in literature considering its short plume length (e.g.,
Brun et al., 2002; Frind and Hokkanen, 1987; Mayer et al., 2001).
Summarizing, the plume rose to the surface over a vertical distance of 1 to be-
yond 3 meters in the course of three years. This might be related to excavation
of a large part of the unsaturated zone above the plume. Rising of the plume
triggered proton-buffering including cation sorption, and induced degassing of
methane. Sorption reactions resulted in spatial separation of NH+4 and in partic-
ular Fe(II) and Mn(II) from potential electron-acceptors outside the plume. Con-
sequently, methane oxidation is in potential the most important secondary redox
process at the site, and competes with primary DOC oxidation for available oxi-
dants. Furthermore, methane can disperse further into pristine groundwater than
conservative DOC, because of its volatility. This study shows that degassing of
methane happens and could result in subsequent re-dissolution in above-flowing
pristine groundwater, and thereby increases the importance of methane oxidation
as a process scavenging available electron-acceptors. Methane concentrations be-
tween 0.2–1 mg/l in pristine groundwater, decreasing towards the surface, indicate
that this occurs, while oxidation of the methane is an explanation for the absence
of previously observed nitrate. Degassing may also lead to entrapment of gas bub-
bles in the aquifer, resulting in presence of a stationary gas phase. This reduces
the hydraulic permeability at the fringe and, hence, transversal mixing or further
migration of the plume towards the surface.
Cation-exchange reactions were not incorporated in a model study by Hunter et
al. (1998) who addressed the importance of secondary redox reactions at the down-
stream front of a hypothetical landfill leachate plume. Oxidation of methane, Fe(II)
and Mn(II) was included but oxidation of ammonium was not considered. Anaer-
obic methane oxidation was allowed to happen with sulfate but neither with NO−3
nor iron-oxide as electron-acceptor. Oxidation of metal species and methane con-
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sumed a comparable quantity of oxidants at the fringe. However, Griffioen (1999)
argued that ignoring cation-exchange reactions overestimated the importance of
Fe(II) and also Mn(II) oxidation at the front of the plume. Cation-exchange reac-
tions result in separation of Fe(II) and Mn(II) from oxidants especially when trans-
port is advection instead of dispersion controlled. Results of the present study
show that this indeed occurs, and is the case for ammonium as well. Note that the
type of cation-exchanger present determines the extent of retardation of NH+4 ver-
sus Fe(II) and Mn(II), where illite-type of clay minerals yield high retardation for
NH+4 , while SOM yields high retardation factors for divalent and trivalent metals
(together with H+).
Re-oxidation of dissolved Fe(II) at the outskirts of a plume was proposed by
Christensen et al. (2001) and Heron (1994) as an important secondary redox pro-
cess leading to regeneration of the aquifer oxidation capacity (OXC). This statement
seems in contradiction with the theoretical considerations pointed out by Griffioen
(1999). Furthermore, even if this process happens, it is in essential OXC-neutral.
It would indeed regenerate the contribution of Fe(III)-oxide to the OXC, but at the
expense of oxygen. This must be regarded unfavorable for the degradation of aro-
matic hydrocarbons, which degrade better under aerobic conditions. The idea for
this process was speculated on a few outliers of high Fe(III)-oxide content (about
triple background content) at the outskirts of the Vejen landfill leachate plume in
the study of Heron and Christensen (1995). However, most measurements were
not higher than background. The authors noted that these data could not reveal
whether increased iron oxide content was due to re-precipitation of mobilized Fe(II)
or sediment heterogeneity. A reactive transport model of the Vejen landfill leachate
plume incorporating cation-exchange did not predict re-precipitation of dissolved
Fe(II) at the downstream plume front (Brun et al., 2002).
Reductive dissolution of manganese-oxide by Fe(II) within the plume is another
mechanism which prohibits re-oxidation of Fe(II) at the fringe, and is observed at
the Grindsted landfill (Bjerg et al., 1995). The redox chemistry at the fringe of that
plume was exclusively determined by secondary redox reactions, since DOC was
completely degraded within the plume. Indications for ammonium and methane
oxidation at the plume fringe were found. The observation that the methane front
was enclosed by the ammonium front, suggests that oxidation of methane was pre-
ferred. Manganese concentration was elevated with respect to background in the
plume including the fringe. This points out that Mn-oxide can be regarded as a
fringe-oxidant next to O2 and NO−3 . Elevated Mn
2+ to Fe2+ ratio at the fringe of
the present site supports this. In conclusion, current evidence and theory shows
that the process of re-oxidation of Fe(II) at the fringe of a landfill leachate plume
is less significant than hypothesized by Heron (1994). However, the process could
be general for hydrocarbon pollution plumes, which lack ammonium, contain usu-
ally less or no methane, and where DOC (hydrocarbons) is not conservative and
retards likely more than the Fe(II) formed by iron reduction. Transient flow condi-
tions promote occurrence of this process, especially when Fe(II) is the only available
electron-donor (see Section 6.4.3).
Occurrence of anaerobic methane oxidation (AMO) inside a leachate plume
would lessen the relevance of methane oxidation at the fringe (Griffioen, 1999).
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Anaerobic methane oxidation coupled to sulfate reduction has been observed in
marine environments (Valentine and Reeburgh, 2000), but could thermodynami-
cally be coupled to reduction of iron oxide as well (Hoehler et al., 1994). Stable iso-
tope analysis (SIA) of methane indicated occurrence of AMO presumably coupled
to sulfate reduction inside and at the fringe of a landfill leachate plume (Grossman
et al., 2002). However, the conditions for AMO seem puzzling, as the only available
oxidant, sulfate, was present in very low concentration. In contrast, methane sta-
ble isotope analysis indicated absence of AMO inside the present landfill leachate
plume having a higher availability of electron-acceptors (Chapter 2), and inside a
hydrocarbon plume (Revesz et al., 1995). Degassing attenuated methane slightly
in downstream direction in the present plume (Chapter 5). Degassing may allow
methane oxidation from the top fringe upward to become relevant, where methane
likely re-dissolves from gas bubbles migrating towards the surface.
The relevance of AMO or not is illustrated as follows. A typical landfill leach-
ate methane concentration of 1 mmol/l is capable of consuming 0.35 mmol/l O2
(groundwater in equilibrium with atmosphere at 10 ◦C) together with a consid-
erable nitrate concentration of 1.3 mmol/l. The Fe(II) concentration should be
much higher (8 mmol/l) than generally observed for leachate (up to 1–3 mmol/l)
to have a reduction potential equal to methane. Methane oxidation can be the
most important redox process at the fringe of a leachate plume, if AMO inside the
plume not considerably attenuates methane, sorption-reactions retard dissolved
metals/ammonium, and depth-fluctuation of the fringe is small. Then, methane
can consume all available oxygen and nitrate in pristine groundwater, and thereby
reduces NA at the fringe for other solutes to dilution only.
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SYNTHESIS
In the final chapter of this thesis first a summary and conclusions will be given
of the performed research with special emphasis on the relations between the mi-
crobiology and the hydrogeochemistry. The implications for natural attenuation at
the present site will be evaluated in a subsequent section. The next two sections
discuss the development of redox conditions in landfill leachate plumes, and the
availability of Fe(III) for iron reduction. Subsequently, the perspectives of molecu-
lar microbial ecology research for MNA are discussed. Future research directions
to NA of landfill leachate are presented in Section 7.6. Technical and policy issues
in MNA of landfill leachate pollution are addressed in the final section.
7.1 Biogeochemistry and microbial ecology of the Ban-
isveld landfill leachate plume: summary and con-
clusions
7.1.1 Determination of redox conditions in the aquifer
Redox conditions were determined using several methods: distribution of gas-
eous, soluble and solid redox species, hydrogen gas measurements, and stable iso-
topes (Chapter 2). Hydrogen gas concentrations, supersaturation for siderite and
geochemical modelling (see later) showed that degradation of dissolved organic
carbon inside the plume was coupled to reductive dissolution of iron oxides. This
was mirrored in the strong dominance of iron-reducing members of the family
Geobacteraceae in the plume microbial community (Chapter 4).
No concomitant sulfate reduction or methanogenesis occurred in the plume.
High methane concentrations in the plume have not been produced in the aqui-
fer but inside the landfill body, as evidenced by stable isotope analysis of 13C and
2H of methane. Redox conditions are often assigned assuming subjective criteria
about concentration ranges of redox-sensitive species (Christensen et al., 2000a).
This could easily lead to qualifying the methane-rich zone close to landfills as
methanogenic, while actually it could still be iron-reducing, such as is the case
for the Banisveld landfill. Stable-isotope analysis of sulfur and oxygen isotopes
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in sulfate would be a good method to determine occurrence of sulfate reduction in
landfill leachate plumes.
Calculation of in-situ energies of hydrogen-oxidizing redox reactions has prov-
en to be a good method for qualifying redox conditions. However, caution should
be taken as the present study shows that it can take more than three months time,
before hydrogen concentrations reach steady-state levels, after installation of wells.
This time delay is substantially larger than indicated by Bjerg et al. (1997) for the
Grindsted landfill. If this remains unnoticed, redox conditions will be erroneously
qualified as too reduced and diverse. The non steady-state situation for the first
three months after well installation apparently affected results of community-level
physiological profiling (CLPP) as well (Chapter 3): substrate richness was generally
much higher at that time than one year later. Consequently, differences in CLPP
between pristine and polluted samples were initially not evident, but emerged only
after a longer time interval.
7.1.2 Modelling the downstream change in leachate composition
Geochemical models were constrained to observations in order to determine
quantitatively the full reaction network causing the downstream change in leach-
ate composition. Both inverse geochemical and forward reactive transport mod-
elling were performed using PHREEQC-2 (Parkhurst and Appelo, 1999). A simple
inverse geochemical model, constrained to a few hydrochemical parameters from
one leachate sample in the source and one downstream at the front of the plume,
made plausible which biogeochemical processes occurred inside the plume (Chap-
ter 2). The more sophisticated forward reactive transport model presented in Chap-
ter 5, explained the change in leachate composition for all eight monitoring wells
installed along the longitudinal plume axis. The latter type of model enables pre-
diction of plume evolution.
Modelling showed that secondary geochemical processes were required in the
model to match the observations in addition to simulation of the primary degrada-
tion reaction (DOC degradation coupled to reductive dissolution of Fe-oxides). Sec-
ondary reactions were: kinetically controlled precipitation of calcite and siderite,
cation-exchange including proton-buffering, and degassing of methane. The pres-
ent inverse and forward model show that iron reduction cannot be quantitatively
solved if the secondary processes of siderite precipitation and cation-exchange are
discarded. By contrast, most other models use only dissolved Fe(II) to quantify the
process of iron reduction. Underestimation of the extent of reductive dissolution of
Fe-oxides is the suspected consequence.
The developed reactive transport model is the first that includes a simulation
of the carbon isotope geochemistry in order to verify the biogeochemical reaction
network with stable carbon isotope data. Direct quantification of siderite precip-
itation would be best to constrain iron reduction, but the simulated amounts of
precipitated carbonate minerals were too low to measure. However, simulation of
the hydrochemistry and carbon isotope geochemistry supported occurrence of this
process.
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Rate constants for degradation of DOC coupled to iron reduction and carbon-
ate mineral precipitation were obtained, together with the determination of other
model parameters using the non-linear optimization program PEST. The empirical
rate constant of precipitation of carbonate minerals was low in comparison with
other studies, and is probably caused by absence of these minerals in the pristine
aquifer (i.e., small or negligible carbonate surface area), inhibitory effects of fulvic
acids, and the low temperature compared to other studies. The observed down-
stream decrease in methane concentration is explained by degassing triggered by
elevated CO2 pressures, caused by carbonate precipitation and proton-buffering
at the front of the plume. Gas exsolution is presumably an important NA pro-
cess, but has been little addressed so far. Finally, implicit simulation of a growing
population of (iron-reducing) microorganisms, which has been included in other
modelling studies, would not improve performance of the present model; rather it
would make model predictions less reliable because a larger degree of freedom is
obtained when a larger number of process parameters are fitted.
7.1.3 Biogeochemical processes at the top fringe of the plume
Hydrochemical depth-profiles from multi-level-samplers (MLSs) as presented
in Chapter 6, showed that the plume fringe rose about 1 to more than 3 m towards
the surface in the course of three years (1998-2001). The rise of the leachate plume
seems related to excavation of the upper soil layer, whereby a substantial part of
the unsaturated zone was removed, which could have resulted in increased seep-
age of groundwater and upward flow. Rise of the plume invoked cation-sorption
including proton-buffering on solid organic carbon, which triggered degassing of
methane. Potential oxidation of Fe(II), Mn(II), and NH+4 at the fringe was prohib-
ited by sorption processes, which resulted in spatial separation of these electron-
donors with potential electron-acceptors in pristine groundwater. Degradation of
conservative DOC seemed to take place. However, methane oxidation after de-
gassing from leachate and subsequent dissolution in pristine groundwater prob-
ably consumed most oxidants, and could be the cause for absence of previously
(1998-1999) observed nitrate. Stable isotope analysis of δ13C-CH4 suggests that
methane oxidation occurred at the fringe zone (Chapters 2 and 6).
Archaea communities inside the plume were clearly different from those in pris-
tine groundwater above the plume, while Archaea DNA was not present in suffi-
cient concentration below the plume to obtain a PCR product (Chapter 4). Presence
of a large Archaea community in pristine groundwater above the plume, while it is
lacking below the plume, suggests that these Archaea are involved in the oxidation
of methane escaped from the underlying leachate plume.
7.1.4 Development of redox conditions in the plume
A full sequence of redox zones (e.g., from aerobic to methanogenic) has been ob-
served at many sites polluted with organic compounds (Christensen et al., 2000a;
Christensen et al., 2001), however, not at this site. Oxygen gets consumed close to
the water table without being of use for NA of the plume. Nitrate was observed in
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pristine groundwater above the plume in 1998–1999, while the partial nitrogen gas
pressure and δ15N from NO−3 indicated that denitrification occurred there (Chap-
ter 2). However, the rise of the plume led to methane degassing, while subsequent
dissolution above the plume and oxidation could have been the cause for the later
absence of nitrate in 2001–2002 (Chapter 6). Iron reduction prevailed inside the
plume in agreement with observations at other organic pollution plumes (Chris-
tensen et al., 2000a; Christensen et al., 2001; Lovley and Anderson, 2000).
Sulfate reduction and methanogenesis did not yet happen in the plume. How-
ever, the low content of iron oxide in the sediment is prone to depletion within the
coming decades. This would favor occurrence of sulfate reduction and methano-
genesis near the landfill body. High hydrogen concentrations in and just below the
landfill (Chapter 2) together with a relatively low contribution of Geobacteraceae to
the microbial community close to the source zone (Chapter 4), indicate that the tran-
sition to more reduced conditions could at present take place. In addition, reduced
conditions beneath the landfill are indicated by dominance of strictly anaerobic,
fermentative microorganisms, especially members of the Clostridiaceae.
7.1.5 Microbial ecology of the aquifer
Substrate utilization profiling or CLPP using Eco-Biolog plates (Chapter 3) show-
ed that anaerobic microbial communities in the leachate plume clustered separately
from those in pristine groundwater. Both substrate richness and functional diver-
sity were significantly enhanced for polluted samples, in agreement with a pre-
vious study at the Coupe´polder landfill in the Netherlands (Ro¨ling et al., 2000a).
Dobler et al. (2000) observed in another Biolog study under aerobic conditions
that hydrocarbon-contamination increased metabolic potential, while heavy metals
showed an inhibitory effect on both activity and richness of soil microbial commu-
nities. Both substrate richness and functional diversity did not show a relation with
distance from the landfill, but were quite constant. Higher organic substrate avail-
ability likely contributed to increase in substrate richness and functional diversity
in the plume. Microbial communities in the leachate plume degraded in particu-
lar substrates containing an aromatic nucleus better, and also favored most amino
acids. Better degradation of substrates containing an aromatic ring in the leachate
plume suggests that there could be potential to degrade BTEX and naphthalene at
the site.
Consistent with CLPP, denaturing gradient gel electrophoresis (DGGE) pro-
files of Bacteria and Archaea in groundwater samples revealed a clear difference be-
tween microbial community compositions inside and outside the plume (Chapter
4). The sediment-associated microbial community was different from the commu-
nity present in pore water, and its composition appeared less affected by inflow of
leachate. Bacterial community heterogeneity in the plume was large, but a change
with distance from the landfill was apparent, as samples from the first, middle and
front part of the plume clustered together. So, not only presence of leachate, but
also leachate composition and/or duration of pollution seem to affect the microbial
community structure. Bacterial community structure in non-polluted groundwater
was related to redox condition: iron-reducing or nitrate-reducing.
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Presence of microbial species was established by sequencing cloned 16S rDNA
(Chapter 4). Other classes of bacteria dominated the microbial community in the
leachate plume than pristine groundwater. Metabolic capabilities of identified bac-
teria complied with redox conditions at the site: potential denitrifiers were ob-
served upstream where nitrate reduction happened, while iron-reducing microor-
ganisms dominated inside the iron-reducing plume. Members of the family of
Geobacteraceae made up a large part of the plume microbial community. Geobacter
spp. are the only known iron-reducing, aromatic hydrocarbon-degrading bacteria
(Lovley, 2000), and their presence in this plume increases the chance that mono-
aromatic chemicals become degraded.
Geobacter species were recently observed to synthesize flagella and were chemo-
tactic towards Fe(II) when grown on insoluble Fe(III)-oxide (Childers et al., 2002).
Other iron-reducing species like Shewanella and Geothrix are non-motile under these
conditions, but instead synthesize electron-shuttling compounds to reduce Fe(III)-
oxides. Dominance of Geobacter species over Shewanella and Geothrix species has
been observed in this plume (Chapter 4), as well as in other sedimentary environ-
ments. This suggests that accessing iron oxides in these environments by chemo-
taxis and attachment may be a better adaptive strategy for reductive dissolution of
Fe-oxide than by synthesizing electron shuttles (Childers et al., 2002). From another
perspective, the fact that leachate DOC consists partly of humic acids (Christensen
et al., 1998), which act as natural electron shuttles (Lovley et al., 1998), makes the ca-
pability of synthesizing electron shuttling compounds probably not a competitive
advantage in landfill leachate plumes.
Firm conclusions could already be drawn on microbiological processes and fu-
ture developments by interpreting the spatial distribution of abiotic properties in
the aquifer. Yet, knowledge on the microbial communities present increased in-
sight in microbial processes and strengthened hydrogeochemical interpretations.
Community-level physiological profiling (CLPP) and culture-independent profil-
ing of the community structure were performed, and presence of microbial species
was established. The hypothesis was tested and found accepted, that microbial
community structure and functional diversity are linked with environmental fac-
tors such as redox conditions, and inflow of landfill leachate.
7.2 Natural attenuation potential for the Banisveld land-
fill leachate plume
Degradation coupled to Fe(III) reduction taking place inside the plume is es-
sential for natural attenuation of the Banisveld landfill leachate plume, since NA at
the plume fringe was not significant. Escaped methane from the plume consumed
oxidants in pristine groundwater, while dilution by diffusive and dispersive mix-
ing was limited. Whether the Heiloop stream physically restrains the plume by
drainage, or that the plume migrates further downstream underneath this water
course towards the nature reserve is not clear. However, excavation of the upper
soil layer seems to have triggered the ammonium-rich plume to rise towards the
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surface, and may cause unwanted nutrient enrichment. Therefore, it is urgent to
assess whether upward leachate flow continues.
Occurrence of degradation of BTEX and naphthalene in the leachate plume
could not be ascertained because sorption and spatial or temporal source hetero-
geneity could produce the decreasing concentration profiles as well (Chapter 2).
Laboratory cosms (results not published) were also not able to show potential degra-
dation of aromatic hydrocarbons at this field site, but the inability of laboratory
cosms to reflect the field situation has been generally observed (Ro¨ling and Van
Verseveld, 2002). Recently, biodegradation of aromatic hydrocarbons was unam-
biguously proven at an industrial location using compound-specific isotope analy-
sis (CSIA) of hydrogen and carbon isotopes of benzene and ethylbenzene (Mancini
et al., 2002). Unfortunately, this technique is not (yet) suitable to verify BTEX degra-
dation in landfill leachate plumes, since the detection limit of CSIA is still too high
(δ13C ≈ 300 µg/l; δ2H ≈ 4500 µg/l). However, enhanced degradation of substrates
containing an aromatic nucleus by microbial communities in the plume, as de-
termined in Eco-Biolog plates (Chapter 3), suggests that there could be potential
for degradation of mono-aromatic hydrocarbons. Furthermore, presence of Geobac-
ter spp. increases the chance that mono-aromatic hydrocarbons become degraded
in this plume, because this species is the only known iron-reducing and mono-
aromatic hydrocarbon-degrading bacterium.
However, even if degradation were to occur, degradation potential for these
contaminants probably worsens in the future when the limited pool of iron-oxide
depletes near the landfill. This could happen after a few decades, assuming the
concentration and reactivity of DOC leaving the landfill remains comparable. An
extensive methanogenic zone will then form expanding in downstream direction
following the iron-oxide front, and would probably lead to a downstream extension
of the zone with high concentrations of aromatic hydrocarbons.
One could argue whether ammonium is not a more problematic leachate con-
stituent than organic pollutants for both quality of drinking water and ecology (Er-
skine, 2000). Ammonium is transported non-conservatively due to cation-exchange
(e.g., Ceazan et al., 1989). However, the potential for ammonium oxidation at the
plume fringe is limited because of the cation-exchange induced retardation, and
the likelihood that a considerable part of available oxygen and/or nitrate has been
used for methane-oxidation. This enables ammonium to be transported across con-
siderable distances.
7.3 Development of the redox sequence and associated
degradation potential in landfill leachate plumes
The ability to predict the development of redox processes and associated degrad-
ability of organic contaminants in time and space is essential for addressing the
sustainability of NA. The concept of the redox sequence developing in organic pol-
lution plumes has been depicted in many research papers (e.g., Christensen et al.,
2000a; Christensen et al., 2001; Lovley, 2001). However, the position of a sulfate-
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reducing zone downstream of the methanogenic zone in the literature is wrong. Af-
ter depletion of reactive iron-oxide, sulfate reduction follows and finally methano-
genesis. However, this does not imply that this is also the spatial order towards the
source zone. Sulfate, present upstream or in the source, reduces first, and after de-
pletion, methanogenesis will follow downstream of the sulfate-front, and upstream
from a downstream propagating iron reduction zone. This correct order has been
depicted in Figure 1.1 (Chapter 1). However, conditions in leachate plumes (e.g.,
low sulfate and high DIC concentration) result in small differences in Gibbs free
energy and may cause sulfate reduction and methanogenesis to occur simultane-
ously.
The contribution of aerobic and nitrate-reducing zones to NA of a plume in-
creases with the O2 and NO−3 concentrations in pristine groundwater and the ex-
tent of mixing with the leachate plume. Research at the present site shows that the
transversal mixing zone is very narrow, which is also observed at other locations
(e.g., Brun et al., 2002; Mayer et al., 2001), and oxygen and nitrate concentrations
can be zero or low, limiting the importance of NA at the plume fringe. Furthermore,
secondary redox processes at the fringe considerably limit degradation potential for
mono-aromatic chemicals within the plume. In landfill leachate several reduced
species such as DOC, Fe(II), NH+4 , but especially CH4 will compete with mono-
aromatic chemicals for available oxidants at the plume fringe. However, presence
of reduced species could enhance degradation potential for halogenated hydrocar-
bons in leachate plumes. Absence of significant NA at the plume fringe results in
extensive lateral migration of pollution.
Iron reduction prevails inside landfill leachate plumes and an extensive redox
zone is formed with reasonable degradation potential for aromatic hydrocarbons.
Chapter 5 discusses that iron reduction kinetics in landfill leachate plumes is prob-
ably controlled by content and type of iron-oxide, reactivity and concentration of
DOC, and availability of phosphorous as nutrient for iron-reducing microorgan-
isms. A positive effect of iron-oxide content on the degradation rate of DOC and
aromatic hydrocarbons at iron-reducing conditions was found in a comparison
with three other well described landfill leachate plumes (Vejen and Grindsted in
Denmark, Norman in the U.S.A.).
Absence or depletion of reactive iron-oxides in aquifer sediments has been ob-
served at a few sites (Chapelle et al., 2000; Cozzarelli et al., 2000; Heron et al.,
1994b), and although degradation of aromatic hydrocarbons has been observed to
occur under sulfate-reducing and methanogenic conditions, degradation rates are
often lower (Lovley, 2000; Lovley and Anderson, 2000). Degradation of DOC did
not happen in a landfill leachate plume where only hematite was present and re-
active iron-oxides were apparently lacking (Cozzarelli et al., 2000). Decreased ef-
ficiency of natural attenuation of benzene was observed after iron-oxides and sul-
fate where depleted in an aquifer and methanogenesis became active (Chapelle et
al., 2000). Cozzarelli et al. (2001) observed that after a period when hydrocarbon
concentrations under iron-reducing conditions decreased, a period followed that
hydrocarbons were migrating again as microbial degradation shifted to methano-
genesis as a consequence of iron oxide depletion.
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Iron reduction was also the dominant degradation process at the present site.
But low iron-oxide concentrations are prone to depletion in a couple of decades,
which will shift redox conditions to sulfate reduction and methanogenesis having
less potential for degradation of BTEX and naphthalene. Sulfate concentration in
landfill leachate is generally too low to maintain a degradation potential equal to
iron reduction. Sulfate concentration in leachate was so low at the present site, that
a future sulfate-reducing zone present downstream of the landfill border will be
insignificant. This causes methanogenesis to directly succeed iron reduction in the
plume. Eventually, an extensive methanogenic zone will form in a specific area of
the plume: downstream of, or having overlap with, a restricted sulfate-reducing
zone surrounding the landfill. This methanogenic zone expands in downstream
direction following the iron oxide depletion front.
In order to improve our ability to predict the development of redox conditions
at contaminated sites, more insight is needed on physical mixing processes due to
dispersion and molecular diffusion, competing secondary reactions, reactivity of
iron oxide and DOC, degradation potential at sulfate-reducing and methanogenic
conditions as substitutes for iron-reducing conditions, and the source function of
landfills.
7.4 Availability of Fe(III)-oxide for iron reduction in
leachate plumes
During reductive-dissolution of Fe(III)-oxide minerals, several secondary Fe(II)-
containing minerals may form (Zachara et al., 2002): siderite (FeCO3), magnetite
(Fe(III)2Fe(II)O4), vivianite (Fe3(PO4)28H2O), and green rust (mixed Fe(II)-Fe(III)
mineral of variable composition). Presence of phosphate (absent in Banisveld land-
fill leachate plume) triggers vivianite formation, while green rusts are metastable
to magnetite and siderite (Zachara et al., 2002). Magnetite is a mixed Fe(II)-Fe(III)
mineral, and has been observed to accumulate as an end-product of Fe(III)-oxide
reduction, because of its stability to further microbial iron reduction (Lovley et al.,
1986). For the sustainability of NA it is important to address whether or not mag-
netite formation as a result of iron reduction happens, because then part of Fe(III)
will be sequestered in a form which could be microbially unavailable (Fredrickson
et al., 1998). For instance, two-thirds of the Fe(III) capacity will end up as inacces-
sible for iron reduction if magnetite is the only mineral formed during reductive
dissolution of other Fe(III)oxyhydroxides.
The groundwater composition determines whether siderite or magnetite forms
as secondary mineral during reduction of Fe(III)-oxides (Fredrickson et al., 1998;
Zachara et al., 2002). Siderite and little or none magnetite forms if bicarbonate
concentrations are high (promoting siderite precipitation), and pH is around or be-
low neutral, while pe is low causing undersaturation for magnetite (Zachara et al.,
2002). Otherwise, magnetite will be the stable end product. Magnetite is probably
not an intermediate in siderite formation; rather high bicarbonate concentrations
(18-40 mmol/l) promote siderite formation and could inhibit magnetite formation
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(Zachara et al., 2002). Furthermore, Dong et al. (2000) recently discovered that mag-
netite is bio-reducible if conditions are favorable for siderite formation. Microscopic
evidence showed that then reductive-dissolution of magnetite and precipitation of
siderite happens.
Field evidence on formation of magnetite during iron reduction in organic car-
bon pollution plumes is limited. Scanning electron microscopy (SEM) showed that
primarily ferroan calcite and little magnetite precipitated in the Bemidji hydrocar-
bon plume having a high DIC concentration (Baedecker et al., 1992). Good meth-
ods to quantify siderite and magnetite do not exist. However, absence of magnetite
can be established using a 5M HCl extraction, as this method extracted 78 % of
the magnetite from a pure magnetite sample (Heron et al., 1994b). Consequently,
formation of magnetite seems not important in the Vejen landfill leachate plume,
because Fe(III) extracted with a 5M HCl extraction decreased and not increased to-
wards the landfill (Heron et al., 1994b). The Banisveld landfill leachate plume is
more supersaturated for siderite than for magnetite, indicating that siderite is the
more stable Fe(II)-mineral in the plume. In contrast, geochemical transport mod-
elling of a petroleum hydrocarbon plume, which was undersaturated for siderite
due to a low DIC concentration, showed that magnetite formation during goethite
reduction explained observations best, and consequently a significant part of Fe(III)
was sequestered in a non-reducible form (Prommer et al., 1999).
However, even in the case that solely siderite and no magnetite forms, part of
Fe(III) may end up as inaccessible, when precipitation of siderite coats the iron-
oxide and thereby blocks access to surface sites (Liu et al., 2001b). Still, the extent
to which iron-oxide minerals become coated by precipitation of secondary Fe(II)-
minerals has yet to be established. Liu et al. (2001b) showed in a lab experiment on
iron reduction that a significant fraction of formed siderite was not associated with
goethite as surface precipitate. In conclusion, the Fe(III)-reducing capacity of an
aquifer will probably be nearly fully available for NA of a landfill leachate plume
because leachate composition (high DIC) promotes siderite instead of magnetite
formation. In contrast, magnetite formation due to low DIC concentrations may
limit the availability of Fe(III) in hydrocarbon plumes (e.g., Prommer et al., 1999).
7.5 Molecular microbial ecology research: perspectives
for MNA
A typical geochemist attitude on addressing subsurface microbiological pro-
cesses is that deducing them from spatial hydrogeochemical patterns will suffice,
while a typical conviction is that kinetics of microbial processes can be formulated
using solely abiotic factors. No necessity is felt for obtaining microbial informa-
tion. Hydrogeochemical data indeed reflect the result of microbial processes, but
still form factually indirect evidence for microbial metabolism. Measurements of
microbial properties providing a direct proof of occurrence of microbial degrada-
tion would strongly increase public confidence in NA, and would be superior to
methods constituting ”lines of evidence”. Effectiveness of degradation processes
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varies among sites or even within an aquifer (Lovley, 2001). Presence of specific mi-
croorganisms will determine occurrence of benzene degradation at iron-reducing
conditions, while environmental variables are not predictive (Rooney-Varga et al.,
1999). This example illustrates that kinetics of degradation cannot be described in a
mechanistic way using solely abiotic factors, and thorough knowledge on subsur-
face microbial communities is needed in order to predict potential for degradation
in detail.
This thesis shows that establishing the occurrence and sustainability of degrada-
tion of organic pollutants at an individual site is a complicated, time-, and resource-
consuming task. Biological and hydrogeochemical properties should be identified
that are discriminating for predicting the degradability of specific organic contam-
inants at individual sites. This would lower the overall cost of dealing with the
problem of groundwater pollution. The obvious approach would be to archive
world-wide information regarding presence and activity of microbial communi-
ties related to environmental variables (redox conditions, concentration electron-
acceptors, availability nutrients and substrate, etc), and extent of degradation (Ro¨-
ling and Van Verseveld, 2002).
Considerable progress is currently being made in the field of molecular mi-
crobial ecology on obtaining information from microbial communities in the en-
vironment. Overviews of existing and promising molecular methods, their appli-
cations and pitfalls have been discussed (Madsen, 2000; Newman and Banfield,
2002; Ro¨ling and Van Verseveld, 2002). In this thesis information on subsurface
microbiology was obtained by physiological and phylogenetic profiling methods
and the species composition of the microbial communities present in groundwa-
ter was determined. Artificial neural networks (ANNs) could be used to find, for
example, bands in fingerprints of the microbial community structure or presence
of specific species that indicate potential for contaminant degradation (Ro¨ling and
Van Verseveld, 2002).
However, presence of microorganisms is not necessarily synonymous with meta-
bolic activity. On the contrary, information on gene expression is directly com-
patible with metabolic potential/activity. It is possible to determine which genes
are involved in degradation processes, as anaerobic microorganisms involved in
some important bioremediation processes are closely related to existing pure cul-
tures that are able to perform these processes in the laboratory and whose genomes
are available (Lovley, 2001). Currently, the entire genome for the two most impor-
tant iron-reducing microorganisms Geobacter and Shewanella is being sequenced,
which will lead to new insight into the genes involved in metal reduction, and is of
importance for development of bioremediation strategies (Nealson and Cox, 2002).
Probes can be developed which target functional genes encoding for any metabolic
activity like degradation and respiration to evaluate potential for occurrence of bio-
chemical processes, whereas detection of mRNA transcribed from functional genes
relates to metabolic activity (Newman and Banfield, 2002).
As stated by Bakermans and Madsen (2002), one of the longstanding goals in en-
vironmental microbiology is to simultaneously ascertain the identity, activity, and
biogeochemical impact of individual microorganisms in-situ. They made progress
towards this goal by developing a fluorescent in situ hybridization with tyramide
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signal amplification (FISH-TSA) method, and applied it to the detection of naph-
thalene dioxygenase mRNA transcripts from bacteria in groundwater samples from
a coal tar waste-contaminated site. A further step would be to predict in-situ bio-
chemical reaction rates from signal intensity, if calibration is possible in pure culture
studies. This method bypasses incubation- and/or sampling-induced alteration
in metabolic activity of microbial communities present in environmental samples.
Beller et al. (2002) recently quantified hydrocarbon-degrading bacteria using a real-
time PCR method targeting a catabolic gene associated with anaerobic toluene and
xylene degradation.
DNA microarray technology simultaneously monitors gene expression for many
messenger RNAs (mRNAs) in a sample, but application is at present limited to
the study of simple systems (Newman and Banfield, 2002; Ro¨ling and Van Verse-
veld, 2002). Newman and Banfield (2002) presented a view on ”genome-enabled
ecosystem modelling” aiming at identifying the networks that govern simple bio-
geochemical systems and how they change over time. In this approach the en-
vironmental biogeochemistry, the microbial community, the species composition,
and the metabolic activity measured using microarrays, should be determined in
an iterative cycle.
An associated development in microbiology is the comeback of the research
field of recombinant microbes for cleaning-up pollution (Zwillich, 2000). The like-
lihood for success is expected to be much higher than three decades ago, since mi-
crobes are used which thrive naturally at contaminated sites instead of lab organ-
isms and environmental conditions are taken more into account. However, strict
regulations have limited the use of recombinant microbes in the field to only one –
a Pseudomonas species that fluoresces when it contacts naphthalene.
Degradation potential for various groundwater contaminants (e.g., BTEX, tri-
chloroethylene, NO−3 ) can be assessed to some extent using solely abiotic param-
eters. However, the properties of microbial communities (e.g., presence of species
and activity of genes) may be decisive for evaluating degradation potential under
less benign conditions and for less common contaminants. Smets et al. (2002) put
forward another issue related to NA sustainability: evolution could change micro-
bial community physiology over the time period needed for MNA. This change
can be positive, resulting in new or better metabolic activities (Van der Meer et al.,
1998), or negative when degradation pathways for specific contaminants cease to
exist. Increased knowledge on genes encoding biochemical degradation pathways
should enable a simultaneous screening of the degradation potential for various
contaminants.
7.6 Directions for future research to natural attenua-
tion of landfill leachate
Scientific research on NA needs to address in particular aspects associated with
sustainability in order to implement cost-effective and successful MNA. Degrad-
ability of poorly understood organic contaminants like the fuel oxygenate MTBE
115
Chapter 7
and heterogeneity of the subsurface are other research issues put forward (Bekins
et al., 2001). A continued development of 2D or 3D geochemical transport models
including simulation of isotope geochemistry is essential to consider NA sustain-
ability, assess uncertainty, and to guide new data needs. Studies to the research
themes indicated below should be performed to improve weak aspects of current
models.
First, knowledge on the leachate source flux is limited. Data collection and
model formulation on change in leachate composition and leachate DOC reactivity
in time would improve evaluation of NA sustainability at landfill sites. Second,
detailed field studies to natural attenuation at the fringe of plumes should increase
the understanding of physical mixing, and indicate the potential and kinetics of sec-
ondary redox processes induced by mixing. Third, improvement in understanding
iron reduction kinetics in aquifers is essential as this process controls degradation
inside organic pollution plumes to a large extent. Therefore, further biogeochem-
ical research is needed to determine the reactivity of iron oxides and organic car-
bon (leachate DOC, sedimentary organic carbon, etc), and for obtaining essential
information on microbial communities involved. Laboratory and field studies in
combination with the application of metabolic and ecological control analysis (e.g.,
Ro¨ling and Van Verseveld, 2002) to these ecological systems will improve the pre-
diction of iron reduction kinetics. The control of the following factors should be
determined: content and reactivity of iron oxide, concentration and reactivity of
organic carbon, availability of nutrients and microbial abundance, replicative po-
tential and community structure. Finally, the kinetics and associated degradation
potential of sulfate reduction and methanogenesis for aquifers depleted with iron-
oxide needs more consideration.
A continuing development of measurement techniques would improve our un-
derstanding and would reduce the uncertainty on NA performance. Application
of novel molecular microbial ecology techniques holds much promise (see Section
7.5). Decreasing the detection limit of component-specific isotope analysis (CSIA)
down to 1 µg/l makes application possible for assessing the occurrence of degrada-
tion for a wide variety of organic compounds in landfill leachate plumes. Develop-
ment of a technique to quantify low siderite contents would make it possible to use
precipitated siderite as a cumulative process variable for iron reduction, since for-
mation of other Fe(II)-minerals like magnetite seems of less importance in landfill
leachate plumes (see Section 7.4). Currently, no good method exists for measure-
ment of siderite (Christensen et al., 2000a). However, thermal gravimetric analysis
(TGA) holds promise for quantification of siderite at low contents (Hartog et al.,
2002).
Groundwater dating is of importance for determining the advective velocity
of landfill leachate plumes. Unfortunately, many tools are not applicable to date
the age of landfill leachate. Potential degassing of 3He and SF6 in plumes makes
3H/3He and SF6 dating impossible, while age dating using chlorofluorocarbons is
unreliable because these compounds are susceptible to decay under the anaerobic
conditions in plumes. This leaves 85Kr as the most expensive but only alternative
dating tool (Jonker et al., 2002). However, direct measurement of 85Kr atoms with
a laser-based mass spectrometric technique (resonance-ionization mass spectrome-
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try; RIMS), rather than counting the decay of the 85Kr atoms, reduces the required
sample size from the ≈ 200+ liters required by the best low-level decay-counting
methods to 10 liters, or less (pers. comm. N. Thonnard). Thonnard and coworkers
from the University of Tennessee currently develop this technique, which would
make 85Kr a much more attractive and affordable groundwater dating tool.
Finally, single-well, ”push-pull” tests have proven valuable to obtain rate con-
stants on in-situ microbial metabolic activities in aquifers (Istok et al., 1997). The
method is based on a pulse-type of injection (”push”) of a test solution into an
aquifer via the screen of a monitoring well, followed, after an incubation period,
by the extraction (”pull”) of the test-solution/groundwater mixture from the well.
The test solution contains a conservative tracer (e.g., Br−) and one or more reactive
solutes to investigate specific microbial activities. Rates are computed from break-
through curves of solutes measured in extracted groundwater. Push-pull tests have
been used to determine rates of oxygen-consumption, denitrification, and sulfate
reduction (Istok et al., 1997), carbon source degradation (Kleikemper et al., 2002),
enzymatic reactions (β-glucosidase activity; Istok et al., 2001), and toluene/xylene
degradation (Reusser et al., 2002). Injection of hydrogen gas and measuring its con-
sumption appeared a useful test to assess subsurface metabolic activity, and is the
only push-pull test performed so far in a landfill leachate plume (Smith et al., 2002).
Application of isotope techniques increased the capabilities of push-pull tests.
Denitrification was better determined using isotope-labeling of nitrate and quan-
tification of the mass of denitrification gasses (Addy et al., 2002). Measurement of
δ34S-SO2−4 aided in determining sulfate reduction rates (Kleikemper et al., 2002).
Isotope-labeling of substrate in combination with measurement of 13C incorpora-
tion in dissolved inorganic carbon and phospholipid-derived fatty acids (PLFA)
enabled determination of the type of microorganisms active (Pombo et al., 2002).
Finally, conservative rates on toluene and xylene degradation were obtained via
addition of deuterium-labeled surrogates and measurement of the formed deuter-
ated metabolites (Reusser et al., 2002). The push-pull test seems a promising tech-
nique in NA research on landfill leachate plumes. Potential applications could be:
evaluation of BTEX degradation, obtaining rates on sulfate- and nitrate reduction,
evaluation of sulfate or nitrate addition on stimulation of degradation in plumes,
and demonstration of methane oxidation in pristine groundwater at the fringe.
7.7 Current needs in MNA as remediation strategy for
landfill leachate plumes
In this final section recommendations are given on the technical aspects of MNA
of landfill leachate plumes. Furthermore, some deficiencies are noticed in the Dutch
environmental policy and its consequences for landfill leachate pollution will be
discussed.
The practical issue of design of long-term monitoring networks to verify that
NA is working as expected, is still unsolved (Bekins et al., 2001). Application of
monitored natural attenuation (MNA) can be accepted as a remediation option
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in the Netherlands, if calculations show that a stationary plume will be reached
within a time frame of 30 years (Doorstart-A5, 2001). Reactive transport modelling
is therefore of utmost importance for implementation of MNA. These models pre-
dict the development in plume hydrochemistry in time and space, including the
time frame within a stable end-situation is reached. Consequently, these models
should also guide in deciding which variables should be measured, at what loca-
tions and when, to verify the model predictions. The budget available for moni-
toring can in this way be better allocated, which would lead to more cost-effective
MNA. The most diagnostic monitoring locations are those where significant con-
centration changes in hydrochemical variables are predicted. These locations are
typically present somewhat downstream of reaction fronts. Diagnostic locations
and overall associated variables would be:
• Front of the plume: measurement of conservative leachate indicators (e.g.,
Cl−, Br−) to verify continuing spreading of leachate.
• Potassium and ammonium fronts, which keep migrating in time in the plume
core.
• Individual fronts of contaminants, which need to be remediated.
• Degradation curve of dissolved organic carbon (DOC), which reflects the con-
tinuation of DOC degradation and governing redox processes.
• Iron-oxide depletion front, where the transition from iron reduction to sulfate
reduction/methanogenesis could be monitored using hydrogen-gas analysis,
redox-species (Fe(II), SO2−4 , CH4), and isotope techniques (δ
34S of SO2−4 , and
δ2H and δ13C of CH4). Concentrations of organic contaminants should be
measured, when the redox condition changes, to verify whether degradation
potential has been deteriorated.
Landfill leachate contains a range of solutes often present in concentrations
above the EU norm for drinking water (Table 7.1). Spreading landfill leachate de-
teriorates the quality of groundwater as a source for drinking water (e.g., organic
pollutants), and threatens nearby nature areas (e.g., NH+4 , salts). Remarkably, in-
tervention values for organic pollutants are considerably higher than the EU norms
for drinking water (Table 7.1). The intervention value is the concentration norm for
a contaminant at which groundwater is considered polluted, additional research
to the urgency of the pollution should be performed, and the perpetrator is held
responsible, if pollution occurred after 1975, according to the Dutch Act on Soil
Conservation. Furthermore, no corporation can be held responsible for pollution
of groundwater with ammonium, as intervention values have not been formulated
for macro parameters. However, ammonium is usually the leachate component
with greatest impact on both the ecology and quality of drinking water (Erskine,
2000).
The current Dutch policy results in the unsatisfactorily situation that spreading
of landfill leachate is in reality legitimate, since intervention values are generally
not exceeded or are not existing (Table 7.1), although economic activities (drinking
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water winning) and environmental health could be impaired. However, in the case
economic activities are at stake, this situation will be in conflict with the principle
of ”functie-gericht saneren” (land-use function oriented remediation), which is in
practice operative since a few years in the Netherlands (Griffioen, 2002). Griffioen
(2002) argues that drinking water norms should apply for that part of the subsur-
face that is within the withdrawal area of groundwater abstractions. The environ-
mental problem of aquifer pollution with landfill leachate needs to be taken more
seriously into consideration. Einarson and Mackay (2001) argued that the quality
of water abstracted can still fulfill drinking water norms in case of groundwater
pollution, if blending of plumes with clean groundwater simultaneously captured
and extracted by wells happens. For that reason, however, some level of pollution
should not be allowed locally in aquifers, since dilution, as sole NA mechanism, is
not accepted in the Netherlands.
Table 7.1: Leachate compositions observed and quality criteria
Parameter Drinkinga Targetb Interventionb DKc USAd UKe NLf Banisveld
water norm value value landfill
Hardness (mmol/l) 2.5 ≈9 ≈14 ≈8 ≈14
Na+ (mg/l) 150 210 700 306 183
K+ (mg/l) 12 140 780 255 235
Fe2+ (mg/l) 0.2 76 540 12 45+
Mn2+ (mg/l) 0.05 3.5 27 0.5
NH+
4
(mg/l) 0.2 110 800 64 360
P (mg/l) 1.5 2.2
Cl− (mg/l) 150 100 360 2000 378 260
SO2−
4
(mg/l) 150 150 70 8 <3
BTEX (µg/l) 29
Benzene (µg/l) 1 0.2 30 22 123 5–33
Ethylbenzene (µg/l) 1 4 150 38 110 0–53
Toluene (µg/l) 1 7 1000 210 417 0.2–0.7
Xylene (µg/l) 1 0.2 70 30 461 1–120
Naphthalene (µg/l) 0.1 0.01 70 34 0–31
a Waterleidingbesluit, 2001.
b Interventiewaarden, 2000.
c Kjeldsen and Christophersen, 2001. Denmark, average of 43 landfills.
d Krug and Ham, 1997. Wisconsin, USA, average of 13 landfills.
e Erskine, 2000. UK.
f IPO, 2002. The Netherlands, average of 80 landfills
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Natural attenuation van vuilstort perkolaat: een gecombineerde
biogeochemische proces analyse en microbie¨le ecologie benader-
ing
Sanering van verontreinigde locaties met conventionele technieken zoals het af-
graven van grond in combinatie met reiniging of gecontroleerde opslag, oppom-
pen van grondwater en zuivering, of het isoleren van vervuiling, zijn duur en
vaak weinig effectief. De gehele saneringsoperatie loopt daardoor aanzienlijke ver-
traging op. Dit belemmert landinrichtingsplannen en heeft verdere verspreiding
van vervuiling naar het grondwater tot gevolg. Onderzoek heeft aangetoond dat
vele soorten organische verontreinigingen onder specifieke omstandigheden biolo-
gisch afbreekbaar zijn. De afbreekbaarheid is sterk gerelateerd aan de redox con-
dities (aeroob, denitrificerend, ijzer-/mangaan-reducerend, sulfaat-reducerend of
methanogeen). Afbraak door micro-organismen in combinatie met processen zoals
verdunning en sorptie aan bodemdeeltjes leidt tot een afname van concentratie in
de stromingsrichting van het grondwater. Dit verschijnsel wordt ”natural attenua-
tion”(letterlijk: natuurlijke afneming) genoemd. Natural attenuation (NA) kan na
verloop van tijd tot een evenwichtssituatie leiden waardoor verdere verspreiding
niet plaatsvindt. Indien NA voldoende sterk is en een ontstane evenwichtssitua-
tie toelaatbaar is, kan dit een aanzienlijke reductie in saneringskosten opleveren
(geschat op enkele miljarden
 
voor de 3800 voormalige vuilstorten in Nederland).
De kennis over NA is echter nog te beperkt om met enige zekerheid de ontwikkel-
ing van een pluim van grondwaterverontreiniging te kunnen voorspellen. Het in
de gaten houden van een pluim door middel van monitoring blijft dan ook noodza-
kelijk.
Dit proefschrift heeft als doel om de kennis over NA van vuilstort perkolaat
pluimen te vergroten. Hiertoe is een combinatie van biogeochemische proces ana-
lyse en microbieel ecologisch onderzoek uitgevoerd bij de voormalige Banisveld
vuilstort, nabij Boxtel in Noord-Brabant, in de periode 1998-2002. Vuilstort perko-
laat water ontstaat doordat stoffen uit de stort oplossen in infiltrerend regenwater.
Het lekken van perkolaat water uit de stort leidt tot de vorming van een perko-
laat pluim in het grondwater. Perkolaat water bevat hoge concentraties organ-
isch koolstof (TOC), inorganisch koolstof, ammonium en methaan ten gevolge van
biologische afbraak van organisch materiaal in de stort, alsmede zouten en mo-
gelijk een cocktail van organische microverontreinigingen (voornamelijk benzeen,
tolueen, ethylbenzeen, xyleen (BTEX) en naftaleen). Een verbeterde kennis over
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de (duurzaamheid van) biogeochemische (afbraak) processen, de snelheidsbepal-
ende factoren, en de betrokken micro-organismen is nodig om de ontwikkeling van
perkolaat pluimen te kunnen voorspellen en om te kunnen beoordelen of NA een
geschikte saneringsoptie kan zijn voor nazorg van voormalige vuilstortplaatsen.
In hoofdstuk 2 worden de biogeochemische processen onderzocht die resulteer-
den in een stroomafwaartse verbetering in samenstelling van de vuilstort perkolaat
pluim. De geofysische technieken EM-34 en geleidbaarheid sonderingen werden
toegepast om de pluim te kunnen uitkarteren en monstername te optimaliseren. Di-
verse metingen zijn verricht (waterstof-gas concentraties en de concentraties en sta-
biele isotopen van oxidanten en reductanten) om de redox condities in de pluim te
kunnen bepalen. Afbraak van TOC bleek gekoppeld te zijn aan microbie¨le reductie
van ijzer-oxiden. Dit wordt weerspiegeld in de dominantie van ijzer-reducerende
micro-organismen van de familie Geobacteraceae in de pluim (hoofdstuk 4). Stabiele
isotopen analyse bevestigde dat methanogenese niet optreedt in de pluim, maar
dat methaan afkomstig is uit de stort.
De microbie¨le ecologie van de aquifer is met verschillende technieken onder-
zocht: microbie¨le gemeenschaps analyse op basis van fysiologische respons in ECO-
Biolog platen (in vervolg CLPP genoemd, ofwel Community Level Physiological
Profiling) in hoofdstuk 3 en PCR-DGGE (Polymerase Ketting Reactie - Denatur-
ing Gradie¨nt Gel Electroforese; DNA profielen) gericht op 16S ribosomale RNA
genen, om de diversiteit van de microbie¨le gemeenschappen zichtbaar te maken in
hoofdstuk 4. Van een drietal locaties is de base volgorde van gekloneerd 16S rDNA
bepaald (sequencing) om te kunnen vaststellen welke micro-organismen in het
grondwater aanwezig waren. Zowel CLPP als PCR-DGGE profielen van Bacteria
en Archaea waren duidelijk verschillend binnen en buiten de pluim. De metaboli-
sche potentie gemeten met CLPP was hoger in de pluim dan in onvervuild grond-
water. De gemeenschapsstructuur in de pluim bleek in stroomafwaartse richting
enigszins te veranderen, hoewel de variatie groot was. De verhoogde metabolische
potentie gemeten met CLPP bleef echter gelijk. De met sediment geassocieerde ge-
meenschapsstructuur was verschillend van die in grondwater en minder beı¨nvloed
door het perkolaat. Schoon en onvervuild grondwater worden door verschillende
Bacteria klassen gedomineerd. Metabole eigenschappen zijn in overeenstemming
met redox condities: potentieel denitrificerende bacterie¨n in schoon nitraat bevat-
tend grondwater stroomopwaarts van de stort, ijzer-reducerende bacterie¨n van de
Geobacteraceae familie in de pluim van vervuiling.
In hoofdstuk 2, 5 en 6 worden modellen - gemaakt met de PHREEQC code
- toegepast om het biogeochemische reactie netwerk te kunnen ontrafelen en te
kwantificeren. Een eenvoudig invers geochemisch model, gekalibreerd op de perko-
laat samenstelling aan de bron en het front van de pluim, bevestigde de domi-
nantie van ijzer-reductie (hoofdstuk 2). In hoofdstuk 5 wordt een complexer re-
actief transport model gebruikt om de hydrogeochemische veranderingen in de
stromingsrichting te simuleren. Verscheidende secondaire geochemische processen
blijken zich af te spelen: kinetische neerslag van calciet en sideriet, cation-uitwissel-
ing, proton-buffering en ontgassing van methaan. Neerslag van sideriet maskeert
het optreden van ijzer-reductie. De Fe(II) concentratie is daardoor weinig diag-
nostisch voor ijzer reductie. Model parameters werden geoptimaliseerd door mid-
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del van kalibratie met het niet-lineaire optimalisatie programma PEST. De snel-
heid van sideriet en calciet precipitatie was laag en dit is vermoedelijk een gevolg
van afwezigheid van deze mineralen in de onvervuilde aquifer, inhibitie door ful-
vozuren in perkolaat en de lage temperatuur van grondwater. Modelleren van
de koolstof-13 isotopen geochemie kon het reactienetwerk onafhankelijk bevesti-
gen. Het expliciet modelleren van populatie groei van ijzer-reducerende micro-
organismen blijkt in dit geval niet nodig te zijn; het kan de betrouwbaarheid van
model voorspellingen verminderen.
NA processen op de pluimrand werden onderzocht in hoofdstuk 6. Voorheen
is nauwelijks onderzoek verricht naar de potentie en affiniteit van reductanten in
perkolaat zoals Fe(II), Mn(II), ammonium en methaan, om oxidanten aanwezig in
schoon water op de pluimrand te consumeren, waardoor afbraak van organische
verontreinigingen belemmerd wordt. Deze kennis is essentieel voor het modelleren
en voorspellen van NA. De oxidant nitraat was aanwezig in het onvervuilde grond-
water boven de pluim aan het begin van het onderzoek in 1998. De pluim bleek
enkele meters gestegen te zijn in de periode 1998-2001, mogelijk als indirect gevolg
van afgravingen ten behoeve van natuurontwikkeling in het gebied. Oxidatie van
de reductanten Fe(II), Mn(II) en ammonium werd uitgesloten doordat sorptie re-
sulteerde in een ruimtelijke scheiding met mogelijke oxidanten buiten de pluim.
Niet-sorberend TOC lijkt wel af te breken. Anae¨robe oxidatie van methaan - ont-
gast uit de stijgende pluim (tengevolge van een afname van hydrostatische druk)
en heropgelost in onvervuild water daarboven - lijkt het nitraat nog aanwezig in
1998 te hebben verbruikt. Consumptie van oxidanten door vervluchtigd methaan
uit de pluim en een beperkte menging met schoon water resulteren in een lage NA
op de pluimrand.
Afbraak van specifieke mono-aromatische koolwaterstoffen (BTEX) en naftaleen
kon niet onomstotelijk worden vastgesteld op deze locatie. Dit lijkt wel aannemelijk:
Geobacter species zijn aanwezig - de enige bekende ijzer-reducerende bacterie¨n die
mono-aromatische koolwaterstoffen kunnen afbreken - en CLPP toonde aan dat
substraten met een aromatische ring beter werden omgezet in de pluim. Ontwikke-
lingen in de moleculaire microbiologie zullen leiden tot methoden om direct de
metabolische activiteit van micro-organismen te kunnen bepalen. Afbraak van
TOC bleek gekoppeld te zijn aan reductie van ijzer oxide in de pluim. Dit redox
proces wordt in het algemeen in pluimen van organische verontreiniging waar-
genomen. De afbreekbaarheid van BTEX blijkt op andere locaties aanzienlijk af
te nemen indien ijzer oxide opraakt en redox condities sulfaat-reducerend en/of
methanogeen worden. De snelheid van ijzer-reductie lijkt ook af te nemen met
het gehalte aan beschikbaar ijzer-oxide in een vergelijking met andere studies. Het
wordt aanbevolen om verder onderzoek uit te voeren naar de volgende aspecten
om de ontwikkeling van vuilstort perkolaat pluimen beter te kunnen voorspellen:
hydrodynamische- en redox processen op pluimranden, kinetiek van ijzer-reductie,
de afbreekbaarheid van BTEX onder methanogene en sulfaat-reducerende condi-
ties, en de nalevering van vuilstorten.
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Waar is het allemaal begonnen? Zes jaar geleden werd ik gevraagd om na mijn
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dragen. Tenslotte ben ik het bestuur van de Faculteit der Aard- en Levensweten-
schappen dankbaar voor de verlenging van mijn contract en de aanstelling tot uni-
versitair docent sinds Maart 2003.
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Jasper Griffioen. Jasper heeft het geochemische gedeelte van het onderzoek met
veel interesse begeleid en heeft mij goed geholpen met de artikelen waarop hoofd-
stukken 2, 5 en 6 zijn gebaseerd. Ook Koos Groen wil ik bedanken voor het man-
agement van de NOBIS en SKB projecten, de hulp bij het opstellen van onderzoek-
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uitvoeren. Veldwerk spullen heb ik in hun boerderij kunnen opslaan. Ook bedankt
voor hulp met de trekker!
Het geochemisch modelleren neemt een centrale plaats in mijn proefschrift. Dit
heb ik geleerd van Toni Appelo tijdens mijn afstudeerstage bij Gemeentewaterlei-
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De volgende personen hebben mij geholpen met laboratorium-analyses, veld-
werk en/of het maken van instrumenten: Hetty Scha¨fer, Pieter Vroon, Martin Kon-
ert, Bert Kers en Harro Meijer (CIO, Groningen), Richard Elgood en Bob Drimmie
(University of Waterloo, Canada), Rik Zoomer, Johan de Lange, Jan Vink, Hans
Bakker en Harry Visch. Niek van Harlingen en Michel Groen: bedankt voor jullie
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